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Preface

The Birds and Habitats Directive ensure the conservation of a wide range of rare, threatened or
endemic animal and plant species as well as characteristic habitat types in Europe. In reporting both
directives use ‘distance to target’ measures regarding conservation status. The Habitats Directive
considers explicit favourable reference values while the Birds Directive requires to maintain bird
populations at a level which corresponds to their ecological, scientific and cultural requirements.
This report presents examples of setting favourable reference values following the methodology of the
accompanying Technical report and in agreement with the Explanatory Notes and Guidelines for
reporting under Article 17 of the Habitats Directive for the period 2013–2018
(http://cdr.eionet.europa.eu/help/habitats_art17).
The study was commissioned by the EC under the service contract ‘Defining and applying the concept
of favourable reference values for species and habitats under the EU Birds and Habitats Directives’
(Service contract No. 07.0202/2015/715107/SER/ENV.B.3).
The work was followed and reviewed by the Ad hoc group on ‘favourable reference values’ of the
Expert Group on Reporting under the Nature Directives, and supported the general objective of the ad
hoc group (chaired by EEA), namely to improve the guidance related to the setting and reporting of
favourable reference values under the nature reporting, and contribute to further harmonise
approaches between Member States.
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1

Cetaceans

Peter G.H. Evans

1.1

Common bottlenose dolphin (Tursiops truncatus) in
the European Atlantic

Step 1.1 - Biology of the species
The common bottlenose dolphin (Tursiops truncatus) is one of the most widely distributed members of
the family Delphinidae, which comprises 38 species of dolphins including larger species such as longfinned pilot whale and killer whale. Bottlenose dolphins are social animals, forming groups that at
times may number in the tens or hundreds, although normally they live in smaller sub-groups, often
referred to as a fission-fusion society with individuals associating with one another for varying lengths
of time. Individuals commonly cooperate with one another in activities including babysitting and
coordinated hunting. Adult females and young preferentially associate with other female-young pairs
whilst in some regions adult males have been reported forming stable alliances with other males.
Males reach sexual maturity at around 10-15 years of age, and females rather earlier, at 5-13 years.
Age at sexual maturity can vary between regions and within a region, between individuals. Males may
reach >20 years before attaining actual breeding status. On reaching sexual maturity, females
typically give birth to a single calf every three years although this too can vary from 2-8 years even
within the same population. Males may live to 40-45 years and females to c. 50 years. Generation
length has been estimated at 20.6 years (21.1 years in populations at a stable state). Bottlenose
dolphins have catholic diets including pelagic, demersal or benthic fish, although tending to reflect the
habitat in which groups are living. More detailed accounts of the biology of the species can be found in
Wells et al. (1987), Wells & Scott (1989), Connor et al. (2000), Reynolds et al. (2000), and Wells &
Scott (2009).
Step 1.2 - Spatial scale of functioning
The common bottlenose dolphin has a worldwide distribution in tropical and temperate seas of both
hemispheres. In the North Atlantic, it occurs from Nova Scotia in the west and the Faroe Islands in the
east (occasionally as far north as northern Norway and Svalbard), southwards to the Equator. The
species also occurs throughout the Mediterranean and in the Black Sea. It is largely absent from the
eastern North Sea, Inner Danish Waters and the Baltic (Reid et al. 2003).
In many parts of the world, a coastal bottlenose dolphin ecotype has been distinguished from an
offshore one, each having different ecologies, food preferences and movement patterns (Walker 1981,
Mead & Potter 1995, Curry & Smith 1998, Hoelzel et al. 1998, Perrin et al. 2011). Within these
ecotypes there may be further population sub-structuring leading to separate stocks or management
units. The definition of a management unit is a demographically independent biological population
(Palsbøll et al. 2007, Evans & Teilmann 2009, NOAA 2016). It is usually based upon a variety of lines
of evidence including genetics, morphometrics, distribution and movements (i.e. connectivity), and life
history parameters.
While high mobility of the species facilitates interaction and gene flow over large distances (Hoelzel
1998, Querouil et al. 2007), bottlenose dolphins can also display fine-scale genetic population
structure resulting from localised adaptations over small spatial scales (Ansmann et al. 2012). Genetic
differentiation between neighbouring populations regularly occurs and may be related to habitat
borders (Natoli et al. 2005, Bilgmann et al. 2007, Wiszniewski et al., 2009), sex-biased linked
dispersal (Möller et al., 2004; Bilgmann et al., 2007; Wiszniewski et al. 2010), niche specialisation
(Louis et al. 2014a), anthropogenic activities (Chilvers & Corkeron 2001), and through isolation by
distance without apparent boundaries separating populations (Krützen et al. 2004, Rosel et al. 2009).
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Consequently, bottlenose dolphins tend to be subdivided into small discrete coastal populations
residing relatively close to shore and a much larger wide-ranging offshore population. The
relationships both within and between those coastal and offshore populations often remain unclear
(Rosel et al. 2009, Toth et al. 2012, Richards et al. 2013, Louis et al. 2014b).
In the Northwest Atlantic, sixteen separate coastal stocks or management units and one offshore one
have been recognized (Waring et al. 2016). In Atlantic European waters (MATL biogeographic region,
reported under HD Art 17 by ES, FR, IE, PT and UK), bottlenose dolphins consist of a large and wideranging offshore population and much smaller coastal populations The preferential habitat for the
offshore ecotype is over the outer continental shelf and shelf break (Reid et al. 2003, Certain et al.
2008). The coastal populations are fairly resident and tend to inhabit smaller areas close to shore. Ten
coastal assessment (= management) units for bottlenose dolphins have been identified, largely from
photo-ID studies (ICES 2013, 2016). These coastal populations are also potentially exposed to a
greater level of human activity due to their proximity to humans and the fact that they live in
relatively small areas. There has been no attempt as yet to examine population structure for
bottlenose dolphins in the Mediterranean Sea, beyond genetic evidence for a general split between the
eastern and western Mediterranean, and with the Black Sea (Natoli et al. 2004). Figure 1.1.1 depicts
the different assessment units currently proposed for European Atlantic populations. With more
information, these will likely be modified. Population estimates for the small coastal populations have
been derived mainly using capture-mark-recapture analytical techniques, where animals are
“captured” photographically, and identified individually by unique markings mainly on the dorsal fin,
such as patterns of nicks. The same or different individuals may then be “re-captured”
photographically in successive encounters.
In northern Europe, the continental shelf edge is generally some distance from the coast thus
separating coastal and offshore ecotypes spatially, although groups of the latter may on occasions
enter coastal waters. Further south in the Bay of Biscay and around the Iberian Peninsula, the shelf
edge comes close to the coast and it becomes more difficult to separate the two ecotypes unless
individuals are recognized photographically. Population estimates in this region are mainly derived
from line-transect surveys to determine absolute abundance rather than by photo-ID, and no attempt
therefore has been made to try to distinguish between ecotypes or management units. Those
population estimates are highlighted in red or orange in Figure 1.1.1.
In coastal waters, bottlenose dolphins often favour river estuaries, semi-enclosed bays, headlands and
sandbanks where there is uneven bottom relief and/or strong tidal currents (Lewis & Evans 1993, Liret
et al. 1994, Wilson et al. 1997, Liret 2001, Ingram & Rogan 2002).
Genetic studies using mitochondrial DNA indicated some population sub-structuring between animals
from east and west Scotland and from Wales, although for the latter two regions, sample sizes were
low; there was also a low level of genetic diversity in the east Scottish sample (Parsons et al. 2002).
Using both mtDNA and microsatellite techniques, fine-scale population structure was revealed among
three distinct populations in Ireland – one in the Shannon Estuary, another from the Connemara-Mayo
region and a third from strandings of unknown origin but thought to be part of a large offshore
population (Mirimin et al. 2011). This study found moderate (microsatellite) to low (mitochondrial)
gene diversity in dolphins using the Shannon Estuary and the Connemara–Mayo region, while dolphins
that stranded along the coast showed much higher levels of gene diversity at both classes of markers
(Mirimin et al. 2011).
Further south, a genetic study by Fernández et al. (2009b) of stranded bottlenose dolphins in Galicia,
NW Spain, using mtDNA and microsatellites, found significant differences between animals in northern
and southern Galicia, as well as from Portugal. There were also significant differences in microsatellite
frequencies between southern Galicia and the northeastern corner of Spain. However, most of these
sample sizes were very small. These studies, as well as one by Nichols et al. (2009) using ancient DNA
that found significant differentiation in a now extinct population from the Humber Estuary, Eastern
England, suggest that local adaptation leading to isolation and potential extinction of coastal
populations of bottlenose dolphin in Europe may be a feature of this species, exposing them to long-
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term conservation risk. Offshore populations, on the other hand, seem to exhibit much higher levels of
gene flow (e.g. Madeira and the Azores – see Querouil et al. 2007).

Figure 1.1.1

Assessment Units and their population estimates for bottlenose dolphin in coastal

Atlantic Europe. Values in red refer to populations believed to be largely of the offshore ecotype.
Those in black are believed to be of the coastal ecotype, and the value in orange may be a mixture of
the two

Conclusions
With our current knowledge, the offshore bottlenose dolphin ecotype in the Atlantic could be listed under
category S4 a population with individuals with inherently large home ranges forming one mixing
population at the supra-national level, or in category MR1 as it has a clearly sustainable metapopulation
above Member State level and is not generally considered to be a fully migratory species.
The coastal ecotype forms a number of management units (at least ten) in Atlantic Europe (MATL
biogeographic region of ES, FR, IE, PT and UK) and likely forms others in the Mediterranean and Black
Sea. Some of these occur across Member State boundaries (e.g. Channel Islands and French Normandy
coasts) but most occur below Member State level, and sometimes are very localised (e.g. Shannon
Estuary, Ireland; and Sado Estuary, Portugal). These would therefore most closely fit either category S1,
populations (assessment units) with more or less exchange at or below national level, or possibly in a few
cases (e.g. Black Sea), category S2, populations of large, more or less mobile sedentary species with only
one or a few clearly isolated population(s) within a Member State.
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Step 1.3 - Historical perspective: what happened to the species?
The common bottlenose dolphin was more widely distributed in the European mainland coastal zone in
historical times (see Figure 1.1.2). Since the late 19th century, a number of coastal bottlenose dolphin
populations, particularly those occupying estuaries, have declined or disappeared altogether.
Bottlenose dolphins appear to have used some coastal areas for only limited periods of time, possibly
forming ephemeral populations. For example, a group of dolphins utilised the Noirmourtier area
(France) in the 1950-60s and similar reports have been made for the Quiberon-Houat-Hoedic area
(France). It is unclear whether these were truly resident coastal populations or offshore visitors that
remained in those areas for a limited period of time. The best recent example is use of the Marsdiep
area and the area east of Texel (The Netherlands). The species was recorded there regularly, and in
relatively large numbers (up to 30-40 at a time), between 1933 and 1939 by Verwey (1975), mainly
between February and May, coinciding with the migration and spawning period of the Zuiderzee
herring. After the closure of the Zuiderzee bay in 1932, the Zuiderzee herring gradually disappeared
from the area, and in the late 1930s the regular occurrence of relatively large numbers of bottlenose
dolphins ceased. Observations outside the Marsdiep area between the 1930s and 1970 are anecdotal,
but the species was regarded as common in all Dutch waters and estuaries, second only to the
harbour porpoise (Camphuysen & Peet 2006, Camphuysen & Smeenk 2016). After 1970, the species
became scarce in Dutch waters, with strandings also declining rapidly (Kompanje 2001, Camphuysen
& Peet 2006, Camphuysen & Smeenk 2016), at a similar time as a reduction in stranding records from
SE England, as well as further west in SW England (Evans 1980, Tregenza 1992).

Figure 1.1.2

Historical distribution of coastal bottlenose dolphins in NW Europe (from Evans &

Scanlan 1990, ICES 2016)

Earlier status changes are difficult to ascertain but historical accounts indicate that bottlenose dolphins
occurred in the Severn Estuary, Thames Estuary, Humber Estuary, and Firth of Forth until the late
nineteenth century (Evans & Scanlan 1990, Nichols et al. 2007). Along the coast of Germany,
bottlenose dolphins occurred in the Elbe (Goethe 1983) and Weser estuaries (Mohr 1935, Goethe
1983, Kölmel & Wurche 1998) until the late nineteenth century. Further south, in Portuguese waters,
bottlenose dolphins were reported in the Tagus estuary until 1960 (Teixeira 1979). More recently, a
coastal group persisted at Arcachon (France) between the late 1980s until it disappeared in the early
2000s, and a group of six animals occurred at Pertuis Charentais, between Ré and Oléron Islands and
the French mainland, for a period in the late 1990’s.

12 |
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In conclusion, currently, coastal bottlenose dolphins occur within each of the assessment units. In past
centuries, the species occupied the southern North Sea and a number of estuaries where they now do
not occur, or occur only as an uncommon visitor.
A number of human activities may affect bottlenose dolphins. The most obvious human pressure in
coastal areas is human disturbance mainly from recreational activities (including commercial dolphin
watching), with both short- and long-term impacts noted in several populations around the world
(Bejder & Samuels 2003, Bejder et al. 2006) including West Wales (Feingold & Evans 2014a; Norrman
et al. 2015) and East Scotland (Pirotta et al. 2014, 2015). Incidental bycatches of bottlenose dolphins
through entanglement in fishing gear (mainly gillnets and pelagic trawls) also occur (ICES 2015a; b).
Within the OSPAR region, bottlenose dolphin incidental bycatch appears to be highest (and potentially
unsustainable) off the coasts of northern Spain (Galicia, Asturias, Cantabria and Basque Country),
west Portugal, and SW Spain (Andalucia) (López et al. 2003, 2012, Goetz et al. 2014, Vázquez et al.
2014, Vélez 2014, ICES, 2015a). Fishing activities may also indirectly affect populations through
depletion of the prey resource (ICES, 2015c). Habitat disturbance as a result of fishing activities
causing damage to the seabed and its benthic faunas has been suggested as a human pressure in
some areas, although this remains to be supported by evidence (Feingold & Evans, 2014a; Norrman
et al., 2015). Habitat loss has also affected coastal populations (Camphuysen & Peet 2006,
Camphuysen & Smeenk 2016). Research has demonstrated high pollutant loads in most of the
investigated coastal bottlenose dolphin populations, possibly leading to health issues and reproductive
failure (Jepson et al. 2013, 2016). Exposure to high pollutant levels has been suggested as one reason
for past declines and disappearance of some populations (Jepson et al. 2013, 2016). Climate change
may also affect bottlenose dolphins, positively or negatively, either by altering human activities and
thus pressures, or by affecting the stock sizes and distributions of their prey (Evans & Bjørge 2013),
and increased underwater noise may have negative effects (Bailey et al. 2010).
Step 1.4 - Analysis of distribution and trends
The only large-scale abundance surveys in Europe have been those of SCANS (July 1994) and SCANS
II (July 2005) in NW European shelf seas, and CODA (July 2007) surveying offshore largely beyond
the NW European shelf break. SCANS II surveys (2005) gave an overall abundance estimate of 12,600
(CV=0.27; 95% CI: 7,500-21,300) bottlenose dolphins, with highest densities near the shelf break
(Hammond et al. 2013), whereas the CODA survey (2007) beyond the shelf edge yielded an
abundance estimate (uncorrected for g(0) and responsive movement), of 19,300 (CV=0.25; 95% CI:
11,900-31,300) (CODA 2009). These highlight the significant offshore populations of this species. The
coastal Atlantic Europe populations are thought to number somewhere between 2-4,000 individuals
(ICES, 2016; Figure 1.1.1). In July 2016, a further large-scale abundance survey, SCANS III was
undertaken. Preliminary results have been published (ICES 2017) but are awaiting supplementary
information to be made available from surveys in Irish waters (OBSERVE Programme) before complete
results can be presented.
Of the available datasets, only five sites, all in the Atlantic region, have had sufficient repeated
abundance estimates to allow any assessment of trends in abundance. For each assessment unit (AU),
the estimated population size and trend, where known, are summarised below.
West coast of Scotland AU
A small resident bottlenose dolphin population numbering around 15 animals inhabits the vicinity of
the Sound of Barra in the Outer Hebrides (Grellier & Wilson 2003, Cheney et al. 2013, Van Geel 2016)
whilst an estimated 30 bottlenose dolphins range around the Inner Hebrides spending periods of time
around Islay, the Small Isles, Skye, and occasionally the Minch north of Skye (Cheney et al. 2013,
Van Geel 2016). There are insufficient data to determine the population trends at this time, although
the numbers appear to be stable over the two last decades.
East coast of Scotland AU
Monitoring of bottlenose dolphins in the inner Moray Firth started in 1990, and later was extended to a
wider part of the Firth. Even though bottlenose dolphins ranged all along the north and south coasts of
the Moray Firth during the 1990s, it was not until the mid-1990s that the species started extending its
range around the Grampian coast (Evans et al. 2003, Wilson et al., 2004). It is now regularly
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encountered particularly off Aberdeen, the coast of Fife and in St Andrews Bay (Weir & Stockin 2001,
Cheney et al. 2013). Bottlenose dolphins, some of which have been photo-identified as belonging to
the Moray Firth population, are now seen annually along the coast of NE England as far south as
Yorkshire (Sea Watch Foundation, unpublished data).
Analysis of mark-recapture studies using a Bayesian approach estimates the population on the East
Coast of Scotland at 87-208 animals, with the latest estimate (2014) being 170 (95% Highest
Posterior Density interval: 139-200). Despite inter-annual variability, the population is considered to
be stable or increasing, with no decline over the available time series of >5% in 10 years
(Figure 1.1.3; Cheney et al. 2013).

Figure 1.1.3

Population trend, East Coast of Scotland AU

Although bottlenose dolphins are occasionally recorded offshore in the North Sea and in coastal waters
off SE England, northern France, Belgium, The Netherlands and Germany, there is no evidence that
these are anything but transient animals, most likely from the East Coast of Scotland population or
from further afield (Evans et al. 2003, Camphuysen & Peet 2006, Evans & Teilmann 2009, ICES
2013).
Coast of Wales AU
Annual monitoring of bottlenose dolphins in Cardigan Bay Special Area of Conservation, West Wales
(UK), began in 2001. This was extended to incorporate the wider Cardigan Bay area from 2005. In
addition, since 2007, there have been opportunistic photo-ID surveys in the coastal waters of North
Wales, and occasionally around the Isle of Man and in Liverpool Bay (Pesante et al. 2008, Feingold &
Evans 2014a, Norrman et al. 2015). A proportion of the population inhabiting Cardigan Bay in summer
ranges more widely between November and April, occurring particularly off the north coast of
Anglesey, the mainland coast of North Wales and further north around the Isle of Man (Feingold &
Evans 2014b). Summer mark-recapture estimates for Cardigan Bay SAC have varied from 116-260
animals. The latest estimate (2015) is 159 (95% CI = 130-228) animals. For the wider Cardigan Bay
(including both SACs), summer mark-recapture estimates have varied from 152-342 animals, with the
2015 estimate being 222 (95% CI: 184-300) animals. The Coastal Wales Assessment Unit population
is considered to be stable, with no decline over the available time series of >5% in 10 years
(Figures 1.1.4 & 1.1.5). It is noted that between 2013 and 2015, the population estimates have been
amongst the lowest recorded but due to variability in the estimates it is too early to determine
whether this indicates a decline.

14 |
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Figure 1.1.4

Population trend, Cardigan Bay SAC (Coast of Wales AU)

Figure 1.1.5

Population trend, Wider Cardigan Bay (Coast of Wales AU)

Coast of Ireland AU
Bottlenose dolphins are regularly recorded in several bays along the west coast of Ireland, notably
Kenmare River and Brandon Bay (Co. Kerry), Clew Bay and adjacent coastal areas of Connemara (Co.
Galway), Broadhaven Bay (Co. Mayo), and Donegal Bay (Co. Donegal) (Ingram et al. 2001, 2003,
Ó Cadhla et al. 2003, Evans et al. 2003). They have also been recorded all along the south coast of
Ireland, with sightings mainly around Cork Harbour (Co. Cork) and Rosslare Harbour (Co. Wexford)
(Evans et al. 2003; O’Brien et al. 2009). Photo-ID matches indicate that individual bottlenose dolphins
may range all around the coast of Ireland, and although there is a more or less continuous distribution
from inshore to offshore, there is both photo-ID and genetic evidence for an offshore ecotype west of
Ireland (O’Brien et al, 2009, Mirimin et al. 2011, Oudejans et al. 2015). There are a number of markrecapture population estimates for animals using the west coast of Ireland, but at different spatial
scales. One estimate for NW Connemara is 171 individuals (95% CI: 100-294) in 2009 (Ingram et al.
2009) and a second estimate for a much larger area, including Connemara, Mayo and Donegal,
numbered 151 (95% CI: 140–190) individuals for the year 2014 (Nykanen at al. 2015). This mobile
population appears to range widely, with seasonal and patchy habitat use. There is not enough
information to indicate population trends.
Bottlenose dolphins inhabit the Shannon Estuary year-round, and genetic studies indicate that they
form a discrete population separate from those occurring elsewhere along the west coast of Ireland
(Mirimin et al. 2011). Six mark-recapture population estimates produced between 1997 and 2015
range from 107 to 140 individuals (Ingram 2000, Ingram et al. 2008, Berrow et al. 2010). The latest
population estimate (2015) is 114 (95% CI: 90-143) (Rogan et al. 2015) indicating that the
population is probably stable (Figure 1.1.6).
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Figure 1.1.6

Population trend, Shannon Estuary (Coast of Ireland AU)

Coast of Southwest England AU
Bottlenose dolphins have regularly inhabited the south and southwest coasts of England since the
1990s, being most common around Cornwall but rare east of Dorset (Williams et al. 1998, Evans et al.
2003, Brereton et al. in review). No systematic photo-ID surveys have been undertaken, but Brereton
et al. (in review) have reported maximum abundance estimates for south-west England coastal
waters, using two mark-recapture methods, ranging between 102 and 113 (95% CI: 87-142)
individuals over the combined period 2008-2013. There are insufficient data to assess trends.
Coast of Normandy and Brittany AU (France, UK)
A resident population of bottlenose dolphins inhabits the Gulf of St Malo, ranging between the French
coast of Normandy and the Channel Islands (Couet 2015a, b, Louis et al. 2015). Mark-recapture
estimates of this population in 2010 indicated it numbering between 372 (95% CI = 347-405) and 319
(95% CI= 310-327) animals, with a 2014 estimate of 340 (95% CI = 290-380) animals (Couet
2015a, b, Louis et al. 2015), thus indicating no significant difference (Figure 1.1.7).

Figure 1.1.7

Population trend, Gulf of St Malo (Coast of Normandy and Brittany AU)

Figure 1.1.8

Population trend for Ile de Seine (Coast of Normandy and Brittany AU)

Two small populations, which appear to be distinct, exist in the Iroise Sea, one around Ile de Sein and
the other around the Molène Archipelago. Photo-ID surveys have been undertaken in the vicinity of Ile
de Sein since 2001, with at least five separate counts, ranging from 14 individuals in 2001 to 29 in
2014. An earlier estimate for this population was 14 animals in 1992 (Liret 2001, Liret et al. 2006),
thus indicating a steady increase (Figure 1.1.8).
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Around the Molène Archipelago, a mark-recapture estimate of 29 individuals (95% CI = 28-42) was
produced from photographs taken between 1999 and 2001 (Le Berre & Liret 2001, Liret et al. 2006,
Louis & Ridoux 2015). A new photo-ID analysis is currently being undertaken (V. Ridoux pers.
comm.). It is therefore currently not possible to assess trends in this population.
Northern Spain
In northern Spanish waters, only model-based abundance estimates exist, derived from line-transect
surveys conducted between 2003 and 2011. These encompass both coastal and offshore animals
(López et al. 2013). The annual uncorrected abundance estimate in the study area is 10,687
individuals (95% CI of 4,094-18,132). Estimated abundances for the different areas are: (1) Euskadi:
1,931, (2) Cantabria: 744, (3) Asturias: 1,214, (4) Galicia: 703, (5) Galician Bank: 108 and
(6) Aviles: 234. Although the distribution is homogeneous throughout the northern peninsula, there is
a clear gradient in density, this being higher in eastern areas of the Bay of Biscay where the largest
groups have been recorded (López et al. 2013). There are insufficient data at this time to make an
assessment of trends.
Southern Galician Rias (North-west Spain)
Along the Galician coast, photo-ID surveys have been conducted between 2006 and 2009, resulting in
the identification of 255 individuals (García et al. 2011). A third of these photo-identified individuals
(n=76) were considered to form the resident population inhabiting the Southern Galician Rias, as
revealed by recapture histories, genetics and stable isotope analysis (Fernández et al. 2011a, b,
García et al. 2011). Movements of individuals were recorded between Galicia and Euskadi in the Bay of
Biscay (García et al. 2011). It is not possible to make an assessment of trends in this population at
this time.
Coast of Portugal
Bottlenose dolphins occur widely along the coast of Portugal as well as further offshore. Photo-ID
surveys undertaken over two time periods have been used to derive mark-recapture population
estimates of bottlenose dolphins in coastal Setúbal Bay (Martinho 2012, Martinho et al. 2015).
Bottlenose dolphins identified from 1998-2001 were considered a closed and a more cohesive group
than those from 2007-2011, with stable associations and an abundance of 106 (95% CI: 69–192)
individuals. The more recent animals sampled seemed to be composed of an open group of 108 (95%
CI: 83–177) animals, with a migration rate of 19% per year and low association values.
A wider-scale analysis of animals photographed in central west coastal Portugal from Nazaré and
Sétubal Bay between 2008 and 2014 resulted in an estimate of 352 individuals (95% CI: 294-437)
(Martinho 2012, Martinho et al. 2015).

Figure 1.1.9

Population trend, Sado Estuary (Coast of Portugal)

There have been a number of line-transect surveys by both ship and plane undertaken off West
Portugal between 2010 and 2014, covering the region between the coast and 50 nautical miles
offshore. The estimated abundance for 2010-14 from aerial surveys was 2,306 animals (34.7% CV),
and in 2011, using vessel surveys, it was 3,798 animals (87.6% CV) (Araújo et al. 2014). It is not
possible to distinguish between the coastal population of this Assessment Unit and the offshore
population.
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The longest sequence of counts for a coastal bottlenose dolphin population in Europe is associated
with the resident population in the Sado Estuary, where an annual census has been undertaken since
1986 (Gaspar 2003, Lacey 2015). Over this period, the population has shown a long-term decline from
39 individuals in 1986 to 28 individuals in 2014 (Figure 1.1.9), with pollution of the estuary proposed
as a possible background for the decline (Van Bressem et al. 2003).
Gulf of Cadiz (Spain)
Mark-recapture estimates for bottlenose dolphins in the coastal Gulf of Cadiz have been determined
for two periods: 2005-2006 and 2009-2010 (MAGRAMA 2012). These gave estimates of 347
individuals (95% CI: 264-503) for 2005-2006, and 397 (95% CI: 300-562) for 2009-2010 suggesting
no significant difference. A much larger population apparently occupies the offshore Gulf of Cadiz,
estimated to number 4,391 animals (95% CI: 2,373-8,356) in 2009-2010 (MAGRAMA 2012). It is not
possible to make an assessment of trends at this time.
A bottlenose dolphin population also inhabits the area around the Strait of Gibraltar, on the edge of Area
IV. Photo-ID surveys in 2010 resulted in a mark-recapture population estimate of 297 individuals (95%
CI: 276-332) (Portillo et al. 2011). It is not possible to make an assessment of trends at this time.

Conclusions
In several areas within Europe (as has been found elsewhere in the world), coastal bottlenose dolphins
are thought to form a number of demographically independent populations commonly referred to as
management (or assessment) units. These have only been established within the Atlantic Region.
Population trends for these should therefore be considered separately. Within the AUs, most of the
available data relating to abundance (and therefore for examining trends) are from photo-identification
studies of small localised resident or semi-resident groups, which are often related to monitoring the
numbers of animals in protected areas. Evidence of trends was evaluated by examining abundance
estimates at specific sites within the AUs where sufficient data exist (i.e., at least four abundance
estimates from different years over a ten-year time period). No estimates exist for any site before 1986,
and for most, estimates started only after the Habitats Directive came into force. Thus, there are no data
prior to human impacts in these areas, so it is not possible to set a historical baseline. Although the
historical abundance and distribution is unknown, there is good evidence that the species was once more
widely distributed around these coasts. The recent trends available for six sites indicate little change over
a ten-year period, with the exception of the small isolated population in the Sado Estuary, Portugal, which
has shown a steady decline since the mid-1980s.

Step 2.1 - FRP assessment
Virtually no quantitative information exists of population numbers for bottlenose dolphin before the
Habitats Directive came into force in 1992, and it should be noted that this species is actually better
known than most other cetaceans. Nevertheless, there is strong evidence that the species was more
widely distributed (and therefore probably more abundant) in the European mainland coastal zone,
with regular occupation of a number of estuaries in historical times (see step 1.3). The indication
therefore is that FRP for several coastal assessment units should be above the current values. The
common argument used for setting FRPs at larger values to those obtained from recent abundance
estimates is that environmental conditions have changed since so that the carrying capacity for a local
population may also be lower than any FRP assessment. On the other hand, there is evidence that if
conditions are improved, areas can be re-colonised (as, for example, appears to be occurring around
the Firth of Forth, East Scotland). With some understanding of habitat preferences and food resource
needs, however, one can compare against relatively undisturbed extant populations, and use that
information as a baseline. This would best be undertaken by assessment unit where possible.
For the offshore ecotype, one could use the best estimate of Current Value as the FRP. For the coastal
ecotype and the various assessment units within it, historical baselines would be preferable. These
would best be derived by genetic analysis to estimate Ne, genetic diversity, population history
(evidence of bottlenecking), and degree of connectivity between AUs. The order of magnitude of FRP
cannot be determined until the genetic analyses described above have been undertaken. It is likely
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that the Ne/N ratio for coastal bottlenose dolphin is less than has been applied for mainly terrestrial
species, but in any case, levels of connectivity between populations need to be better assessed first.

Conclusions
For the offshore ecotype within MATL FRP=CV
For the coastal ecotypes within MATL FRPs for the assessment units (AUs) are unknown but can be
derived by genetic analysis to estimate Ne (effective population size), genetic diversity, population history
(evidence of bottlenecking), and degree of connectivity between AUs. ‘Guestimates’ what the FRV might
be for each AU in terms of broad ranges of population estimates are:
West coast of Scotland AU: 50-500
East coast of Scotland AU: 150-500
Coast of Wales AU: 250-500
Coast of Ireland AU: 300-1000 (Shannon Estuary: 100-200)
Coast of Southwest England AU: 100 -300
Coast of Normandy & Brittany AU: 500-1000
Sado Estuary AU: 30-50

Step 2.2 - FRR assessment
As described earlier, coastal bottlenose dolphin populations once existed in most of the major
estuaries and bays of Western Europe. The degree to which they were permanent residents is difficult
to ascertain historically, although in the last century, some areas (e.g. southern North Sea) had
populations regularly living there for periods lasting at least some decades. Given that the species is
highly mobile, there is potential for the locations currently without bottlenose dolphin populations, to
be re-colonised, so long as there are suitable environmental conditions to sustain adequate prey
resources. As a good example, the population normally inhabiting the Moray Firth in Northeast
Scotland has been extending its range along the coast since the 1990s (ICES, 2016). In the last ten
years, bottlenose dolphins identified as from the Moray Firth population have been seen annually in
Eastern England, and in summer 2016, the species was even recorded off the coast of Norfolk in the
southern North Sea. Up to now, these have been transient movements, but if conditions were suitable,
there is potential for the species to re-occupy the southern North Sea as a resident.

Conclusions
For the offshore ecotype within MATL FRR=CV
For the coastal ecotypes within MATL FRRs for the assessment units (AUs) are unknown but can be
assessed when FRPs are available.
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1.2

Short-beaked common dolphin (Delphinus delphis) in
Europe

Step 1.1 - Biology of the species
The short-beaked common dolphin (Delphinus delphis) is one of the smallest of the true dolphins
(family Delphinidae). It is an active, fast-moving species, frequently bow-riding boats and jumping
clear of the water. Two species of common dolphin are currently recognised in the North Atlantic – the
short-beaked form, D. delphis, and the long-beaked form, D. capensis, but only the former has been
recorded in European seas. It is a social species, usually travelling in schools of 6-15 individuals, but
can form aggregations numbering hundreds or even low thousands, associated with feeding or largescale movements. There is evidence for some segregation by age and sex. Food-herding behaviour is
frequently observed with apparent cooperation between school members. Mating and calving are
seasonal, largely between May and September. Males reach sexual maturity around 11-12 years,
females around 9-10 years of age. On reaching sexual maturity, females give birth to a single calf,
every 3-4 years. Maximum age reported in the North-east Atlantic is 28 years. Generation length has
been estimated at 14.1 years (14.8 years in populations at a stable state). Common dolphins appear
to be opportunistic feeders, but most common prey recorded in the region are epi- and mesopelagic
fish including horse mackerel, mackerel, Norway pout, sardines, anchovy, whiting, scad, sprat,
sandeel, and blue whiting, as well as small cephalopods. More detailed accounts of the biology of the
species can be found in Evans (1994), Heyning & Perrin (1994), Murphy et al. (2008, 2013), and
Perrin (2009).
Step 1.2 - Spatial scale of functioning
The short-beaked common dolphin has a worldwide distribution in oceanic and shelf-edge waters of
tropical, subtropical and temperate seas, occurring in both hemispheres. It is abundant and widely
distributed in the eastern North Atlantic, mainly occurring in deeper waters from Macaronesia and
north-west Africa north to approximately 65ºN latitude (although rare north of 62o N), west of Norway
and the Faroe Islands (Reid et al. 2003, Murphy et al. 2008). It occurs westwards at least to the midAtlantic ridge (Doksaeter et al. 2008, Cañadas et al. 2009), and eastwards it enters the western
Mediterranean, with a distinct isolated population in the Black Sea (Bearzi et al. 2003) (Figure 1.2.1).
Sightings are rare in the eastern section of the English Channel and the southern North Sea (Evans
et al. 2003, Camphuysen & Peet 2006). In the offshore North Atlantic it seems to favour waters over
15º C and shelf edge features at depths of 400-1,000m between 49º-55º N especially between
20º-30º W (Forcada et al. 1990, Cañadas et al. 2009).

Figure 1.2.1

North Atlantic distribution of short-beaked common dolphin (depicting those areas

where the species is thought to regularly occur)
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On the UK continental shelf, the species is common in the western half of the English Channel and the
southern Irish Sea, and further north in the Sea of Hebrides and southern part of the Minch (Evans
et al. 2003, Reid et al. 2003). It is also common south and west of Ireland. In some years, the species
occurs further north and east in shelf seas - in the northern Hebrides, around Shetland and Orkney,
and in the northern North Sea. It is generally rare in the central and southern North Sea and eastern
portion of the English Channel, but is abundant in the Bay of Biscay (Evans et al. 2003, Reid et al.
2003, Kiszka et al. 2007, Laran et al. 2017). Range shifts may be related to changing oceanographic
conditions (warmer sea temperatures and extensions of the range of potential prey species like
anchovy and sardine). Since the 1990s, the species has become regular in the northern North Sea and
even entered the Baltic (Evans et al. 2003, Murphy et al. 2008, Kinze et al. 2010).
In shelf waters off the west coasts of Ireland and Scotland, and in the Irish Sea, common dolphin
abundance tends to be greatest in the summer months (Evans et al. 2003, Berrow et al. 2010),
whereas further south, the western English Channel and Bay of Biscay remain important winter
habitats for the species, which is abundant there between December and March (Brereton et al. 2005,
De Boer et al. 2008), although abundance in the Bay of Biscay is greatest in the summer (Laran et al.
2016). The species also occurs all along the coast of Portugal and southwest Spain.
Although common dolphins can be found over large parts of the eastern North Atlantic and appear to
form one large panmictic population (Mirimin et al. 2009, Amaral et al. 2012, Moura et al. 2013),
there is also some suggestion for the existence of separate populations, e.g. one occurring primarily
offshore and the other over the continental shelf, although this needs further clarification (Caurant
et al. 2009, Evans & Teilmann 2009). Genetic (mtDNA) studies indicate a significant level of
divergence between Mediterranean (Alboràn Sea) and Atlantic populations (Natoli et al. 2008),
although with directional estimates of gene flow suggesting some movement of females out of the
Mediterranean (possibly due to oceanographic features such as the Almería-Orán thermohaline front).
Differences in contaminant levels between dolphins from the Alboràn Sea and Atlantic Ocean also
suggest a certain degree of isolation (Borrell et al. 2001).
Although common dolphins are relatively abundant in the westernmost portion of the Mediterranean
basin - the Alboràn Sea, the species is rare or completely absent from large parts of the
Mediterranean (Bearzi et al. 2003). Mediterranean regions where common dolphins have apparently
vanished include the Adriatic Sea, Balearic Sea, Provençal basin, and Ligurian Sea, the Saronic Gulf,
and the Dodekanese (Frantzis et al. 2003). There are only sparse records with possibly isolated groups
present around Sardinia and Corsica (Bearzi et al. 2003), and seasonally in the south-eastern
Tyrrhenian Sea off the island of Ischia (Mussi et al. 2002). The species is present in the Sicily Channel
and around Malta (Vella 2002), in portions of the eastern Ionian Sea, particularly around the island of
Kalamos (Politi & Bearzi 2001), and in the Gulf of Corinth (Frantzis & Herzing 2002). Genetic studies
show differentiation between the western and eastern Mediterranean populations, and suggest that a
population bottleneck likely occurred as a result of a sharp population decline in the recent past (Natoli
et al. 2008, Moura et al. 2013).
At the eastern end of the Mediterranean, there is little indication of movement by common dolphins
through the narrow Dardanelles Strait between the Aegean and the Marmara and Black Seas, where
common dolphins are known to occur (Öztürk & Öztürk 1997, Frantzis et al. 2003). A preliminary
study of skull morphometrics (Amaha 1994) suggested differences between Black Sea and
Mediterranean common dolphins. However, a genetic comparison of relatively small samples (8 Black
Sea, 20 central Mediterranean) revealed no significant differences (Natoli et al. 2008). Clearly, further
work based on larger samples is needed to assess and characterize the relationship between Black Sea
and Mediterranean common dolphins. Some genetic exchange may occur in portions of the Aegean
Sea where favourable habitat still exists (e.g., in the Thracian Sea; Frantzis et al. 2003) but what
remains between the Aegean and Alboràn sectors of the Mediterranean seems to be only isolated,
remnant groups (possibly indicative of further population substructure). The Black Sea population
therefore remains classified as a separate subspecies D. delphinus ponticus.
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Conclusions
Current knowledge indicates that the short-beaked common dolphin in the Atlantic and North Sea should
be listed under category MR4, a population with individuals having inherently large home ranges forming
one mixing population, or in category MR1 as it has a clearly sustainable meta-population above Member
State level and is not generally considered to be a fully migratory species. The populations in the Alboràn
Sea (western Mediterranean) and Aegean Sea (eastern Mediterranean) are geographically isolated and
genetically distinct, as may be the one in the Black Sea. Since these fragmented populations nevertheless
exist above Member State level, they would most closely fit category S4 as well.

Step 1.3 - Historical perspective: what happened to the species?
There is little historical information from the European Atlantic to indicate trends in common dolphin
abundance. The species has occurred in variable frequency in the North Sea with no particular trend
(Evans et al. 2003, Reid et al. 2003, Camphuysen & Peet 2008), whereas it has been only infrequent
in the Danish Belt Seas and Baltic (Kinze 1995). Once one of the most abundant species in the
Mediterranean Sea, the common dolphin has experienced a generalized and major decrease in this
region since the middle of the twentieth century (Bearzi et al. 2003). Dramatic declines were recorded
in portions of the central Mediterranean, particularly in the northern Adriatic Sea and in the eastern
Ionian Sea (Bearzi et al. 2004, 2006).
In the Black Sea, common dolphin populations collapsed by the mid 1960s following many years of
overexploitation, which involved the killing of several hundreds of thousands of common dolphins in
the mid-20th century (IWC 1983, Birkun 2006, 2008). Commercial killing of Black Sea common
dolphins, as well as other Black Sea cetaceans, was banned in 1966 in the former USSR, Bulgaria and
Romania, and in 1983 in Turkey. Since then, the population has shown little sign of recovery (Birkun
2006, 2008). It was calculated that between 1962 and 1966, the cetacean fishery in the USSR and
Bulgaria landed 121,395 common dolphins, while during the preceding 31 years (1931-61) a further
1,449,304 had been landed mainly by the USSR (Zemsky 1996). Between 1976 and 1981, common
dolphin was believed to account for 15-16% (or 37,500-40,000 individuals) of the Turkish catch,
estimated for that period as 250,000 animals of all three species (common dolphin, harbour porpoise,
and bottlenose dolphin) (IWC 1983).
In the European Atlantic, the main threat to common dolphins is probably bycatch, involving French,
Spanish, Portuguese, Irish and UK pelagic trawl fisheries targeting a range of fish including albacore
tuna, sea bass, blue whiting, hake, horse mackerel, sardine or anchovy (Tregenza et al. 1997,
Tregenza & Collet 1998, Morizur et al. 1996, 1999, 2014, ICES 2016). Annual bycatch levels have
been estimated in the hundreds or low thousands, from independent observer programmes, although
these have not comprehensively assessed all fisheries. During the 1990s, the tuna driftnet fishery also
caught large numbers of common dolphins until a ban was introduced in 2002 (Goujon et al. 1993,
Goujon 1996, Rogan & Mackey 2007). Bycatches are also known to occur in gill nets, tangle nets and
possibly other fisheries (Tregenza et al 1997, Cosgrove & Browne 2007). From post mortem
examinations of 537 common dolphins stranded in the UK between 1991 and 2010, 51% were
diagnosed as by-catch, 18% live-stranded, 7% from infectious disease, and 4% died from starvation
(Deaville & Jepson 2011).
In the Mediterranean, incidental mortality in fishing gear, particularly driftnets, is thought to have
contributed to the decline of common dolphins, although reduced availability of prey caused by
overfishing and habitat degradation, contamination by persistent chemicals resulting in
immunosuppression and reproductive impairment, and environmental changes such as increased
water temperatures affecting ecosystem dynamics are also thought to have played a role (Bearzi et al.
2003, 2006). The Moroccan driftnet fishing fleet has been estimated to have an annual bycatch of c.
12,000-15,000 dolphins around the Strait of Gibraltar (Tudela et al. 2004).
In the Black Sea, besides the very large numbers of common dolphins hunted in the last century until
bans came into force in the 1960s-80s, reduced prey availability (e.g. of anchovy and sprat) has been
considered a major threat common dolphins (Bushuyev 2000). This was thought to contribute to the
two mass mortality events that killed large numbers of common dolphins in 1990 and 1994
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(Krivokhizhin & Birkun 1999), in the case of the latter linked to increased susceptibility to morbillivirus
infection. Prey reduction is thought to have been caused by a combination of overfishing,
eutrophication and the explosive increase of the introduced ctenophore Mnemiopsis leidyi (Birkun
2006). Prey depletion caused by overfishing was also considered as a main cause for the decline of
common dolphins in the eastern Ionian Sea (Bearzi et al. 2006).
Step 1.4 - Analysis of distribution and trends
There have been several abundance surveys of common dolphin in various parts of the eastern North
Atlantic though none spanning the entire region (e.g. MICA survey in 1993 - Goujon et al. 1993;
ATLANCET aerial survey in 2001 - Ridoux et al. 2003; MARPRO surveys in 2007-12). In NW Europe,
the SCANS survey (July 1994), covering an area from the Celtic shelf to c. 11°W and 48°S, produced
an estimate of 75,449 individuals (CV=0.67; 95% CI: 23,900–248,900) (Hammond et al. 2002).
However, this survey did not use a double-platform method, nor correct for animals missed on the
track line, nor, perhaps most importantly, responsive movement – common dolphins notoriously
respond positively to the presence of vessels that they can bow ride. In 2005, SCANS-II re-surveyed
the same area as SCANS, but extended this to include also the Irish Sea, the waters off western and
Northern Ireland, west Scotland, and continental shelf waters off France, Spain and Portugal. The total
summer abundance for those Northeast Atlantic shelf waters was c. 56,221 (CV=0.23; 95% CI:
35,750–88,400) (Hammond et al 2013). This was supplemented by the CODA offshore survey
conducted in July 2007 along the shelf edge of the ASCOBANS Agreement Area, which estimated a
total abundance of 116,709 (CV=0.34; 95% CI: 61,400–221,800) (CODA 2009). These surveys
corrected for animals missed along the track-line but not for responsive movement. The only analysis
in the region that has not only corrected for animals missed along the track-line but also for
responsive movement was for the western block of the 1995 NASS survey that covers part of the
central North Atlantic (52º–57.5º N, 18º–28º W), and resulted in an estimate of 273,000 common
dolphins (CV=0.26; 95% CI: 153,000–435,000) (Cañadas et al. 2009).
In July 2016, SCANS-III survey was undertaken and yielded an abundance estimate of 467,673
(CV=0.26; 95% CI: 281,100-778,000). This estimate excludes results from western and southern
Ireland which are not yet available. The most striking difference is the much larger estimates of this
species and striped dolphin (together totalling almost a million animals) in 2016 compared to 2005/07,
nevertheless consistent with results from the French SAMM surveys in French waters of the Bay of
Biscay and the Channel in summer 2012, which totalled almost 700,000 common and striped dolphins
(Laran et al. 2017). Notwithstanding this, the lack of estimates for Irish waters in 2016 precludes any
robust comparisons of estimates of abundance between 2005/07 and 2016 for the whole area.
In the western Mediterranean, abundance has been estimated at 19,400 (95%CI: 15,300-22,800) in
the northern Alborán Sea between 2000 and 2004 (Cañadas & Hammond 2008). The size of the
eastern Mediterranean population has not been estimated.
The population size in the Black Sea is unknown. Line transect surveys have been conducted recently
to estimate common dolphin abundance in a few parts of the range. The survey areas are small
relative to the total range of the subspecies. Results suggest that current population size is at least
several tens of thousands, and possibly 100,000 or more (Birkun 2006).
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Conclusions
The common dolphin was much more widespread in the Mediterranean in the middle of the last century,
and in the Black Sea a crash in numbers was documented between the 1940s and the 1960s. Declines in
the Mediterranean were thought to be caused by a combination of heavy bycatch and prey depletion. One
obvious cause of the declines in the Black Sea was the excessive hunting of the species by several
countries. That came to an end in the 1980s but since then the Black Sea population has shown little sign
of recovery, probably because it is still experiencing prey depletion from overfishing and habitat
degradation from pollution. If these human pressures were reduced, there is scope for recovery of
depleted populations.
Common dolphins in the eastern North Atlantic appear to be in a healthier state although they continue to
suffer fisheries bycatch in particular.
As with other cetacean species, long-terms trends in common dolphin numbers are generally lacking.
There are no data on population sizes for the species in Europe prior to human impacts, so it is not
possible to set a historical baseline. However, there is good evidence to indicate major declines over a
large part of the Mediterranean and in the Black Sea. The three (1994, 2005/07, 2016) wide-scale July
surveys in the European Atlantic are difficult to interpret because coverage has varied between surveys,
and none has encompassed the entire eastern North Atlantic range. Nevertheless, they do not suggest a
decline, and the variation observed may simply reflect differential movement between regions.

Step 2.1 - FRP assessment
In the case of common dolphins in the European Atlantic, for which there is no historic evidence before
1992 when the Habitats Directive came into force but no obvious contraction in range or declines in
orders of magnitude of abundance, it probably makes sense to treat FRP as equivalent to CV. For the
Mediterranean and Black Sea, that is clearly not the case, the former having experienced a major
contraction in range, and the latter in population size. In those regions, FRP should greatly exceed CV.
Whole genomic analysis using restriction site associated DNA sequencing is recommended for insights
into the extent to which present day populations have experienced contractions in size and loss of
genetic diversity. Genetic analysis enables one to estimate the effective population size (Ne) for
management units prior to major human impacts.

Conclusions
Short-beaked common dolphin and its close relative long-beaked common dolphin are amongst the most
abundant of dolphin species globally. The order of magnitude of FRP in European seas is likely to be in the
range of one to two million animals, but for separate populations, it will be correspondingly smaller. The
major declines that have occurred historically in the Mediterranean and Black Sea could be reversed if
conditions allowed.
FRP = CV (European Atlantic, MATL and MMAC)
FRP > CV (Mediterranean, MMED)
FRP >> CV (Black Sea, MBLS)

Step 2.2 - FRR assessment
Common dolphins are wide ranging in the North Atlantic both on and off the shelf. The species also
occurs in the Mediterranean and Black Sea, although in the case of the former, its range appears to be
significantly reduced. Its current range at least in the Mediterranean could therefore likely expand if
suitable conditions prevailed.

Conclusions
FRR = CV (European Atlantic, MATL and MMAC)
FRR >> CV (Mediterranean, MMED)
FRP > CV (Black Sea, MBLS)
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1.3

Harbour porpoise (Phocoena phocoena) in Europe

Step 1.1 - Biology of the species
The harbour porpoise (Phocoena phocoena) is the only member of the family Phocoenidae occurring in
Europe. It is a small, relatively cryptic species that tends to avoid vessels, and rarely bow-rides. It
usually occurs solitarily or in small groups of 2-3. Where food is concentrated or when making longdistance movements, larger temporary aggregations may form, numbering one hundred or more.
Group composition appears to be fluid, except for adult females with dependent calves. Young are
born mainly between May and August (peak in June), although some as early as March. The mating
season is between April and September, with a peak in July-August. Porpoises reach sexual maturity
at 3-5 years, with little difference between sexes. Once sexually mature, females may give birth to a
single calf every 1-2 years. Longevity is relatively short, usually up to 12 years, although the
maximum is 24 years in both sexes. Generation length has been estimated at 8.3 years (11.9 years in
populations at a stable state). Diet varies both geographically and seasonally, and comprises small
demersal, bentho- or epipelagic fish, such as whiting, sandeel, sprat, herring, cod, pouts and gobies.
More detailed accounts of the biology of the species can be found in Bjørge & Donovan (1995),
Donovan & Bjørge (1995), Read (1999), Evans et al. (2008), and Read & Tolley (2009).
Step 1.2 - Spatial scale of functioning
The harbour porpoise is found in temperate and sub-arctic seas of the northern hemisphere, occurring
in both the Atlantic and Pacific. In the North Atlantic, the species occurs mainly from Central West
Greenland and Novaya Zemlya in the north to North Carolina and Senegal in the south, with a
geographically isolated population in the Black Sea (Reid et al. 2003, Evans et al. 2008, Fontaine et al.
2007, 2010). Although porpoises can be found in deep Atlantic waters off the edge of the continental
shelf (for example within the Faroe Bank Channel), they are comparatively rare in waters exceeding
200 metres. The species frequently uses tidal conditions for foraging (see e.g., Evans 1997, Johnston
et al. 2005, Pierpoint 2008, Marubini et al. 2009, Isojunno et al. 2012, Jones et al. 2014).

Figure 1.3.1

North Atlantic Distribution of Harbour porpoise (depicting those areas where the

species is thought to regularly occur)

In European seas, it is common and widely distributed over the continental shelf (mainly at depths of
20-200m) from the Barents Sea and Iceland south to the coasts of France and Spain (Figure 1.3.1),
although in the 1970s it became scarce in the southernmost North Sea, English Channel, and Bay of
Biscay. Nevertheless, it remains the most widely distributed and frequently observed cetacean in
North West European shelf seas, and since the 1990s, has returned to the southernmost North Sea,
English Channel and French Biscay coast (Camphuysen 2004, Kiszka et al. 2004, 2007, Evans 2010,
Hammond et al. 2013). It is largely absent from the Mediterranean (Frantzis et al. 2001), with small
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numbers reported mainly from the northern Aegean Sea, which probably come from the Black Sea
population (Birkun & Frantzis 2008, Notarbartolo di Sciara & Birkun, 2010, Tonay & Dede 2013).
The isolated Black Sea harbour porpoise population is clearly genetically differentiated from Atlantic
populations and has been classified as a separate subspecies, Phocoena phocoena relicta (Fontaine
et al. 2007, 2010, 2017), but there is also genetic evidence that the Iberian population is distinct from
porpoises further north; these are believed to have derived from an expansion of a small population
off the northwest African coast (Fontaine et al. 2007, 2010). Porpoises along the French Atlantic
coasts appear to be an admixture from the two genetically distinct populations along the Iberian
coasts and in the North East Atlantic (Alfonsi et al. 2012). Further north, porpoises from southwestern
UK appear to be differentiated from those in the North Sea (Fontaine et al. 2017).

Figure 1.3.2

Assessment Units for harbour porpoise in coastal Atlantic Europe (from ICES WGMME,

2013)

Up to 16 separate Management Units (MU), thought to be demographically if not genetically distinct,
have been proposed for the porpoise in the North Atlantic, using a precautionary approach of division
rather than lumping where there is evidence to suggest this (Evans & Teilmann 2009, ICES 2012,
Sveegaard et al. 2015, Fontaine et al. 2010, 2017, Lah et al. 2016). These include up to 11 MUs
across North West Europe. These are: 1) the inner Baltic Sea (with its western boundary being around
the Darss/Gedser underwater ridge or Rügen); 2) the southern Belt Sea; 3) the northern Belt Sea and
southern Kattegat; 4) the northern Kattegat and Skagerrak; 5) the NE sector of the North Sea; 6) the
western sector of the North Sea including the Eastern Channel; 7) the Celtic Sea along with Southwest Ireland, the Irish Sea & Western Channel; 8) Northwest Ireland and Western Scotland; 9) the
waters around the Faroe Islands south towards the Faroe-Shetland Channel; 10) the west French part
of the Bay of Biscay; and 11) the Iberian Peninsula (coasts of Portugal and Atlantic Spain). The ICES
Working Group on Marine Mammal Ecology (2014) has combined some of these into five assessment
units (Figure 1.3.2). Further research is likely to refine and modify these subpopulations.
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Various lines of evidence suggest that porpoises in the North Sea also exhibit some sub-structuring
(Yurick & Gaskin 1987, Walton 1997, Lockyer 1999. Das et al. 2003, 2004, Teilmann et al., 2008;
Sveegaard et al., 2011, De Luna et al. 2012). In particular, porpoises from the southwestern North
Sea appear to differ significantly from those in the northeastern North Sea. There may be further substructuring between northern and southern North Sea and western vs eastern North Sea but it is
difficult to determine where the division may lie given that different authors have used different
sampling divisions and the precise origins of the samples are not necessarily known. Most studies
indicate greater philopatry for females than male porpoises.
A number of authors allude to differences in ecology between animals from the northeastern and
southern/western North Sea, particularly with respect to feeding. In recent years, seascape genetics
has been used increasingly to account for differentiation observed between cetacean populations. In
the absence of actual physical barriers, it has been shown in studies of various cetacean species that
differences in ocean current systems and/or bathymetry parallel observed genetic differences. In the
North Sea, the northeastern sector (from Shetland east to northern Denmark) is significantly deeper
than the central and southernmost sectors. Current systems also show differences between the two
regions both in terms of strength and circulation patterns. The central part of the North Sea
represents an intermediate zone between the two regions, with respect to both bathymetry and ocean
circulation.
If porpoises in the northeastern North Sea are feeding mainly upon pelagic prey (for which skull
characteristics, particularly of the buccal cavity, have developed, as found by De Luna et al. 2012)
whilst those in the southernmost North Sea are taking fish primarily off the bottom (with equivalent
changes to the size of the buccal cavity), then these may be best considered separate management
units with a potential boundary following bathymetric and oceanographic changes.
De Luna et al. (2012) and Andersen et al. (2001) also found significant differences between porpoises
from the British North Sea and those from the Danish North Sea, as well as differences between
porpoises from Norway and both the Danish North Sea and the British North Sea. And Wiemann et al.
(2010) showed significant sub-structuring between the Danish North Sea and Norway. Thus, the
presence of three Management Units within the North Sea may also be a possibility.
Within Danish waters, Wiemann et al. (2010) found clear genetic evidence of a population split
between the Skagerrak and the Belt Seas, with a transition zone in the Kattegat area. This was
particularly evident in significant frequency shifts of the most abundant mitochondrial haplotypes. A
particular haplotype almost absent in the North Sea was the most abundant in the Belt Seas and Inner
Baltic Sea. Microsatellites yielded a similar pattern.
Separation of the North Sea and the Baltic Sea populations with an east–west border within a
transition zone in the Kattegat (waters South of the 58°N and North of 56°N latitudes) is supported by
3D skull geometric morphometric measurements (Galatius et al. 2012), satellite tracking (Sveegaard
et al. 2011), as well as microsatellite and mitochondrial genetic analysis (Andersen et al. 2001,
Wiemann et al. 2010). A combination of these studies suggests a transition zone between the Baltic
Sea and Baltic Proper populations between Fehmarn Belt and 14°20’E (Sveegaard et al. 2015). The
genetic evidence for a division between the Baltic Sea and the Baltic Proper populations is not as
strong as the division between the North Sea and the Baltic Sea population, but Wiemann et al.
(2010) nevertheless advocated a precautionary division into two separate Management Units. The less
pronounced genetic and morphological differences may be due to the young age of the Baltic Proper
population: a recent investigation indicates immigration and establishment of harbour porpoises in the
Baltic Sea around 9000 years ago when the previously closed connection to the Atlantic Ocean was
established through the Danish straits as a result of ice melting in the Arctic, following the last Ice Age
(Sommer et al. 2008).
Most recently, Lah et al. (2016) undertook a genome-wide analysis, using single nucleotide
polymorphisms (SNPs), derived from double digest restriction-site associated DNA sequencing
(ddRAD-seq), as well as 13 microsatellite loci and mitochondrial haplotypes. They observed a distinct
separation of the North Sea harbour porpoises from the Baltic Sea populations, but also identified
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splits between porpoise populations within the Baltic Sea. In particular, they observed a notable
distinction between the Belt Sea and the Inner Baltic Sea sub-regions, supporting other authors who
have advocated for porpoises in the Baltic Proper to be considered a distinct separate population.
From telemetry studies and passive acoustics, seasonal migrations of porpoises have been reported
for the Skagerrak populations, which migrate westward in the winter towards the southern tip of
Norway and into the northern North Sea, for the Kattegat populations which may migrate southward
through the Great Belt in the winter, as well as for the porpoises from the Belt Sea and inner Baltic
Sea, which may migrate westward to the Pomeranian Bay and from the Kadet trench into Danish
waters, respectively (Verfuß et al. 2007, Sveegaard et al. 2011, Gallus et al. 2012, Benke et al. 2014).

Conclusions
Harbour porpoises are distributed more or less continuously across the shelf seas of northern Europe.
Nevertheless, there is evidence (e.g. genetic, morphometric, telemetry studies of movements) for
demographically distinct populations which we commonly refer to as management (or assessment) units.
Animals around the Iberian Peninsula appear to be more closely related to those from NW Africa; in the
Bay of Biscay the species is relatively uncommon and forms an admixture of animals from both south and
north; the population in the Celtic Sea shows differences from those in the North Sea where there may be
further sub-structuring, and separation from those in Danish Belt Seas. The porpoise population in the
Baltic Proper is small, and distinct from those further west. The Black Sea population is geographically
isolated from those in the Atlantic, the species being absent from much of the Mediterranean, and is
genetically distinct. Presumably the species once occurred in the Mediterranean for there to have been
colonisation of the Black Sea.
Harbour porpoise populations form at least ten management units in western Europe, and an isolated
population in the Black Sea (with small numbers in the neighbouring Aegean Sea). Several of these occur
across Member State boundaries, and therefore the species is perhaps best listed under category S1 as
having a clearly sustainable meta-population above Member State level. Supra-national management
units can be listed under category S4. It is not generally considered to be a fully migratory species,
although there is movement of individuals across national boundaries.

Step 1.3 - Historical perspective: what happened to the species?
Although population surveys in Europe only started in the 1990s, several publications present
evidence indicating widespread harbour porpoise declines during the middle of the last century
(Verwey 1975, Teixeira 1979, Casinos & Vericad 1976, Evans 1980, 1990, 1992, Evans & Scanlan
1990, Smeenk 1987, Reijnders 1992, Tregenza 1992). Over that period, the species became rare in
the southern North Sea, the English Channel, Bay of Biscay, and around the Iberian Peninsula. Since
the 1990s, porpoises have returned in numbers to the southern North Sea and parts of the English
Channel although they have become less abundant in the northernmost North Sea (Camphuysen
2004, Camphuysen & Peet 2006, Evans et al. 2003, 2008, Hammond et al. 2013).
There is uncertainty over the historical status of the species in the Mediterranean from which it is
currently virtually absent, but during the latter half of the last century, numbers in the Black Sea were
dramatically reduced by massive direct killing for the cetacean-processing industry that continued until
1983 (Smith 1982, IWC 2004, Birkun & Frantzis 2008). Large directed takes occurred during the years
1976-1983 before the ban on small cetacean hunting was declared in Turkey in 1983. Within that
period, the total number of harbour porpoises killed was at least 163,000-211,000 (Birkun & Frantzis
2008). Illegal direct killing of unknown numbers continued in some parts of the Black Sea until 1991.
Regionally extensive incidental mortality of porpoises in bottom-set gillnets is roughly estimated to
have been in the thousands annually through the 1980s. The scale of this mortality almost certainly
increased in the 1990s-2000s owing to the rapid expansion of illegal, unreported and unregulated
fishing in the Black Sea (Birkun & Frantzis 2008).
Until 1983, unregulated hunting was the primary threat (IWC 1992, 2004). Very large numbers of
harbour porpoises (as well as other cetaceans) were taken during the 20th century by all Black Sea
countries for a variety of industrial uses (Kleinenberg 1956, Tomilin 1957). Although the total number
killed is unknown, it may have been as many as four or five million for all species combined (e.g. see
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review in Smith 1982). It is widely accepted that all Black Sea cetacean populations, including Harbour
Porpoises, were badly reduced by the directed fishery (IWC 1983, 1992, 2004). Catches of harbour
porpoises were numerically fewer than those of common dolphins until 1964 when harbour porpoises
became predominant (Danilevsky & Tyutyunnikov 1968, Smith 1982). Turkish catches of harbour
porpoises in the early 1970s (see Berkes 1977) were thought to be at least as high as, and possibly
much higher than, those estimated for 1976-1981 (34,000-44,000 per year according to IWC, 1983,
assuming that harbour porpoises accounted for 80% of the total). At least since 1991, there has been
no evidence of illegal directed takes although such takes had been reported before that time (IWC
1992).
At present, incidental mortality in bottom set gillnets is the most serious threat (e.g., Birkun 2002a).
Although all three Black Sea cetacean species are ‘bycaught’, the majority (95%) of recorded cetacean
entanglements are of porpoises. Although absolute numbers of removals cannot be estimated from the
available data., there are indications that the annual level of harbour porpoise bycatch may be in the
thousands.
There have also been a number of mass mortality incidents of porpoises in the region. An explosion at
a gas-drilling platform in the Azov Sea in August 1982 resulted in the deaths of over 2,000 porpoises
(Birkun 2002b). Large-scale pelagic and small-scale coastal fisheries may affect Black Sea harbour
porpoises indirectly by reducing their prey populations and degrading their habitat. Primarily, this
relates to anchovies and sprats in the Black Sea and gobies in the Azov Sea. In particular, overfishing,
eutrophication and the population explosion of an introduced predator, the ctenophore Mnemiopsis
leidyi, led to a dramatic (8 to 12-fold) decline of sprat and anchovy abundance in the early 1990s
(Prodanov et al. 1997). This reduced prey availability coincided with two mass mortality events (in
1989 and 1990) primarily affecting porpoises resulting from a severe nematode infection with bacterial
complications (Birkun 2002c). This may have been exacerbated by immuno-suppression associated
with PCB contamination Birkun & Frantzis 2008). Reported levels of DDTs and HCHs in Black Sea
harbour porpoises at the time were higher than those in conspecifics elsewhere in the world (Tanabe
et al. 1997). Chemical pollution is thus also a potential threat, particularly in the context of epizootics.
Black Sea harbour porpoises are also affected in some years by ice entrapment in the Azov Sea
In the European Atlantic and North Sea, the main threat to harbour porpoise is thought to be bycatch, mainly from bottom set gill nets and pelagic trawls, with regions most affected including
western Norway, central and southern North Sea, and Celtic Sea (Donovan & Bjørge 1995, Tregenza
et al. 1997, Kaschner 2003, Vinther & Larsen 2004, Winship 2009, Bjørge et al. 2013, ICES 2015a, b).
However, attacks by bottlenose dolphins (Ross & Wilson 1996, Jepson & Baker 1998), depletion of
prey resources (Evans 1990, Reijnders 1992), noise disturbance (Carstensen et al. 2006, Brandt et al.
2011, Teilmann & Carstensen 2012), and infectious disease potentially arising from high contaminant
levels (particularly of PCBs) (Bruhn et al. 1999, Kleivane et al 1999, Jepson et al. 2005, 2013, 2016,
Hall et al. 2006) are also believed to pose threats. From post mortem examinations of 1,692 porpoises
stranded in the UK between 1991 and 2010, 23% from infectious disease, 19% were thought to be
the result of bottlenose dolphin attacks, 17% were diagnosed as by-catch, 15% died from starvation,
and 4% live-stranded, (Deaville & Jepson 2011).
In inner Danish waters, harbour porpoises are thought to have been directly exploited since the Stone
Age (Möhl 1970), with written records dating from the fourteenth century (Kinze 1995). The overall
average annual take was thought to have been c. 1,000 animals with a known minimum total of
59,028 for the years 1819-92 (Kinze 1995). In the 1880s, the annual catch level increased to c. 2,000
of a grand total of c. 3,000 animals in all Danish waters. The actual catch may have been sustainable
for several centuries until about 1870 (Kinze 1995). In the Lille Belt area, the take occurred annually
in winter and spring, and consisted of migrating animals with summer ranges thought to extend into
the Baltic proper. The population in the Baltic proper is currently estimated at only c. 600 animals
(SAMBAH 2016), attributed to a marked decline in the second half of the twentieth century (Kinze
1995). The hunt ceased in the first half of the twentieth century although it is not clear whether the
decline had already begun by then. The historic range of the harbour porpoise extended into the
north-eastern parts of the Baltic Sea but during the second half of the twentieth century, when
numbers declined, the distribution range narrowed, and now the species is largely confined to the
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western end (Koschinski 2002, SAMBAH 2016). It has often been concluded that porpoises escaped
from ice cover in the eastern Baltic Sea in the winter and re-colonised the Baltic Proper in spring
(Koschinski 2002). However, more recent observations, as described above, indicate that migration
behaviour is much more complex and diffuse (Verfuß et al. 2007, Sveegaard et al. 2011, Gallus et al.
2012, Benke et al. 2014).
Concern has been raised about the long-term viability of the harbour porpoise population in the Baltic
Proper. Bycatch at possibly unsustainable levels, contaminants, overfishing of prey species and
disturbance have all been identified as potential threats (Koschinski 2002, SAMBAH 2016).
Environmental contaminants most likely affect the long-term viability of Baltic Sea harbour porpoise
stocks and might have been a major cause for the apparent decline between the 1940s and the 1970s
(Teilmann & Lowry 1996, Koschinski 2002). Since then, concentrations of PCBs and other
organochlorine contaminants have declined. To date, the most important threat to Baltic Sea harbour
porpoises is bycatch in salmon drift nets and bottom-set gillnets (for cod and other demersal species)
(Lindroth 1962, Skóra et al. 1988, Christensen 1991, Skóra 1991, Berggren 1994, Kock & Benke
1996), although noise pollution has the potential to increasingly become a threat due to the
development of new activities in the Baltic Sea (e.g. offshore wind farms, fast ferries - Koschinski
2002, Teilmann & Carstensen 2012).
Climate change may also affect harbour porpoises either by altering human activities and thus
pressures or by affecting the stock sizes and distribution of their prey (Evans & Bjørge, 2013). There is
some evidence that changes in the stock sizes of initially herring and subsequently sand eel may have
resulted in shifts in the distribution of porpoises in the North Sea and Danish waters (Evans 1990,
Reijnders 1992, Hammond et al. 2013). In the past, porpoises in the Baltic Proper are reported to
have experienced periodic catastrophic mortality from severe winter ice conditions (Lindroth 1962,
Berggren 1994, Teilmann & Lowry 1996).
Step 1.4 - Analysis of distribution and trends
Population estimates do not exist for the entire North Atlantic range of the harbour porpoise, or even
for the European range. However, the widest scale surveys were SCANS undertaken in 1994, followed
by SCANS-II in 2005, and SCANS-III in 2016. From line transect SCANS surveys in July 1994
(Hammond et al. 2002), an overall population estimate of 341,000 porpoises (CV=0.14; 95% CI:
260,000-449,000) was made, with the following regional estimates: North Sea (c. 250,000), NW
Scotland (c. 18,000), Baltic region (36,600 in Kattegat / Skagerrak / Belt Seas / Western Baltic Sea),
Channel (0), and Celtic Shelf (36,300). Only a small portion of the Baltic Proper was surveyed.
A repeat survey in July 2005 (SCANS-II), covering a wider area (continental shelf seas from SW
Norway, south to Atlantic Portugal), gave an estimate of 375,358 (CV=0.20; 95% CI: 256,300549,700) (Hammond et al. 2013), with regional estimates: North Sea including Shetland & Orkney
(c. 191,500), Baltic (19,100 in E. Skagerrak / Kattegat / Belt Seas / Western Baltic Sea), Channel
(40.900), Celtic Shelf (72,400), Irish Sea (15,200), Atlantic Ireland & Scotland (33,800) and the
Iberian Peninsula & SW France (2,400).
Comparing the two surveys, although the overall number estimated for the North Sea, Channel and
Celtic Sea was comparable (341,000 in 1994, and 305,000 in 2005), numbers in the northern North
Sea and Danish waters had declined from 239,000 to 120,000, whereas in the central and southern
North Sea, Channel and Celtic Shelf, they had increased from 102,000 to 215,000. This is thought to
represent a southward range shift rather than actual changes in population size (Winship 2009,
Hammond et al. 2013), at least for the month of July. In Norwegian waters, estimates of

11,000 porpoises (95% CI: 4,790-25,200) for the Barents Sea and Norwegian waters north of 66oN,
and 82,600 (95% CI: 52,100-131,000) for southern Norway and the northern North Sea, were made
during July 1989 (Bjørge & Øien 1995). There have been no abundance estimates for porpoises
covering Norwegian waters since then.
A third SCANS (SCANS-III) survey was undertaken in July 2016. Taking equivalent areas between the
three surveys, they revealed no significant change, with 407,177 (CV 0.18) in 1994, 519,864 (CV
0.21) in 2005/07, and 466,569 (CV 0.15) in 2016 (P.S. Hammond pers. comm.). The southwards shift
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in abundance of porpoises in the North Sea that was observed between 1994 and 2005 has persisted
through to 2016.
The number of porpoises in the Baltic Proper has recently been estimated at 497 individuals (95% CI
80-1091), using sonar click detectors (C-PODs) deployed at a total of 304 locations spread around the
region between 2011 and 2013 (SAMBAH 2016).

Conclusions
The harbour porpoise is thought to have been much more widespread and abundant in the shelf seas of
Europe in previous centuries. Although quantitative information is largely lacking, the species appears to
have experienced widespread declines in the middle of the twentieth century. Since the mid 1990s,
populations of harbour porpoise in the Atlantic, North Sea and Danish Belt Seas may have remained
stable. On the other hand, although direct hunting in those regions has ceased, the genetically distinct
porpoise populations in the Baltic Proper and the Black Sea continue to face serious pressures from
fisheries bycatch and a range of other human activities, with little signs of recovery. Current threats to
populations throughout Europe include fisheries bycatch, depletion of prey resources, pollution and noise
disturbance. If those human pressures are reduced, there is scope for recovery of depleted populations.
Ideally, population trends should be considered separately for each of the Management Units that have
been recognised. Up to now, that has not been done although the three large-scale synoptic surveys
conducted in northern Europe at decadal intervals have enabled abundance estimates to be made by ICES
sub-area, and some of these more or less coincide with MUs. However, the confidence limits tend to be
too wide at a regional scale to robustly determine trends. These surveys started in the mid-1990s after
the Habitats Directive came into force. Thus, there are no data prior to human impacts in these areas, so
it is not possible to set a historical baseline. Although the historical abundance and distribution is
unknown, there is good evidence that the species was once more widely distributed in western Europe,
and more abundant in the Baltic Proper and the Black Sea. The results of those surveys at a larger scale
show no significant trend over the last twenty years.

Step 2.1 - FRP assessment
Scarcely any quantitative information exists of population numbers for bottlenose dolphin before the
Habitats Directive came into force in 1992, despite the fact that this species is the best known of all
cetaceans. Nevertheless, there is evidence that the species was more abundant in the Baltic Proper
and Black Sea in historical times, and that in North-west Europe (particularly the North Sea and
English Channel), it experienced widespread declines in the middle of the twentieth century from
which it may then have partially recovered.
The indication therefore is that FRP for at least some of the management/assessment units should be
above the current values. This is clearest for the Black Sea where habitat degradation and fisheries
conflicts as well as past human exploitation have almost certainly depressed populations well below
their natural carrying capacity. The same applies to the Baltic Proper which has been exposed to
similar pressures. Thus, if conditions are improved, one might expect populations to increase, and to
recolonise areas (e.g. eastern Mediterranean and eastern Baltic respectively), where the species is
currently very rare. The recent shifts in centres of abundance observed in the North Sea very probably
relate mainly to changes in food availability. Whether or not this affects the overall population size for
different management/assessment units is unclear. Further south, there is a hiatus in the Bay of
Biscay where the species is uncommon. This may relate primarily to the bathymetry of most of the
Bay which is at greater depths to that of the favoured foraging habitat of porpoises. Recovery in this
area may therefore be more constrained, although genetic studies indicate there is mixing of
populations taking place along the French Atlantic coasts from both north and south.
As mentioned for bottlenose dolphin, whole genomic analysis using restriction site associated DNA
sequencing is recommended for insights into the extent to which present day populations have
experienced contractions in size and loss of genetic diversity. Genetic analysis enables one to estimate
the effective population size (Ne) for management units prior to major human impacts.
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The order of magnitude of FRP is difficult to determine but is likely to be in the range of one to five
million animals. This is for the species throughout Europe and including the Black Sea. For individual
MUs, it will be much less.

Conclusions
FRP >> CV (Baltic MUs in MBAL, Black Sea MUs in MBLS)
FRP > CV (Atlantic MUs in MATL)

Step 2.2 - FRR assessment
Harbour porpoises are thought to have occurred throughout the shelf seas of Europe. Nowadays it is
largely absent from the Mediterranean Sea and the eastern part of the Baltic Proper. The current
range could therefore extend to include those areas if suitable conditions prevailed.

Conclusions
FRR >> CV (Baltic MUs in MBAL, and Mediterranean MUs in MMED)
FRR > CV (Black Sea MUs in MBLS, Atlantic MUs in MATL)
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1.4

Humpback whale (Megaptera novaeangliae) in the
European Atlantic

Step 1.1 - Biology of the species
The humpback whale (Megaptera novaeangliae) is a large rorqual from the family Balaenopteridae
that includes blue, fin, sei and minke whale. The species has no strongly organised social structure. It
is typically found singly or in small unstable groups, although large feeding aggregations can occur in
summer, and large competitive groups of males can form around females in breeding areas. Group
size is often associated with the size of the exploited prey patch, although due to the severe historical
overexploitation of the species, aggregations rarely number more than ten individuals. Breeding is
strongly seasonal, with most births in low latitudes in winter (peak January-March). The age at which
humpbacks become sexually mature varies by population, from 4 to >10 years for both sexes. Once
mature, females give birth to a single calf typically every 2-3 years, with occasional annual calving.
Longevity is at least 48 years, and possibly much longer. The generation length has been estimated at
14.5 years (21.5 years in populations at a stable state). The generalist diet includes both shoaling
fish, notably herring, sprat, sandeel, mackerel and, in polar regions, capelin, and plankton (mainly
euphausiids). More detailed accounts of the biology of the species can be found in Clapham (1996),
Claphan & Mead (1999), Clapham & Evans (2008), and Clapham (2009).
Step 1.2 - Spatial scale of functioning
The humpback whale has a worldwide distribution in all seas, occurring even occasionally to the ice
edge. It is a highly migratory species, feeding in summer in high latitudes, and mating and calving in
winter in tropical waters, although a few overwinter on the feeding grounds. The species shows strong
individual fidelity to feeding areas; in the North Atlantic, these include the Gulf of Maine, Gulf of St
Lawrence, Newfoundland/Labrador, Greenland, Iceland and Norway. Matching of photographically and
genetically identified individuals indicates that the eastern North Atlantic population migrates primarily
to the West Indies (Martin et al. 1984, Stevick et al. 1998, 2003, 2006), although some animals
winter in the Cape Verde Islands (Reiner et al. 1996, Hazevout & Wenzel 2000, Jann et al. 2003);
genetic analysis suggests a third, unknown, breeding area. Despite fidelity to specific feeding grounds,
however, whales from all North Atlantic areas appear to mix spatially and genetically in the West
Indies in winter.

Figure 1.4.1

North Atlantic distribution of humpback whale (depicting those areas where the

species is thought to regularly occur)

The species is more common on the west side, spending the summer in Baffin Bay and along the New
England coast. In the eastern North Atlantic it occurs around Iceland, Norway, the British Isles and
Ireland. North Atlantic humpbacks winter in the West Indies with small numbers around the Cape

Wageningen Environmental Research report 2929

| 47

Verde Islands off North-west Africa (Figure 1.4.1). The species is only a casual visitor to the
Mediterranean and the Baltic Seas (Notarbartolo di Sciara & Birkun 2010, Kinze et al. 2010).
In European shelf waters, humpback whales occur mainly between May and September, and this was
the period when catches from whaling activities were highest (Thompson 1928, Brown 1976, Clapham
& Evans 2008). However, particularly from the British Isles and Ireland south to the Iberian Peninsula,
sightings may occur at any time of year, including November to March, as indicated also from acoustic
detections with SOSUS hydrophone arrays offshore in the North Atlantic at these latitudes (Clark &
Charif 1998, Charif et al. 2001). Sightings in Ireland, occurring mainly along the south coast, increase
through the summer to peak in September to December, rapidly declining between January and May
(Berrow et al. 2010).
Six distinct feeding aggregations have been identified in the North Atlantic: Gulf of Maine; Gulf of St
Lawrence; Newfoundland/Labrador; West Greenland; Iceland; and North Norway (including Bear
Island and Jan Mayen) (Reilly et al. 2008). Genetic and photo-ID data indicate that the six feeding
aggregations represent relatively discrete subpopulations, fidelity to which is determined matrilineally.
However, because whales from different feeding grounds all mix in a common breeding area in the
West Indies, there is male-mediated nuclear gene flow between the subpopulations.

Conclusions
Current knowledge indicates that the humpback whale in the Atlantic, which is its main range in Europe,
should be listed under category MNR4, a non-reproductive population of a migratory species with
individuals with large home ranges and showing large cyclic, directed movements, although it is possible
that a segment of the North Atlantic population belongs in category MNR1, as a largely non-reproductive
population of a (partial) migratory species with clearly sustainable size and extent above Member State.
The same population can occur in different Member States in time.

Step 1.3 - Historical perspective: what happened to the species?
Humpbacks were heavily exploited in the past by pre-modern whaling in their breeding grounds in
both the West Indies and the Cape Verde islands, and by modern whaling in their feeding grounds,
especially off Iceland and off Norway in the late 19th and early 20th centuries (Reilly et al. 2008).
Catches of pre-modern whaling are estimated primarily from trade records. Catches of early modern
whaling also need to be estimated, because most of the catch records were not divided by species.
Catches in the West Indies (including Bermuda) are documented from 1664 to the present day, but
the main period was 1826-1928, during which about 8,600 whales were estimated to have been killed.
Whaling in the Cape Verde Islands occurred primarily during 1850-1912 with a total estimated kill of
about 3,000 animals. An estimated 3,200 were taken from Iceland and 2,000 from northern Norway
during 1880-1916 (Reilly et al. 2008). About 1,500 humpback whales are reported to have been killed
in the North Atlantic since 1916, from a variety of areas including the British Isles, Faroe Islands,
Norway, Iceland, Greenland, and eastern Canada, as well as Norwegian pelagic catches (Reilly et al.
2007). However, humpbacks are no longer exploited in Europe.
There remains much debate over what the pre-exploitation population sizes were for humpback whale
(and other baleen whales), due to inaccuracies in the catch record, uncertainties surrounding genetic
estimates, and/or differences in time scales applied to the estimates (Roman & Palumbi 2003, Holt &
Mitchell 2004, Punt et al. 2006, Alter & Palumbi 2009, Smith & Reeves 2010, Ruegg et al. 2013).
Nevertheless, they generally indicate marked reductions in population sizes for most of the baleen
whale species since commercial whaling started. Based upon mtDNA analyses of genetic diversity, for
example, the pre-exploitation population size of North Atlantic humpback whales has been estimated
at 240,000 compared with a “current” estimate of 9,300-12,100 (Roman & Palumbi 2003). Ruegg
et al. (2013), estimated the long-term population size of c. 112,000 individuals, based on nuclear
gene diversity, which although lower than the mtDNA estimate, is still 2-3x higher than estimates
based upon catch data. Commercial whaling of humpback whales in the North Atlantic was banned by
the IWC in 1955, by which time it was estimated that this population had been reduced to
1,000 individuals (Mitchell & Reeves 1983, Katona & Beard 1990). So, whatever the historical
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population size, humpbacks in the North Atlantic do appear to be steadily increasing though probably
still nowhere near pre-exploitation levels.
The other known causes of mortality are bycatch, mainly through entanglement in ghost netting or
creel lines (Northridge et al. 2010; Ryan et al., 2016) and ship strikes (Evans et al. 2011), although
the species may be affected by noise disturbance from seismic surveys (Risch et al. 2012, Cerchio
et al., 2014). Prey depletion through overfishing or the effects of climate change may also have an
influence on humpback whale abundance and distribution (Evans & Bjørge 2013).
Step 1.4 - Analysis of distribution and trends
Overall, the North Atlantic population has recovered well from exploitation, estimated at somewhere
between 9,400-16,400 in 1992, with the great majority occurring in the west-central part (Smith et al.
1999, Stevick et al. 2003). NASS surveys around Iceland in the central North Atlantic gave an
abundance estimate of 10, 521 (95% CI 3,700-24,600) in 1995, and 14,662 (95% CI 9,400-29,900)
in 2001, mainly to the east and north of Iceland but also to the west (Paxton et al. 2009). In the
Barents and Norwegian Seas, the Norwegian survey estimate was 1,059 (CV=0.25) in 1995, and
1,450 (CV=0.29) in 1996-2001 (Øien 2009). Recent survey estimates suggest that the North Atlantic
population may be approaching 20,000 animals (Smith and Pike 2009). During SCANS-II and CODA
surveys, numbers observed in west European waters were too low to derive abundance estimates.
Sightings from around the British Isles and Ireland have increased markedly since the early 1980s;
occurring in three main areas – The Northern Isles south to eastern England; The northern Irish Sea
north to West Scotland; and the Celtic Sea between Southern Ireland, Southwest Wales and
Southwest England, with a few sightings and strandings also in the southern North Sea (Evans et al.
2003, Camphuysen & Peet 2006, Clapham & Evans 2008].

Conclusions
The humpback whale was intensively hunted in the European Atlantic during the nineteenth and first half
of the twentieth century. This is thought to have caused major reductions in population size. Whaling has
now largely ceased in the North Atlantic. Since the moratorium on commercial whaling in the mid 1950s,
the overall population appears to be steadily increasing.
Other human pressures such as bycatch, ship strike and noise disturbance exist but may not be of a
magnitude to have population level effects. Changes in prey abundance and distribution as a result of
overfishing or the effects of climate change may also have an impact.

Step 2.1 - FRP assessment
As a result of many years of intense human exploitation, population levels for humpback whales in the
European Atlantic will have been much lower at the time when the Habitats Directive came into force
than historically before exploitation, and so Favourable Reference Population size should exceed
Current Value, although by what magnitude is very difficult to say with confidence. Genetic analyses at
the mtDNA control region suggests that FRP could be two or three times the Current Value, although
this is based partly on what the generation length is set at (Roman & Palumbi 2003).
Whole genomic analysis using restriction site associated DNA sequencing is recommended for insights
into the extent to which present day populations have experienced contractions in size and loss of
genetic diversity. Genetic analysis enables one to estimate the effective population size (Ne) for
management units prior to major human impacts.

Wageningen Environmental Research report 2929

| 49

Conclusions
Kade The order of magnitude of FRP in the North Atlantic is likely to have been in the range of 100,000250,000 humpback whales, based upon genetic evidence. The bulk of the North Atlantic population breeds
in the West Indies, some of which then migrate into northern European waters around Iceland and
northern Norway. The declines that have occurred historically could continue to be reversed if conditions
allow.
FRP >> CV (European Atlantic, MATL and MMAC).

Step 2.2 - FRR assessment
The range of the humpback whale in Europe does not appear to have changed much from what it was
during the period of commercial exploitation, although by the latter half of the twentieth century,
humpbacks had become very scarce in the vicinity of the British Isles (Evans et al. 2003). There is no
historical evidence to suggest the species was ever common in the Mediterranean or the Baltic. That
FRR > CV relates to it being regular in its former range in areas where it is currently only an
occasional visitor.

Conclusions
FRR > CV (European Atlantic, MATL and MMAC).
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1.5

Minke whale (Balaenoptera acutorostrata) in the
European Atlantic

Step 1.1 - Biology of the species
The minke whale (Balaenoptera acutorostrata) is the smallest of rorqual whales of the family
Balaenopteridae occurring in the North Atlantic. It is usually seen singly or in groups of 2-3 individuals
although it may aggregate into larger groups of tens or even hundreds of individuals when in the
vicinity of prey concentrations. Minke whales frequently approach vessels and may bow- or stern-ride
them. Evidence from recognisable individuals indicates some seasonal site fidelity over a small
gepgraphic range. Differential migration by sex and age may lead to segregation by sex and breeding
condition. Breeding is diffusely seasonal, possibly occurring mainly in wintertime. Females are thought
to reach sexual maturity around 6 years, and males at 7 years of age. Once sexually mature, females
give birth to a single calf annually or every 2 years. Longevity is 40-50 years although the maximum
age recorded is 57.5 years. Generation length has been estimated at 13.0 years (22.1 years in
populations at a stable state). The diet comprises mainly shoaling meso- and benthopelagic fish, and
includes herring, sandeel, sprat, cod, haddock, saithe, whiting, mackerel, blue whiting and pouts, as
well as small cephalopods. In polar regions, capelin and plankton (copepods, euphausiids) may
predominate. More detailed accounts of the biology of the species can be found in Stewart &
Leatherwood (1985), Horwood (1990), Anderwald et al. (2008), and Perrin & Brownell (2009).

Figure 1.5.1

North Atlantic Distribution of Minke Whale (depicting those areas where the species is

thought to regularly occur)

Step 1.2 - Spatial scale of functioning
The species has a cosmopolitan distribution from the tropics to the ice edge in both hemispheres,
though more uncommon in equatorial waters (Figure 1.5.1). It is widespread along the Atlantic
seaboard of Europe from Norway south to the southern tip of Portugal, as well as in the North Sea,
although abundance is greatest in the north (Reid et al. 2003, CODA 2009, Hammond et al. 2013).
Around the British Isles and Ireland, highest numbers occur off the north and west coasts of Scotland
and the Hebrides, the west and south coasts of Ireland, central part of the Irish Sea including the
Celtic Deep, and in the northern and central North Sea including around the Dogger Bank; it is rare in
the southernmost North Sea and eastern half of the English Channel (Evans et al. 2003, Reid et al.
2003, Camphuysen & Peet 2006, Robinson et al. 2009, De Boer 2010, Berrow et al. 2010, Anderwald
et al. 2011, Baines & Evans 2012, Hammond et al. 2013). In the western English Channel south to
southwest Portugal, it is present but uncommon out to the edge of the continental shelf, but is largely
absent from the deeper parts of the Bay of Biscay (Evans et al. 2003, Reid et al. 2003, CODA 2009,
Hammond et al. 2013). The species is a casual visitor to Inner Danish waters, the Baltic and
Mediterranean (mainly the western part) (Kinze et al. 2010, Notarbartolo di Sciara & Birkun 2010).
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Most of the occasional strandings and sightings in the Mediterranean occurred in the Algero-Provençal
and Tyrrhenian subregions, although rare occurrences are known from the Levantine Sea off Israel.
Minke whales from high latitudes are thought to migrate southwards to winter in lower latitudes (Risch
et al. 2014); at mid-latitudes, however, such as around the British Isles and Ireland, at least some
have been recorded in every month of the year (Anderwald & Evans 2007).
There is some genetic evidence for two sympatric stocks existing in the North Atlantic, with
overlapping ranges, but otherwise no evidence of population structure (Anderwald et al. 2011). The
implication is that minke whales range extensively across the North Atlantic seasonally, but segregate
to some extent on at least two breeding grounds (as yet unidentified).
The population category should be largely the same as humpback whale (MNR4) except that
reproduction most likely can occur within the region, and movements may not necessarily be
directional – they may simply disperse for the most part off the continental shelf in winter. Although
there is some summer site fidelity, annual home ranges almost certainly exceed MS level.

Conclusions
Current knowledge indicates that the minke whale in the Atlantic and North Sea, which is its main range
in Europe, should be listed either under category MR4, a population of a migratory species with individuals
with large home range and showing large cyclic, directed movements. The same population can occur in
different Member States in time. It is not known whether migratory behaviour results in non-reproductive
populations in Europe.

Step 1.3 - Historical perspective: what happened to the species?
Whaling for minke whales in the North Atlantic dates back to at least the Middle Ages when a fishery
existed near Bergen, Norway (Collett 1912). However, it was not until the 1920’s that it became a
target of commercial whaling when stocks of the larger baleen whales like blue, fin and sei whale had
become so depleted that it was no longer economic to target them. Exploitation was greatest between
the 1940s and 1980s, with recorded catches totalling about 140,000 (Mitchell 1975, Reilly et al.
2008). The largest catches were by Norwegian “small-type” whalers who have taken about 120,000
since 1948, mainly in the Northeast Atlantic. Annual catches peaked at over 4,000 in the late 1950s,
declining to about 2,000 annually in the early 1980s. Whaling in Iceland began in 1914 and between
then and 1980, approximately 3,362 minke whales were taken (Sigurjonsson 1980). Catches were
phased out from 1984 to 1987. Commercial minke whaling resumed in 1993 at a lower level and
continues to the present.
Calculations of pre-exploitation population sizes have been fraught with difficulties. The often widely
different estimates obtained may be due to: inaccuracies in the catch record, uncertainties
surrounding genetic estimates, and/or differences in time scales applied to the estimates (Roman &
Palumbi 2003, Holt & Mitchell 2004, Punt et al. 2006, Alter & Palumbi 2009, Smith & Reeves 2010,
Ruegg et al. 2013). However, they generally indicate marked reductions in population sizes for most of
the baleen whale species since commercial whaling started. Based upon mtDNA analyses of genetic
diversity, for example, the pre-exploitation population size of North Atlantic minke whales has been
estimated at 265,000 compared with a “current” estimate of 149,000 (Roman & Palumbi 2003). Since
the moratorium on commercial whaling was imposed by the IWC in 1986, whaling has largely ceased
and populations of a number of species including minke whale appear to be recovering. The most
recent estimate for the entire North Atlantic was 182,000 (Reilly et al. 2008).
The minke whale is still exploited in Atlantic Europe by Norway, under objection of the IWC, resulting
in c. 24,300 animals taken since 1978 (averaging 200-600 per year). However, there is no indication
of a decline in numbers of minke whales in NW European seas since the mid 1980s, and indeed there
may have been an increase in some areas (Schweder et al. 1997, Evans et al. 2003, Skaug et al.
2004, Bøthun et al. 2009, Hammond et al. 2013, Paxton et al. 2016).
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The other known causes of mortality are bycatch, mainly through entanglement in ghost netting or
creel lines (Northridge et al. 2010) and ship strikes (Evans et al. 2011), although the species may be
affected by noise disturbance from seismic surveys and the use of mid-frequency active sonar
(Kvadsheim et al. 2017). Prey depletion through overfishing or the effects of climate change may also
have an influence on minke whale abundance and distribution (Evans & Bjørge 2013).
Step 1.4 - Analysis of distribution and trends.
Population estimates for minke whales in the Atlantic from southern Norway southwards including the
North Sea (i.e. EU range states) are from the SCANS, SCANS-II and CODA, and SCANS-III surveys. In
July 1994, the SCANS survey of the North Sea, English Channel and Celtic Sea estimated
8,450 individuals (95% CI: 5,000-13,500) (Hammond et al., 2002). A more extensive line transect
survey (SCANS-II) over the North West European continental shelf in July 2005 gave an overall
estimate of 18,958 (CV=0.35; 95% CI: 9,800-36,700) (Hammond et al. 2013). And the offshore
CODA survey in 2007 yielded a population estimate of 6,765 (CV=0.99; 95% CI: 1,300-34,200)
(CODA 2009). This latter estimate has very wide confidence intervals and was uncorrected for animals
missed along the track-line, and is therefore negatively biased. For the equivalent area surveyed in
1994 and 2005, there was no evidence for a significant change in numbers (Hammond et al. 2013).
The SCANS-III survey undertaken in July 2016 yielded an abundance estimate of 13,101 (CV=0.35;
95% CI: 7,050-26,700) (Hammond et al. 2017). This estimate applies to West Norwegian coastal
waters, North Sea (including English Channel), West Scotland, Irish Sea, Celtic Sea, Bay of Biscay,
and Iberian Peninsula, but excludes west and south of Ireland and offshore Portugal.
A population estimate for the entire North Eastern North Atlantic (based upon data from 2008-2013)
gave 90,000 individuals (95% CI: 60,000-130,000) (IWC website: <www.iwc.int>), with an additional
50,000 (95% CI: 30,000-85,000) in the central North Atlantic (2005-2007) (see also Lockyer & Pike
2009). Previously, the stock seasonally inhabiting the Norwegian and Barents Seas was estimated at
86,700 individuals (95% CI: 61,000-117,000) (Schweder et al. 1997). Assessing minke whale
numbers is difficult and controversial, since the species is inconspicuous at sea, and often reacts to
survey vessels. Nevertheless, the current population appears to be in a relatively healthy state.

Conclusions
The minke whale was intensively hunted in the European Atlantic throughout much of the twentieth
century. This is thought to have caused major reductions in population size by the 1980s. Whaling
continues but at a much lower level, and may no longer be limiting population growth. Other human
pressures such as bycatch, ship strike and noise disturbance exist but may not be of a magnitude to have
population level effects. Changes in prey abundance and distribution as a result of overfishing or the
effects of climate change may also have an impact.
Since the moratorium on commercial whaling in the mid 1980s, numbers taken (under objection of IWC)
have been in the order of 200-600 per annum, and the overall population may now be stable or
increasing.

Step 2.1 - FRP assessment
As a result of many years of intense human exploitation, population levels for minke whales in the
European Atlantic will have been much lower at the time when the Habitats Directive came into force
than historically, and so Favourable Reference Population size should exceed Current Value, although
by what magnitude remains difficult to say with confidence. Genetic analyses at the mtDNA control
region suggests that FRP could be as much as twice the Current Value (Roman & Palumbi 2003).
Whole genomic analysis using restriction site associated DNA sequencing is recommended for insights
into the extent to which present day populations have experienced contractions in size and loss of
genetic diversity. Genetic analysis enables one to estimate the effective population size (Ne) for
management units prior to major human impacts.
The order of magnitude of FRP in the North Atlantic is likely to be in the range of 200,000-300,000
minke whales, of which maybe 60% occur in the European Atlantic. The species has a more or less
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continuous distribution which in summer is concentrated in the northern North Atlantic (where females
may constitute c. 70% or more) (Horwood 1987, Anderwald et al. 2011). The declines that have
occurred historically could be reversed if conditions allowed.

Conclusions
FRP > CV (European Atlantic, MATL and MMAC).

Step 2.2 - FRR assessment
The range of the minke whale in Europe does not appear to have changed much from what it was
during the period of commercial exploitation, the whaling grounds being the same areas as those
occupied today (Mitchell 1975, Horwood 1987). There is no historical evidence to suggest the species
was ever common in the Mediterranean or the Baltic.

Conclusions
FRR = CV (European Atlantic, MATL and MMAC).
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2

Seals and turtles

Susan Gubbay

2.1

Grey seal (Halichoerus grypus) in the North-east
Atlantic and in the Baltic sea

Step 1.1 - Biology of the species
Grey seals (Halichoerus grypus) are marine mammals of the Phocidae, the earless or true seals. They
are streamlined, excellent swimmers and divers and rely on their blubber for insulation. For much of
the year they alternate foraging at sea with visits haul out sites on land where they may be found in
groups. Studies show that although seals may breed in the same region where they forage this is not
necessarily the case (Russell et al., 2013). Grey seals gather together for breeding, moulting and
hauling out. They typically produce a single offspring after which there is a short lactation period when
the pups feed on milk which is particular rich in fat. Males compete directly with one another for
females (the grey seal is highly polygynous) and typically reach sexual maturity at 6 years but most
do not become active breeders until 12-18 years of age. The males are larger than females, averaging
more than 2 m but have a shorter life span, seldom surviving more than 25 years. Female grey seals
may live for 35 years. Grey seals are generalist predators though largely demersal or benthic feeders,
with a diet that varies by season and location (Evans & Stirling, 2001; Bowen, 2016).
Step 1.2 - Spatial scale of functioning
The Grey seal occurs in the North Atlantic, Barents and Baltic Sea. The main concentrations are found
on the east coast of Canada and USA and in north-west Europe. Within Europe the vast majority of
grey seals are distributed in the UK, and especially at the Orkneys, Shetland, and the Isle of May.
Significant colonies also occur along the English east coast and in Wales. Other colonies are found in
Ireland, Iceland, and the Faeroe Islands. The largest group of grey seals in continental Europe is found
in the Dutch Wadden Sea, but they also occur in Normandy, Schleswig-Holstein, the KattegatSkagerrak, the Norwegian west coast and within the Baltic Sea.
Grey seals have specific breeding colonies which they return to in autumn. In general, female grey
seals return to the same colony to breed in successive years and often breed at the colony in which
they were born (Pomeroy et al., 1994). They forage in the open sea and return regularly to haul out
on land where they rest, moult and breed. They may range widely to forage and frequently travel over
100km between haul out sites. Foraging trips can last anywhere between 1-30 days (Russell et al.,
2013; Russell & McConnell, 2014).
There are three genetically distinct groups of grey seal; western and eastern North Atlantic groups,
which are believed to have diverged approximately 1 – 1.2 million years ago; and a Baltic Sea group
which is believed to have diverged from the North-East Atlantic population less than 9,000 years ago
(Boskovic et al., 1996; Decker et al., 2017; Härkönen et al., 2007; Olsen et al., 2016). There is a
degree of reproductive isolation between grey seals, for example between those that breed around
Scotland and south-west England, although satellite tracking studies reveal that there is intermingling.
Grey seals in Ireland, for example are generally considered part of a larger interacting population with
at least some groups of seals in the UK and France (Ó Cadhla et al., 2013) and the same between
grey seals in the UK and the Wadden Sea (Brasseur et al., 2015). There is also some hybridization
between Baltic Sea and north east Atlantic sub-species with the latter recolonizing historically
important areas for the Baltic Sea sub-species in the Kattegat and Skagerrak (Fietz et al., 2016). The
strength of the linkage depends upon the distance between the sites and the density of animals at
each site. Individual grey seals based at a specific haul out site often make repeated trips to the same
region offshore, but will occasionally move to a new haul out site and begin foraging in a new region.
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Grey seals colonies are part of a metapopulation across several Member States rather than having
discrete populations within individual Member States (Harrison et al., 2006: Härkönen et al., 2007). In
setting and reporting on Ecological Quality Objectives (EcoQOs) for the grey seal in the North Sea,
OSPAR identified nine geographical areas as ‘management units’; four in the UK, two in Germany, and
one each to cover grey seal pupping areas in France, the Netherlands and Norway (OSPAR, 2005).
Subsequently, with a change in terminology to ‘assessment units’ as advised by ICES the OSPAR
Common Indicator Assessment for grey seals uses monitoring data from twenty-six grey seal breeding
areas, albeit grouped under two larger regions, the North Sea and western Britain, Ireland and
western France (Table 2.2.1; ICES, 2014). In the Baltic Sea, HELCOM use the entire Baltic Sea area as
the assessment unit for grey seal (HELCOM, 2006).

Table 2.1.1 Marine Strategy Framework Directive (MSFD) assessment units within Member States
Country

MSFD assessment unit: Main breeding area monitored (from ICES, 2014)

United Kingdom

North Sea: Shetland, Scotland
North Sea: Orkney, Scotland
North Sea: Fast Castle, Isle of May and adjacent colonies, Scotland
North Sea: Moray Firth, east Scotland
North Sea: Farne Islands, east England
North Sea: Donna Nook & Norfolk colonies, SE England

Netherlands

North Sea: Wadden Sea

Germany

North Sea: Schleswig-Holstein, Wadden Sea

North Sea: Delta
North Sea: Helgoland
Denmark

North Sea: Limfjord
North Sea: Kattegat

Norway
France

North Sea: Rogaland
North Sea: Archipelago of Sept Iles and adjacent haul-outs
North Sea: Archipelago of Molene and adjacent haul-outs
North Sea: Baie de Somme and adjacent haul-outs

United Kingdom

Celtic Sea: West Scotland
Celtic Sea: Western Isles, Scotland
Celtic Sea: Welsh coasts and southwest England

Ireland

Celtic Sea: Sturral (near Glen head) to Maghera in SW Co.Donegal
Celtic Sea: the Inishkea Island group off northwest Co.Mayo
Celtic Sea: Inishshark, Inishgort and associated islands off NW Co.Galway
Celtic Sea: Islands around Slyne Head, Co.Galway
Celtic Sea: the Blasket Islands, Co.Kerry
Celtic Sea: the Slatee Islands, Co.Wexford
Celtic Sea: Lambay Island & Ireland’s Eye, Co.Dublin

Conclusions
This species could be listed under population category MR4 as individuals show large cyclic directed
movements which can show strong transboundary movements from year to year and have inherently
large home ranges forming one mixing population. The most appropriate population category is
considered to be MR1/S1 as the species is widespread with more or less continuous distribution (often
crossing national boundaries) and populations (assessment units) with more or less exchange at or below
national level and is not generally considered to be a fully migratory species.
Regarding the scale of assessment, grey seals in the Baltic Sea should be considered a separate
management unit from those in the North-East Atlantic as these are recognised as a separate subspecies. There is scope to define several other sub-populations but with no clear scientific consensus on
the most appropriate boundaries, it is recommended that FRPs are based on the twenty-six grey seal
breeding areas used as assessment units by OSPAR and recommended by ICES.
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Step 1.3 - Historical perspective: what happened to the species?
The grey seal is known to have been more abundant and have a greater range in the past, including a
continuous distribution of grey seal colonies along mainland Europe. Seal remains have been found in
some of the earliest human settlements in Scotland while sub-fossil remains reveal that grey seals
were common along mainland Europe. Their presence and abundance was sufficient to support the
hunting of grey seal pups during the Stone Age all along the European continent as well as from more
remote sites (Härkönen et al., 2007).
Hunting of seals, including the grey seal, has been the main historical anthropogenic pressure on this
species. Populations were severely depleted in the 16th and 17th centuries and this trend continued up
to the 20th century largely because of commercial exploitation for their meat, skins and oils. Hunting
pressure also resulted in its extirpation from some areas. For example, grey seals were no longer
present in the Baltic Sea area of Germany and Poland by 1912, and extirpated from the Kattegat by
the 1930s. During the 20th century additional pressures from human activity were the culling of seal
species that were considered pests, and the effects of pollution (PCBs) which reduced fertility.
There is good historical information, based on the hunting records and bounty systems, on which to
base population estimates for some seal species in some locations. These have documented collapses
in populations the Baltic Sea grey seal, in the Wadden Sea, the Kattegat and the Skagerrak, for
example. The last breeding populations of the grey seal disappeared in the 16th century in the Wadden
Sea and before 1900 in the Kattegat-Skagerrak and the Southwestern Baltic Sea as a result of an
extermination campaign. No regular pupping occurred along mainland Europe until the end of the
1970s. After hunting was banned and protected areas were designated most populations started to
increase exponentially (Heide-Jørgensen & Härkönen 1988; Kokko et al., 1999, Harding & Härkönen
1999; Härkönen et al., 2007).
The Baltic Sea grey seal is recovering after a century of bounty hunting and three decades of low
fertility rates caused by environmental pollution. Population estimates from the beginning of the 20th
century suggest that numbers exceeded 90,000 with a rapid decline to about 20,000 animals in the
1940s (Figure 2.2.1). Environmental pollution by organochlorines is considered the most likely reason
for continued decline in the 1960s and 1970s after hunting had ceased. In 2014 the grey seal
population in the Baltic Sea was reported as around 32,000 (HELCOM, 2016).

Figure 2.1.1

Historical minimum population size of grey seals in the Baltic, estimated from hunting

statistics (from Harding et al., 2007)

Grey seal numbers in the North-East Atlantic have also been increasing in recent decades. For
example, there has been a continual increase in pup production at grey seal colonies in the UK since
regular surveys began in the 1960s as well as expansion of newer colonies on the mainland coastal
sites on the east coast of England in recent years where grey seals have probably never previously
bred in significant numbers (SCOS, 2015). In the Dutch Wadden Sea, grey seals started to recolonise
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coastal haul outs in the 1950s after disappearing from the area in the 16th century. A few breeding
colonies were re-established in the German and Dutch parts of the Wadden Sea in the 1980s and the
first confirmed sighting of a breeding grey seal (with pup) in the Danish Wadden Sea in recent times
was recorded in 2014 (Jensen et al., 2015).
Recent increases in number and the recolonization of parts of its historic range indicate that the grey
seal is recovering naturally.
Step 1.4 - Analysis of distribution and trends
The historical distribution and abundance of the grey seal was significantly greater that the present
day. There was a dramatic decline during the 16th and 17th centuries and continued decline in the early
part of the 20th century. Based on hunting records the scale of the decline exceeded 90% in some
areas (Kattegat and Skagerrak and Baltic Sea) and by 100% in the Dutch Wadden Sea where it was
locally extinct by the 16th century. Reproducing grey seal colonies were also absent along mainland
Europe coasts until the 1970s (e.g. Brasseur et al., 2015; Harding et al., 2007; SCOC, 2015).
In the Baltic Sea, estimates of population size at the beginning of the 20th century vary from 80,000 –
100,000 individuals. In the 1940s, with high hunting pressure there was a sharp decline to about
20,000 seals and in the 1970s there were probably between 2,000-3,000 Baltic Sea grey seals. In the
Baltic Sea, the grey seal was therefore considered to have been depleted to about 5- 10% of pristine
abundances before protective measures were taken. Population growth exceeded 10% per year
between the early 1990s and mid-2000s, decreased to around 6% between 2010-12 and is now
increasing again (e.g. Heide-Jørgensen & Härkönen 1988; Kokko et al., 1999; Harding & Härkönen
1999; Harding et al. 2007; Kauhala et al., 2012; Härkönen et al., 2013).
Short term trends in grey seal populations are based on a combination of pupping data and counts of
adult seas. The overall trend is one of increasing numbers (Table 2.1.2). In the UK, for example, the
average increase in grey seal pup production between 2006 to 2012 ranges from 15.1% for colonies
at Donna Nook & East Anglia, 11.6% in the Firth of Forth, 3.3% in the Outer Hebrides and 3.0% in
Orkney (Figure 2.1.2; SCOS, 2015). In the Netherlands pup numbers increased at a rate of 19% per
year between 1985 and 2010 (Figure 2.1.3). In the Baltic Sea, based on data from the Swedish
coastline over the period 1990-2003, the mean annual rate of increase of the grey seal population is
estimated to have been 7.9% over the period 2000-2014 (Figure 2.1.4; HELCOM, 2016).

Table 2.1.2 Relative sizes and status of grey seal populations (from SCOS, 2015)
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Figure 2.1.2

UK grey seal pup production at annually monitored breeding colonies. Source.

Scotland’s Marine Atlas. Sea Mammal Research Unit
http://www.gov.scot/Publications/2011/03/16182005/54

Figure 2.1.3

Number of grey seals counted during the peak of moult each year and numbers of

pups counted in the Dutch Wadden Sea between 1980 and 2014 (from Brasseur et al. 2015)

Figure 2.1.4

Numbers of grey seals seen during sea monitoring counts (aerial surveys) in

May/June in the Baltic Sea (from Kauhala et al., 2012 based on Kunnasranta, 2010)

There have been changes in the spatial abundance of the grey seal in Europe in the recent past as well
as the historical past. In the early part of the 20th century grey seal numbers were much lower around
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Britain, Ireland and the Wadden Sea relative to the Baltic Sea. By the 1970s when overall numbers
were starting to increase, the British population made up a much higher proportion than the Baltic
population (Figure 2.1.5). More recently, surveys show increasing numbers of recolonizers at historic
haul out sites, for example in the Kattegat and the southwest Baltic although, in such areas, this has
been by the North East Atlantic sub-species rather than the previously present Baltic sub-species
(Fietz et al., 2016).

Figure 2.1.5

Historic and contemporary abundance of grey seal in northern Europe, showing a shift

in the relative population sizes of grey seals in the North Sea (NS) and the Baltic Sea (BS) (from Fietz
et al., 2016)

Conclusions
The historical distribution and abundance of this species was significantly greater that the present day.
There was a dramatic decline during the 16th and 17th centuries and continued decline in the early part of
the 20th century. This was principally due to hunting but other causes were the culling of seal species that
were considered pests, and the effects of pollution (PCBs) which reduced their fertility. Hunting records
indicate a decline which exceeded 90% in some areas (Kattegat and Skagerrak) and local extirpation.
Reproducing grey seal colonies became absent along mainland Europe coasts until the 1970s. In the Baltic
Sea, the grey seal is considered to have been depleted to about 5- 10% of pristine abundances before
protective measures were taken.
Grey seal numbers have been increasing in the north-east Atlantic and the Baltic Sea since 1970s. They
have also recolonised parts of their historic range since protective measures were introduced. This is
therefore a species for which there is evidence for ongoing natural recovery of depleted populations.
Over the short term (12 years), both the North East Atlantic and Baltic Sea populations of grey seal have
been increasing. There has also been some expansion of colonies in areas that were part of its former
range. Census data are available to calculated the magnitude of short term trends and some longer term
fluctuations and trends from the early to mid 20th century.

Step 2.1 - FRP assessment
The present day population of the grey seal is known to be substantially reduced from that of previous
centuries. Numbers continued to decline into at least the middle to late 20th century in some locations
and reproducing colonies are still absent from several regions where they were abundant two
centuries ago.
When the Habitats Directive came into force (1992), the grey seal population in Europe was at the
beginning of a period of recovery from a historical low. Population numbers continue to increase, albeit
at different rates in different colonies. Harding et al., (2007), using data on Baltic Sea grey seals, and
taking account the likely variation in annual counts, estimate that it will take between 7 and 13 years
to detect a 5% change in the growth rate of the population. Good Environmental Status (GES) under
the MSFD is considered to be achieved for the Baltic Sea grey seal if the population abundance
exceeds 10,000 animals and the population growth rate is greater or equal to 7% per year during the
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period of exponential growth and a decline of less than 10% per year during a 10 year period when
populations are at carrying capacity HELCOM 2016).
1) In the Baltic Sea the population size at the beginning of the last century (modelled) is estimated to
have been about 90,000 (HELCOM, 2016). In 2014 it was estimated at around 52,000, and continues
to grow exponentially with no suggestion that it is approaching carrying capacity. It is also not below
the calculated intrinsic growth rate of 10% which is considered the likely maximum in a healthy grey
seal population (HELCOM, 2016). FRP is therefore greater than HDV for the Baltic Sea management
unit.
2) The grey sea population in the North East Atlantic is also increasing. In the 1970s, for example
there were estimated to be between 53-54,000 in the UK and 2,000 in Ireland (Bonner, 1976 and
Smith, 1966 in Bonner 1979). For comparison, figures presented in Habitats Directive Article 17
reporting up to 2012, gave population size estimates of between 76,100-116,300 grey seals in the UK
and between 7,284-9,365 in Ireland. The situation in suggested management units in the UK and
Ireland is given in Table 2.1.3.
The grey seal is a good example of a naturally recovering species. Recognizing the considerable
decline from historical abundance, the grey seal is now recolonizing its natural range. Instead of
assessing a real-valued FRP, operators will be used until ongoing monitoring detects a stabilisation of
population size and distribution for a sufficient long time.

Table 2.1.3 Recovery of the grey seal in nine of the suggested management units (from Ó Cadhla,
et al. 2013, SCS, 2015)
Country
UK

MSFD a s s es s ment uni t:Ma i n breedi ng a rea moni tored
North Sea : Orkney, Scotl a nd
North Sea : Fa rne Is l a nds , ea s t Engl a nd

Irel a nd

Cel ti c Sea : Sturra l (nea r Gl en hea d) to Ma ghera i n SW Co.Donega l
Cel ti c Sea : the Ini s hkea Is l a nd group off northwes t Co.Ma yo
Cel ti c Sea : Ini s hs ha rk, Ini s hgort a nd a s s oci a ted i s l a nds off NW Co.Ga l wa y
Cel ti c Sea : Is l a nds a round Sl yne Hea d, Co.Ga l wa y
Cel ti c Sea : the Bl a s ket Is l a nds , Co.Kerry
Cel ti c Sea : the Sl a tee Is l a nds , Co.Wexford
Cel ti c Sea : La mba y Is l a nd & Irel a nd's Eye, Co.Dubl i n

Pup production
2010
2012
20,312
22,926
1,499
1,603
2005
2009-12
227 241 (2012)
386 526 (2012)
220 416 (2011)
68 104 (2011)
185 314 (2011)
163 151 (2009)
58
77 (2009)

Conclusions
For all management units/populations at least FRP > CV, recognizing the natural recolonization of its
natural range after a deep low.
For management units in the Baltic FRP >> CV.

Step 2.2 - FRR assessment
In the Baltic Sea, the breeding population was formerly distributed throughout the entire sea area.
Today breeding seals are concentrated in the northern Baltic. The area south of latitude 58⁰ N only
being recolonised very slowly. In the Danish Baltic and Kattegat, for example, only one haul out is
consistently used (HELCOM, 2016). Outside the moulting period the seals are less aggregated and can
be found throughout the Baltic.
In the North East Atlantic and particularly the coast of mainland Europe, breeding grey seals were
formerly more widespread. Colonies gradually started to recolonize formerly used sites since the
1970s but they are still absent from formerly known breeding sites. Around the UK, monitoring since
the 1960s, shows no change in the range where breeding colonies are distributed but now
considerably more breeding colonies within their range.
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Conclusions
Although the population of grey seals is increasing, the distribution and range of breeding colonies
remains reduced compared to historical reports.
For all populations and management units at least FRR > CV.
For management units in the Baltic, FRR >> CV is more appropriate.
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2.2

Loggerhead turtle (Caretta caretta) in the
Mediterranean

Step 1.1 - Biology of the species
The loggerhead turtle (Caretta caretta) is long-lived, widely distributed, and one of seven species of
extant marine turtle. They are carnivorous, opportunistic feeders with a diet that includes molluscs,
arthropods and echinoderms (Casale et al., 2008).
Marine turtles exhibit a variety of life history traits and exploit different environments at different
stages of their life cycle. In the case of the loggerhead turtle this is an oceanic-neritic developmental
pattern (Figure 2.2.1A). After hatching, juvenile loggerhead turtles have an oceanic stage, which may
last between 4-19 years, when they feed on plankton. After this, they return to shallow coastal waters
where they switch to benthic feeding although there are instances where tagged adults have been
reported from open ocean areas (McClellan & Read, 2003). More recent studies also suggest that apart
from a relatively short period when the turtles have limited diving capacity, and therefore limited
ability to feed on benthos efficiently, that they can frequent any oceanographic zone (Figure 2.2.1B).

A

B

Figure 2.2.1

(A) Life history pattern illustrating the sequence of ecosystems inhabited (from Bolten

2003). (B) An ‘opportunistic model’ of development stages (from Casale et al. 2008)

When sexually mature (at ages of between 10-39 years) females make cyclic reproductive migrations
to breed and nest near their natal beach. Male loggerheads may make a similar migration to breeding
areas near their natal beach. The average generation length has been estimated as equal to or greater
than 45 years (Avens & Snover, 2013, Bolten & Witherington 2003, Casale & Tucker, 2017). Whilst
there is site fidelity of nesting, demographically independent populations mingle at foraging grounds
and during migratory phases (Figure 2.2.3).
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Step 1.2 - Spatial scale of functioning
The loggerhead turtle has a circumtropical distribution, being present in Mediterranean Sea, and
Pacific, Indian and Atlantic Oceans (Figure 2.2.2). There are considered to be ten subpopulations and
these vary widely in populations size, geographic range and population trends (Casale & Tucker,
2017).

Figure 2.2.2

Global distribution and nesting sites for the Logger Head turtle (from Wallace et al.,

2010)

Figure 2.2.3

Model of loggerhead population structure in the North Atlantic, using three

hypothetical rookeries designated by red, green and black icons (Figure 2 from Bowen et al., 2005)

On the feeding grounds, there are cohorts from several breeding populations as well as mixing with
other regions (Figure 2.2.3). For example, there are links between nesting colonies in the North East
Atlantic and the feeding populations in the North East Atlantic and the Mediterranean Sea (Bolten
et al., 1998, Laurent et al., 1998). Tagging studies also reveal dispersal across biogeographical
regions. Two examples are the post nesting movements of turtles tagged in Greece where there were
marked clusters of recapture at the Gulf of Gabès and the Adriatic Sea (Margaritoulis et al., 2003),
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and tagging of mostly juvenile turtles in an Italian project showed recaptures in both the eastern and
western basins of the Mediterranean Sea.
Using information on marine turtle biogeography, including nesting sites, genetic stocks and
geographic distributions, the IUCN Marine Turtle Specialist Group has developed Regional Management
Units (RMUs) to provide a framework for evaluating threats and assessing the conservation status of
marine turtles (Wallace et al., 2010). Two RMUs have been described within Europe. A Mediterranean
unit, in which 82 nesting sites, 4 mitochondrial DNA (mtDNA) stocks and 4 nuclear DNA (nDNA) stocks
have been identified, and a North East Atlantic unit with 10 nesting sites, one mtDNA stock and no
date on nDNA stocks (Figure 2.2.4).

Figure 2.2.4

Regional Management Units (RMUs) for the loggerhead turtle as proposed by IUCN

(Casale, & Tucker, 2017)

Conclusions
The loggerhead turtle (Caretta caretta) is a widely distributed, highly migratory species with a large home
range. There is mixing of the foraging individuals at a supranational level but site fidelity of reproductive
females as they return to natal beaches to lay their eggs. Non-reproductive individuals can therefore be
categorized as MNR1 and the reproductive population as MR4.
This species has a circumtropical distribution, being present in Mediterranean Sea, and Pacific, Indian and
Atlantic Oceans. Ten sub-populations, which vary widely in population size, geographic range and
population trends, have been identified using information on marine turtle biogeography, including nesting
sites, genetic stocks and geographic distributions. Two sub-populations have been identified in Europe; a
North East Atlantic and a Mediterranean sub-population. It is proposed that FRV assessment for the
loggerhead turtle is carried out at a supranational level.

Step 1.3 - Historical perspective: what happened to the species?
The loggerhead turtle is exposed to different threats at different stages of its life cycle. Juveniles may
be caught in pelagic fisheries such as longlining, subadults populations are affected by actions near
the nesting colonies such as shrimp fisheries, dredging and pollution, and nesting females are
threatened by disturbance on beaches, erosion and construction activities near their nesting sites.
Turtle eggs may be taken for human consumption and there has been trade in turtle products as
curios. Climate change is likely to affect hatchling sex rations while sea level rise and storm frequency
may affect the condition and availability of nesting beaches.
Alongside impacts at sea there has been a degradation of nesting sites, with some areas known in the
past to be nesting beaches having been lost (e.g. Malta) or severely degraded (e.g. Israel)
(Margaritoulis et al., 2003). Disturbance of nesting females by traffic, beachfront lighting and noise,
uncontrolled development and construction are also issues. Furthermore, pollution, boat strikes nearshore fishing and use of underwater explosives have been identified as threats in the Mediterranean
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and elsewhere. Predators, including feral and domestic dogs, taking eggs can also be a significant
added pressure on nesting beaches.

Table 2.2.1 Summary results of subpopulation assessments and global assessments of the
loggerhead turtle for all IUCN Red List Criteria, and official Red List categories and criteria. Cells
shaded red and yellow indicate “Threatened” and “Near Threatened” category status respectively

At a global level, the IUCN Red List process has assessed the loggerhead turtle as Vulnerable (Casale,
2015, Casale & Tucker, 2017) due to an estimated decline of 47% over the last three generations
(Tables 2.2.1 & 2.2.2). This can mostly be attributed to the severe decline in the North West Indian
subpopulation, as all other subpopulations show some increase. Analysis of more recent trends
confirm that most of the subpopulations are showing a positive trend (Mazaris et al., 2017). Factors
likely to have contributed to recent growth in abundance at many sea turtle nesting sites are reduction
of illegal harvesting of eggs and protection from predators. Reduced harvesting of turtles at sea,
methods to reduce bycatch in fishing gear and international agreements prohibiting trade in sea turtle
productions have also benefited this species (Mazaris et al., 2017).
Step 1.4 - Analysis of distribution and trends
For marine turtles, annual counts of nesting females and their nesting activities (more often the latter)
are the most frequently recorded and reported abundance metric across index monitoring sites,
species, and geographic regions. There are some recognized limitations with this approach, for
example because nesting females are a very small proportion of a sea turtle population, and
uncertainty about many of the demographic parameters such as survivorship across life stages and
generation length. Monitoring effort and methodologies can also vary within and across study sties
complicating comparisons. A total of about 200,000 clutches are laid annually with an estimated
36,000- 67,000 nesting females annually (Casale & Tucker, 2017).
Six sub-populations out of the ten described (North West Atlantic, Mediterranean, South West Atlantic,
North West Indian, South West Indian, North Pacific) comprise about 90% of the current annual nests
globally. Trends estimated on time series datasets with more than 10 years of data on nesting
activities at 153 index nesting sites reveal different trends with an estimated decline globally of 47%
over the past three generations (Table 2.2.2).
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Table 2.2 2 Overall trends of the six Loggerhead Turtle subpopulations for which past and present
abundance values are available (such data are not available for the other four subpopulations
including the Nort East Atlantic)(from Casale & Tucker, 2017)

Conclusions
The loggerhead turtle is exposed to different threats at different stages of its life cycle. At sea, by-catch in
fisheries, boat strikes and pollution are the major threats. Onshore, nesting females are disturbed by
traffic, beachfront lighting and noise, uncontrolled development and construction. As a consequence,
there has been an overall decline in the population of this species at a global level, at least over the last
three generations, and it has been classified as Vulnerable on the IUCN Red List.
The total population size of loggerhead turtle is unknown but it has been estimated that there are
between 36,000-67,000 nesting females annually. Trends vary across the sub-populations but the current
estimate is that over the last three generations there has been a reduction of around 47%. This can
mostly be attributed to the severe decline in the North West Indian subpopulation, as all other
subpopulations show some increase. Analysis of more recent trends confirm that most of the
subpopulations are currently showing a positive trend.

Step 2.1 - FRP assessment (Mediterranean)
Loggerhead turtles are believed to have colonized the Mediterranean from stocks in the western
Atlantic, and the rookeries believed to have become isolated from the Atlantic populations at the
beginning of the Holocene (Encalada et al., 1998). Ten sub-populations have been identified globally
including a Mediterranean subpopulation although adult loggerhead turtles from the North East
Atlantic do occur in the western Mediterranean. Several genetic nesting stocks have been identified
within the Mediterranean sub-population (Carreras et al. 2007, Clusa et al. 2013, Garofalo et al.
2013), but metapopulation dynamics support its designation as a single sub-population, or regional
management unit (Wallace et al. 2010).
In the Mediterranean, the main threats are considered to be fishery bycatch and the degradation of
nesting habitat due to coastal development (Casale & Margaritoulis, 2010). In the eastern
Mediterranean, there was severe exploitation of turtles until the mid-1960s. Sella (1982) estimated at
least 30,000 turtles (green and loggerheads) were caught offshore of what is now Israel from the end
of the First World War until the mid-1930s for example. Loggerhead turtles were also taken in other
locations such as at Iskendeurn Bay and Isole Eolie north of Sicily where an estimated 500-600 turtles
were caught annually. Fishing of turtles has since been prohibited in many Mediterranean countries
but even where prohibited they may be trade. For example, Laurent et al., (1996) estimated that
several thousand turtles (around 68% loggerheads) are probably killed annually in Egypt.
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There are no historical data on population trends but the Mediterranean subpopulation is known to
have been affected and declined due to incidental catch in fisheries, egg harvesting and tourist
development on and around nesting beaches (Margaritoulis et al., 2003). There are certainly anecdotal
reports of a decrease in numbers compared to previous decades particularly at nesting sites, for
example on beaches around Croatia, Italy, Sicily, Greece and the Mediterranean coast of Egypt
(Casale et al., 2008). There are also anecdotal reports from fishermen of declines in the abundance of
sea turtle in marine areas, for example around Sicily (Casale et al., 2007).
More recent trends, based on anecdotal and survey data, suggest decreasing, stable and increasing
trends in different areas. Nest counts, mostly from protected beaches show an overall increase over
the past three generations and IUCN has assessed the status of the loggerhead turtle subpopulation in
the Mediterranean as being of ‘Least Concern’.
In 2013, the number of nests in the Mediterranean subpopulation was estimated to exceed 7,200 per
year (Casale & Margaritoulis, 2010). Data on nesting activity over the last ten years at 16 sites
considered to be representative, show different trends, but when considered together for the entire
Mediterranean, they show an overall increase over the past three generations of 7% per year
(Table 2.2.3, Casale, 2015). The assessment should however be treated with caution as the 16 sites
host less than half of the annual nests of the Mediterranean subpopulation. Updated analysis using
only time series data on abundance and population trends, where the most recent published annual
abundance was from 2010 or later, also reveals an upward trend in loggerhead turtle in the
Mediterranean sub-population (Mazaris et al., 2017).

Table 2.2.3 Summary of information on past and present nesting abundances and trends at index
nesting sites of the Mediterranean subpopulation. Values are average numbers of nests per year. Past
estimates were assumed to reflect abundance three generations prior, and thus used in calculation of
annual and 3-generation declines (from Casale, 2015)

Conclusions
There are no historical data on population trends of the Mediterranean subpopulation of loggerhead turtle,
but anecdotal reports suggest a decrease in numbers compared to previous decades particularly at
nesting sites. In 2013, the number of nests in the Mediterranean sub-population was estimated to exceed
7,200 per year. Data on nesting activity over the last ten years at 16 sites considered to be
representative, show different trends but when considered together for the entire Mediterranean, they
show an overall increase of 7% per year compared to the situation three generations ago.
As the Mediterranean subpopulation is believed to be recovering from a period of exploitation and impact
from other human activities FRP > CV.
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Step 2.2 - FRR assessment (Mediterranean)
The Mediterranean subpopulation of the loggerhead turtle ranges throughout this regional sea with the
highest density in the western Mediterranean (from the Alboran Sea to the Balearic Islands), the Sicily
Strait, the Ionian Sea and the continental shelves in the north Adriatic, off Tunisia-Libya, Egypt, and
off southeast coast of Turkey. Individuals from the North East Atlantic subpopulation are also known
to occur in the western Mediterranean, intermingling with adults from the Mediterranean
subpopulation (Casale et al., 2008).

Figure 2.2.5

Major nesting sites of loggerhead turtle in the Mediterranean (from Casale &

Margaritoulis, 2010)

Adults from the Mediterranean subpopulation mostly nest in the eastern Mediterranean basin
predominantly in Greece, Turkey, Cyprus and Libya (Figure 2.2.5). There has been no recorded
nesting in the eastern Adriatic although occasional nesting cannot be ruled out especially in the past
(Casale & Margaritoulis, 2010). There is a lack of historical data on the past distribution and
abundance of nesting beaches but anecdotal reports of more nesting activity in the recent past, for
example on beaches around Croatia, Italy, Greece and the Mediterranean coast of Egypt (Casale
et al., 2008).

Conclusions
The loggerhead turtle has a widespread distribution in the Mediterranean although nesting beaches are
largely confined to the eastern part. The numbers of females using particular nesting beaches has
fluctuated and although there are anecdotal reports of more widespread nesting this has cannot be
quantified. No reduction in range of foraging adults has been suggested, even when the population was
less abundant. The current range encompasses the entire Mediterranean basin.
It can therefore be concluded that the FRR for adults of this subspecies of the loggerhead turtle is the
entire Mediterranean basin, and that FRR = CV. For nesting females there is anecdotal information to
suggest that they ranged more widely therefore FRR > CV.
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3

Terrestrial mammals

Michela Pacifici, Carlo Rondinini & Luigi Boitani

3.1

Lesser horshoe bat (Rhinolophus hipposideros) in Italy

Step 1.1 - Biology of the species
Lesser horseshoe bats (Rhinolophus hipposideros) are the smallest of the European horseshoe bats,
weighting only 5-9 grams and with a wingspan of 192 to 254 mm. The mating system of the lesser
horseshoe bat is not well known. They breed in the autumn, producing 1 or 2 offspring. Average
lifespan in the wild is 3-4 years. The lesser horseshoe bat has a wide range in the western and central
Palaearctic. It is found in almost all the European countries, North Africa and the Middle east (Taylor
2016). In Italy, the species is present throughout the territory including some small islands (Capraia,
Elba, Giglio, San Pietro, Pantelleria)(Figure 3.1.1).

Figure 3.1.1

Distribution of the lesser horshoe bat in Itay (modified from Stoch & Genovesi 2016)

In Italy in 2003 there were 99 temporary roosting sites (max n. of individuals per site = 20), 88
hibernacula (max n. of individuals per site = 3) and 30 nurseries (max n. of individuals per site = 150;
Gruppo Italiano Richerca Chirotteri 2005). Individuals are usually solitary, except when forming
breeding roosts in the summer. Reproductive colonies number 2-100 females and a few males (Lanza
2012). During winter hibernation, these bats prefer to roost individually, but in proximity to others
(Schober and Grimmberger 1997).
Step 1.2 - Spatial scale of functioning
The species is sedentary. Winter and summer refugia are located within 5-20 km distance from each
other, but sometimes this distance can be much larger (Lanza 2012). The maximum distance covered
by an individual (282 km) was recorded by Arthur and Lemaire (2009) with no further details.
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Conclusions
This species could be listed under population category S1 as this bat is sedentary, widespread and living
in discrete colonies/subpopulations with a certain exchange resulting in one effective population at the
national (Italian) level.

Step 1.3 - Historical perspective: what happened to the species?
Since the 1950s, the northern border of the species’ range in central and western Europe has moved
southwards. The species became extinct in the Netherlands, northern Belgium, most of Germany and
Gibraltar. In Poland, 87% of the hibernating population became extinct between 1950 and 1990. In
Austria and Switzerland colonies remained only at higher elevations (>400 m), although in
Switzerland the species has started to recover over the last 10 years (from 2200 to 2500 of adults
contained in maternity roosts). Also in the Czech Republic the species is recovering, which might
reflect a general trend in central Europe (Taylor 2016). The mechanisms responsible for this decline
have not been conclusively identified, but since some populations of Pipistrellus pipistrellus have
increased substantially, possibly as a consequence of foraging upon insects attracted by street lamps,
one of the causes might be the increased competition with P. pipistrellus (Arlettaz et al. 2000). Other
possible causes are the loss of foraging habitat and the increasing use of pesticides in central and
northern Europe (Bontadina et al. 2002).
Step 1.4 - Analysis of distribution and trends
For Italy, Lanza in 1959 described the species as widespread and frequent, but the data currently
available for some regions (e.g. Tuscany and northern Piemonte) indicate that the species has
undergone a decline in the geographic range in the last decades. The loss of foraging sites due to an
increase in agricultural practices and in the use of pesticides has been one of the main causes of the
reduction in population size for the species. Like congeneric species, it is very likely that
R. hipposideros suffers from habitat loss due to deforestation of the flat areas in northern Italy.
Populations in caves and other underground habitats have suffered from increased disturbance (for
example by tourist visits to caves). In addition, the species suffered from the loss of summer refugia
in buildings (Rondinini et al. 2013). Significant reductions in the distribution of the species have been
reported for Tuscany in the last 60 years, Campania and Aosta Valley regions. In Piemonte, the
species was known to be widespread and common but current observations are sporadic and related
to single individuals, limited to the pre-alpine (Biella district) and Apennine reliefs (Alessandria district;
Toffoli 2005). Despite this general trend of decline, the species is increasing its populations in Liguria
and southern Piemonte (Lanza 2012). In fact, while in the 1970s the R. hipposideros was present in
only 4 caves, in 2003 and 2005 it has been recorded in almost all the Guardiabella caves (Imperia). In
these areas, the species has become recently more abundant to the detriment of R. ferrumequinum
with respect to the historical situation (Lanza 2012). In February 2000 150 individuals were counted
only in one cave (Sgarbu du Ventu).
Given its proved ability to recover in some of the areas in central Europe, Liguria and southern
Piemonte there might be scope for restoration.
Despite estimates of the total population size are unavailable for the species in Italy, according to
Rondinini et al. (2013), the lesser horseshoe bat has undergone a decline in its population size of
almost 50% in the last 3 generations (30 years). Several colonies disappeared in the last years,
especially in Campania (2 colonies out of 5 in a well-managed protected area since 1998) and the only
known reproductive colony in Aosta Valley. It has experienced a significant reduction in geographic
range size in Tuscany since the 1950s (the remaining range is probably <1% with respect to the
original one). Despite the overall decline in population size and distributional range, in the last
15 years the species has shown increases in population and range size in at least some sites in Liguria
and Piemonte.
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Conclusions
The lesser horseshoe bat is known to have been much more widespread and abundant in Europe in
previous decades and in the recent past. Substantial declines occurred starting from the second half of the
20th century. This was principally due to the loss of foraging sites, habitat conversion and the use of
pesticides. Other causes like human disturbance and deforestation have played a role in population
reduction in most of the regions in Italy, with information of steep declines and range contractions for
Tuscany and most of Piemonte regions. The magnitude of the overall decline in Italy is almost 50% in the
last 30 years, with some exceptions of recovery where the species has substituted R. ferrumequinum in
caves (> 150 individuals counted in only one cave near Imperia in 2000). In Tuscany, the current
population size is <1% with respect to the population in the 1950s.

Step 2.1 - FRP assessment
In general, in Italy, the present day population of the lesser horseshoe bat is known to be
substantially reduced from that of previous decades and significant distribution have been lost in the
regions Tuscany, Campania, Piemonte and Aosta Valley. Based on the information available on the
major reproductive colonies in Italy (Lanza 2012), and the areas in which the species is either lost or
known to be expanding, at least three long-term viable populations (with > 550 individuals) must be
restored, located in northern (Piemonte or Liguria), central (Tuscany or Lazio), and southern (southern
Campania) Italy, in order to ensure a long-term viable population in Italy covering the geographical
variation within its natural range. Despite the species is spread across the country, its population has
extremely reduced and not viable in many parts of the range. The proposed extent of the three viable
populations (around 40,000 km2) should ensure the current ecological variation within the species
range, since these areas were historically the most densely populated by lesser horseshoe bat
individuals.
Population estimates for the species in Italy are unknown, but Article 17 reporting suggests that the
FRP in the 3 biogeographic regions in the country (Alpine, Mediterranean and Continental) must be
larger than current value. Since no estimates exist, we used the method in Hilbers et al. (2016) to
estimate a mean MVP target of 547 individuals, given an estimated body mass value of 0.00471 kg.
We then used considerations about decline rate and loss of geographic (historical) variations within
the natural range for upscaling to the national (species) level, more specifically 1) requiring a
population representing past known geographical coverage in Italy (see above), 2) requiring a
population representing local climatic adaptation and genetic variation, for example, several
populations of small mammals in southern Italy are genetically distinct from the ones in central-North
Italy, and are likely to be separate species, and 3) considering feasibility (pressures and remaining
natural habitat).

Conclusions
Although estimates of population size for Italy are almost unknown, there is evidence that both in the long
and in the short term, the species was much more common and with a much larger distribution in the
past than when the Directive came into force. Since the population of the species extends in the
3 biogeographic regions of Italy (Alpine, Mediterranean and Continental), which are ecologically different
in terms of habitats for the species, we suggest to have at least one viable population in each
biogeographic region to ensure the current ecological variation within the species range, following Hilbers
et al.’s method:
FRP >> CV (suggested value about 550*3 = 1650 individuals).

Step 2.2 - FRR assessment
We know from the literature that the past range of the species was much larger than the 1994-value,
occupying almost the whole area of the country. From Figure 3.3.1 is instead evident that the species
is currently concentrated in central Italy, with spotted populations in the northern and in the southern
portions of the country, we set FRR >> DV, i.e. Italy extent. According to the Art. 17 reporting in
2013, the gridded distributional area for the species in Italy corresponds to 213,100 km2 (~2/3 of the
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Italian territory), and the current range size in the 3 biogeographic regions is considered as
favourable.

Conclusions
Even if the species is currently present in 2/3 of the Italian territory, and FRR might be current value, we
know that the species occupied the whole country since the 1950s. Therefore we suggest that :
213,000 km2 (CV) ≤ FRR ≤ 301,000 km2 (historic range).
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3.2

Cabrera’s vole (Microtus cabrerae) in the Iberian
peninsula

Step 1.1 - Biology of the species
Microtus cabrerae is a medium-sized rodent belonging to the Arvicolinae subfamily (with voles,
lemmings and muskrats). Among the members of the genus it has one of the largest body masses
(mean weight is 52 g, ranging between 30 and 78 g; Ventura et al. 1998). The coat has a rough,
brownish olive colour on the dorsal side and yellowish tinge on the ventral side.
Although Microtus cabrerae may reproduce throughout the year (Pita et al. 2010), breeding activity is
higher during the winter months, and in very dry years reproduction may even cease completely at
the end of the spring and the beginning of summer (Ventura et al. 1998; Rosário 2012). This
reduction or cessation of reproduction during the months with lowest precipitation and highest
temperatures has been associated with major declines in food quantity and quality (Ventura et al.
1998; Fernández-Salvador et al. 2005). Mean number of embryos varies from 3 to 7, which tends to
decline from winter to summer (Ventura et al. 1998), but mean litter size observed in captive animals
ranges from 3 to 5 individuals, thus suggesting a possible prenatal mortality (Fernández-Salvador
et al. 2001). Gestation length is about 23–24 days, and sex ratio of captive neonates does not differ
from 1:1 (Fernández-Salvador et al. 2001).
Step 1.2 - Spatial scale of functioning
The species is endemic to the Iberian peninsula (Portugal and Spain; Fernandes et al. 2008;
Figure 3.2.1). The small mammal has low mobility and occurs in vast areas, fragmented due to the
intensification of agriculture in the Iberian Peninsula since the Iron Age.

Figure 3.2.1

Current distribution of Microtus cabrerae. Green dots represent occurrence points.

From: Microtus cabrerae (Rodentia: Cricetidae, Mamm Species. 2014;46(912):48-70.
doi:10.1644/912.1)

Conclusions
Population category is S6: a small, resident species with low mobility and scattered (often fragmented)
distribution. For this category FRVs will be set at the national level.

Step 1.3 - Historical perspective: what happened to the species?
Microtus cabrerae is an Iberoccitane endemic species, originally occupying the Iberian peninsula and
southern France (Ayarzagüena & López-Martínez 1976; Cabrera-Millet et al. 1983; Sesé et al. 2011).
The geographical area of the species has reduced from the late Pleistocene (about 0.13–0.01 million
years ago) to recent times, and its current distribution range is restricted to the Iberian Peninsula

80 |

Wageningen Environmental Research report 2929

(Ayarzagüena & López-Martínez 1976; Cabrera-Millet et al. 1982; Fernandes et al. 2008; Figure 1).
The first range contraction of Microtus cabrerae was observed during the Last Glacial Maximum (late
Pleistocene, about 24 thousand years ago), and was followed by an expansion phase during the
Holocene Climatic Optimum (c. 8,000 years ago; Laplana & Sevilla 2013). A subsequent range
contraction took place during the Bronze Age, probably due to climatic warming and increase in aridity
(5,000–2,500 years ago; Cabrera-Millet et al. 1982; Fernández-Salvador 1998). However, population
retraction may have been particularly intense from the Iron Age (c. 2,000 years ago) to present,
suggesting that agricultural expansion has been the main cause of the reduction and fragmentation of
the distribution of M. cabrerae since that period (Garrido-García & Soriguer-Escofet 2012; Laplana &
Sevilla 2013), which has resulted in the destruction of suitable habitat for the species.
Step 1.4 - Analysis of distribution and trends
The conservation status of Microtus cabrerae reported by the International Union for Conservation of
Nature changed from “Lower Risk/Near Threatened” in 1996 to “Near Threatened” in 2008, based on
its restricted geographic range and area of occupancy (c. 2,000 km2), resulting from the severe
fragmentation of suitable habitat and subsequent population declines across many areas where the
species was present in the past (Fernandes et al. 2008). Despite the species has been recently found
in some new localities where it was not previously known (e.g., Garrido-García et al. 2008; Ortuño
2009), empirical observations suggest an overall declining trend of the species at both the regional
and local scales (Fernández-Salvador 2007). For instance, in Spain it is estimated that over the past
10 years, about one-third of populations of M. cabrerae from Cuenca, Toledo, Albacete, and Madrid
have disappeared or strongly reduced. Likewise, populations from Andalucia, Huesca, Zaragoza,
Navarra, and Zamora also have undergone strong reductions and high rates of local extinction
(Fernández-Salvador 2007). In Portugal, population trends are unknown, but recent steep declines are
suspected across most of the distribution of the species within the country (Queiroz et al. 2005). Over
the past years large amounts of suitable habitat across the species’ distribution range have been
replaced by intensively managed fields mostly devoted to crop and livestock
production (Pita et al.2006). In addition, the particularly severe and exceptional droughts affecting the
region (e.g., in 2005 and 2012), resulted in considerable reductions in populations of the species, and
extremely low recovery abilities (Pita et al. 2014). At the national level the species is thus currently
classified as “Vulnerable” in both Spain and Portugal.
Population densities are moderate by comparison with other arvicoline rodents, typically varying
between 17 and 350 individuals per hectare (Palomo and Gisbert 2002). Estimates of the total
population size are unavailable for the species. ES reports 1000-5000 colonies for the period 20072012. The observed declines in population size in several areas in Spain exceed 1/3 of the population
recorded 20 years ago. This is particularly true in the regions in southern Spain. Agricultural
intensification, including overgrazing, has probably contributed to range reductions and fragmentation
over the last few decades (Palomo 1999).

Conclusions
The Cabrera’s vole is known to have been much more widespread and abundant in the Iberian peninsula
in the recent past. Substantial declines occurred starting from the historical periods due to the
intensification of agriculture and overgrazing, and the subsequent fragmentation of suitable habitats for
the species. Other causes of decline may be the increased pressure on streams and other wetland areas
where the species occurs. There is suspicion that interspecific competition with Arvicola sapidus may be a
problem (Pita et al.2006). The species may also be severely, negatively affected by global warming.
The historical distribution and abundance of this species was significantly greater in the past than that of
present day. The magnitude of the overall decline, especially in Spain, is almost 33% in the last 20 years,
with some exceptions of colonisations or new records.

Step 2.1 - FRP assessment
Populations are grouped as colonies, often restricted to areas of reduced dimensions (often <500 m2;
Santos et al. 2006). Population density has been recorded in some areas as 17-115 ind/ha
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(Fernández-Salvador & Ventura 2005). Therefore, 1 ha=20 colonies (~0.85-5.75 individuals per
colony).
During the 2012 and 2014, the project “Bases para la conservación del Iberón, o Topillo de Cabrera
(Iberomys cabrerae), en España” started visiting known colonies of the species in order to evaluate
the its conservation status. The project is unfinished and they count only with partial data. Results
obtained so suggest that the number of colonies extinguished reaches from 18% to 96%, compared to
those existing 5-10 years ago. Spain reports that the number of colonies for a FRP should be >1000
(850-5750 individuals), and at least 26 colonies have been sampled in Portugal (Santos et al. 2006).

Conclusions
For ES MED: FRP>>850-5750 (CV), according to 18%-96% reductions in the last 10 years.
For PT MED: FRP>>22-150 individuals.

Step 2.2 - FRR assessment
Portugal reports that the current size of the range (30000 km2) can be considered as favourable, while
for Spain the current value of 50444 km2 seems to be inadequate. Due to the increasing intensification
of agriculture and overgrazing in most of the suitable habitats occupied by the species, it is very likely
that the past range of the species was much larger than the 1994 value, we set FRR at least as the
extent of the open woodlands in Spain (the areas of its occurrence in Portugal include cork oak
(Quercus suber) and holm oak (Q. rotundifolia) open woodlands as the main habitat) + the current
area occupied by the species in Portugal.

Conclusions
For ES MED >> CV.
For PT MED = CV.
FRR >> CV. This estimate of the FRR corresponds to the majority of its (former) natural range.
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3.3

Wolverine (Gulo gulo) in Scandinavia

Step 1.1 - Biology of the species
Wolverines are one of the largest members of the carnivorous mammal family Mustelidae, with body
lengths of 65 to 105 cm and weights from 9 to 30 kg. Two subspecies of wolverines are known: North
American wolverines (G. gulo luscus) and European wolverines (G. gulo gulo). Differences seem to be
mainly genetic and probably as a consequence of the isolation of these two populations (PasitschniakArts & Lariviere 1995). The European population of the wolverine is connected to the Asian Russian
population along the Urals, and there are two different subpopulations: Scandinavian (Norway and
Sweden) and Karelian (Finland; Arild Landa 2007).
Wolverines are generally solitary animals, with males and females coming together only briefly for
mating (from May to August). Males have large home ranges, usually encompassing the home ranges
of several females (Pasitschniak-Arts & Lariviere 1995). The average number of offspring is 3, with
females giving birth in alternate years. Individuals reach sexual maturity at 2-3 years.
Step 1.2 - Spatial scale of functioning
The Scandinavian population is distributed mainly along the border of Norway and Sweden, with
extensions into the southern Norwegian mountains, and the northern Norwegian county of Finnmark
and adjacent areas of northwest Finland (the region of Lappland). There are three population
segments within this range, the south Norwegian, the central population segment along the
Norwegian/Swedish border, and a few animals breeding in the boreal forest areas of eastern Sweden
(Arild Landa 2007; Figure 3.3.1). Males have home ranges of 600 to 1000 km2, while females home
ranges are 50 to 350 km2.

Figure 3.3.1

Wolverine distribution in Europe (from Large Carnivore Initiative for Europe at

http://www.lcie.org/Large-carnivores/Wolverine)
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Conclusions
This species in Scandinavia (Sweden and Norway) is a good example of population category S4: resident,
animal species with individuals with large home ranges (>100 km2 up to >1000 km2).

Step 1.3 - Historical perspective: what happened to the species?
Wolverines have a circumpolar distribution, corresponding with the Boreal zone of the northern
hemisphere (Kvam et al. 1988). During the 19th century, wolverines disappeared from the
southernmost part of their European range mainly through persecution, but also because of
deforestation and other human developments. In the 1950s-1970s interval, wolverines underwent a
steep decline, and it was the period of lowest abundance of the European populations. After this
substantial range reduction, there is evidence of reappearance in some areas of its historical
distribution (Rowland et al. 2003). In Scandinavia, the extent of the geographic range in this period
was around 93,900 km2 (Figure 3.3.2). Since 2012, population has expanded and the current range is
c. 283,700 km2, which means that the estimate has more than tripled in the last 40-60 years
(Chapron et al. 2014). The current range size in Sweden is approximately 117,100 km2, and it is
considered as stable since 2001.

Figure 3.3.2

Wolverine distribution in Europe in the 1950s-1970s. This is the historical period of

lowest abundance. From Chapron et al. 2014. 1. Scandinavian population, 2 Karelian (Finnish-western
Russian) population

Step 1.4 - Analysis of distribution and trends
The Scandinavian population has shown a low genetic variability and subdivision among populations.
This indicates that the Wolverine in Scandinavia has lost variation through a previous bottleneck and
that the current populations are the result of a recent common genetic background (Walker et al.
2001, Flagstad et al. 2004). A recent population estimate is of 339-431 individuals in Norway
(Chapron et al. 2014) and 670-830 in Sweden (Nilsson 2013). The population has a continuous
distribution and is narrowly connected to the Finnish – western Russian population (Abramov 2016).
In the 1950s-1970s, the population in Norway was around 100-150 individuals (3-fold increase), while
in Sweden was around 60-100 individuals (5-fold increase; Chapron et al. 2014). The Scandinavian
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part of the geographical European range is stable, but the population is very small according to the
European Mammal Assessment in 2007; this determined for the European populations of Wolverine a
category of Vulnerable, due to over-exploitation through hunting and trapping, predator-poisoning
programmes and habitat resource extraction that caused the contraction of its historical range as well.
The southern Norwegian population segment was naturally re-established during the late 1970s and
was a result of protective legislation. This population segment has recently increased in numbers and
distribution, but seems to have stabilized at around 100 individuals (Arlid Landa 2007).
From these data, we conclude that the population size of the Scandinavian population has increased
3-5 folds in the period 1950-2012 (Chapron et al. 2014). Density estimates vary from one individual
per 200 to 500 km2. However, in recent years, bottleneck effects have caused a reduction of genetic
variability, and the general population trend is declining or stable in some portions of the species
range (Arlid Landa 2007). The geographic range of the species in Scandinavia has shown a 300%
increase in the last 60 years, but the species can potentially further expand and re-colonize historical
territories if major threats stop.

Conclusions
The Wolverine in the Scandinavian population has experienced a general increase in both geographic
range and population size in the last 60 years. In this time interval, the increase in geographic range has
been c. 300%, while that of the population size varies between 300% and 500%. Recent trends indicate
that the species is threatened by genetic bottlenecks and the general trend in Europe is still declining.

Step 2.1 - FRP assessment
Apparently the trend in population and range size of the Wolverine in the last 60 years has been
positive, with the species re-colonizing parts of its natural range. However, the Scandinavian
population is suffering due to genetic bottlenecks and small population size. Since we know that the
population size of the wolverine in Scandinavia was much higher in the past, and the species has the
potential to re-colonize its past range if threats stop, the FRP for the Scandinavian population of this
species is > CV (current population size=919-1211 individuals). Instead of setting this number as the
FRP, we use operators and suggest to constantly monitor the status of the population until range and
population size are stable for a sufficient long time. If considering only the Sweden population,
600 individuals is the recommended FRP after a comprehensive study of the population between
2001-2012, therefore the conservation status of the population in the country (670-830 individuals;
Nilsson 2013) should be considered as favourable.

Conclusions
For the Scandinavian population FRP > CV, while accounting only for Sweden 600 individuals can be
considered as the appropriate FRP value (current population estimate 670-830), therefore FRP = CV.

Step 2.2 - FRR assessment
Based on the previous discussion on the increase in distribution and population size since the 1950s,
and following the stepwise approach, we conclude that the range can still increase (i.e. likely to be
higher than the current 283,700 km2, even if FRR in Sweden is considered as favourable), if major
threats to the species are controlled (in particular conflicts with humans due to depredation of
domestic sheep).

Conclusions
For the Scandinavian population FRR>CV, while considering only the Sweden part of the range the
FRR=CV.
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3.4

European bison (Bison bonasus bonasus) in Poland
(continental population)

Step 1.1 - Biology of the species
European bison are the largest native herbivores in the European continent. They are very similar to
North American bison although they are smaller in stature and have a longer mane on the forehead
and beneath the neck. The coat varies from golden brown to dark brown. European bison reach a
length of about 2.9 meters and a height of about 1.8 to 1.95 meters. The weight typically goes from
800 to 1,000 kg (NA, 2012).
In the pre-rutting period (July through October), reproductively active bulls are rarely present in the
group, and in July, reproductively active bulls join mixed herds with cows. Smaller groups consist of
up to 12 individuals, typically including only one adult bull sexually mature (> 6 years of age) and 1 to
3 bulls that do not take part in reproduction (Krasinski and Raczynski, 1967). The gestation period
typically lasts 254 to 277 days (264 days on average). European bison give birth to one calf at a time,
twins are rarely observed in populations in reserves. The calving period usually occurs from May
through July. Bulls in reserves reach sexual maturity in the second year of their life, while free-ranging
bulls usually reach sexual maturity in the third year of life. The breeding activity in bulls typically lasts
from the 6th to the 12th year of life. Females can give birth until the end of life although (but usually
no more than 15 years; Krasinski and Raczynski, 1967; Pucek et al., 2003).
Step 1.2 - Spatial scale of functioning
European bison was historically distributed throughout western, central, and south-eastern Europe and
the Caucasus (Figure 3.4.1). By the end of the 19th century, there were only two populations of
European bison left in the wild, one in Białowieża Forest in Poland (subspecies Bison bonasus
bonasus), and one in the western Caucasus mountains (subspecies Bison bonasus caucasicus).
B. b. bonasus was finally driven Extinct in the wild in 1919, and B. b. caucasicus in 1927. Individual
home range size varies from 44 to 84 km2.

Figure 3.4.1

Changes in the distribution of the European bison. Light green represents the range of

the species in the Holocene, dark green shows the range of the bison in the late Middle Ages, while the
areas in red include the range of the species in the XX century (from http://carnivoraforum.com)

Conclusions
This species is a good example of population category S2: species with clearly disjunct distributions and
one or a few isolated (often genetically differentiated) populations at the national level, because there are
only two isolated populations left.

Step 1.3 - Historical perspective: what happened to the species?
Historically, European bison’s range encompassed all lowlands of Europe, extending from the Massif
Central to the Volga River and the Caucasus, where the species was widespread and presumably
abundant (Pucek et al. 2004). The first population to be extirpated was that of Gaul in the 8th century
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AD. The species became extinct in northern Sweden in the 11th century, and southern England in the
12th. The species survived in the Ardennes and the Vosges until the 15th century. European bison
survived in a few natural forests in Europe but its numbers decreased. The last individuals in
Transylvania died in 1790. In Poland, in the Białowieża Forest, wild European bison herds also existed
until the mid-17th century. Polish kings took measures to protect the species, whith King Sigismund II
Augustus instituting the death penalty for poaching a European bison in Bialowieza in the mid-16th
century. In the early 19th century, Russian czars retained old Polish laws protecting the European
bison herd in Bialowieza, but despite these measures, the European bison population continued to
decline over the following century, with only Bialowieza and Northern Caucasus populations surviving
into the 20th century. During World War I, German troops killed 600 of the European bisons in the
Bialowieza Forest for recreation, food, hides, and horns, and at the very end of the war, retreating
German soldiers shot all but 9 animals. The last wild European bison in Poland was killed in 1919, and
the last wild European bison in the world was killed by poachers in 1927 in the western Caucasus. By
that year the captive population consisted of just 54 (29 males, 25 females; Raczyński 1978, Pucek
1991). The captive population survived only in a few European zoological gardens (Sztolcman 1924)
and subsequently increased slowly until World War II, but then the species suffered a steep decline,
with the population dropping from 160 animals in 1943 to 93 in 1946 (Pucek et al. 2004).
After a series of successful reintroductions and introductions, European bison (subsp. bonasus) now
occurs in isolated free-ranging and semi-free herds in Poland, Lithuania, Belarus, Russian Federation,
Ukraine, and Slovakia. There was also an introduced Kyrgyzstan subpopulation, which has recently
gone extinct (EBPB 1996, Pucek et al. 2004). Captive populations occur in 30 different countries
worldwide (see Pucek et al. 2004 for details).
Step 1.4 - Analysis of distribution and trends
As a result of captive breeding, reintroductions, benign introductions, and intensive conservation
management, the total population of free-ranging bison in continental Poland now stands at c. 835,
and additional 1,400 individuals live in captivity (EBPB 2004). Approximately 60% of individuals are
sexually mature (Krasiński 1978, Krasińska and Krasiński 2004). The free-living population increased
more or less steadily from the mid-1960s to a peak of c. 2000 in the early 1990s (Pucek et al. 2004).
Following a period of decline in the mid to late 1990s, the population is now once again expanding
(Olech 2008). Considering these data, we conclude that the population size of the European bison has
increased steadily in the last 50 years, despite a period of decline in the second half of the 1990s.

Conclusions
The European bison (Bison b. bonasus) has experienced a steep decline in both its geographical range and
population size with respect to historical times, since it was considered extinct in the Wild in 1927. Since
1960, as a result of captive breeding, reintroductions, benign introductions, the free-ranging population of
the bison has been increasing, and it is still expanding in Poland. Although both the distribution and
population size of the species have increased in the last 50 years, they were larger in the historical past.

Step 2.1 - FRP assessment
Apparently the European bison (subsp. bonasus) is still expanding within its historical natural range.
We propose that the FRP for the population in Poland (CON) should be in the order of magnitude of
thousands of individuals (874 free-ranging individuals reported in 2013 for PL CON). This is because
only large (1,000-3,000 individuals) populations can prevent the species from extinction due to
genetic bottlenecks and inbreeding depression (Pucek 2004).
Since the survivor and expansion of the population of the species has been strictly related to
conservation measures, instead of setting this number as the FRP, we use operators and suggest to
constantly monitor the status of the population until range and population size are stable for a
sufficient long time. This would be the final FRP value (and see step 2.2 FRR assessment).
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Conclusions
For PL CON FRP > 1000.

Step 2.2 - FRR assessment
Based on the previous discussion on the extinction in the wild of the European bison, and the fact that
it is still expanding, we suggest a FRR>CV (in 2013 reported as 3436 for PL CON). However, the
potential for ongoing growth may limited by a number of factors related to the human interference
(e.g., habitat loss and degradation, fragmentation of populations and concomitant loss of genetic
diversity, inbreeding depression, disease, hybridisation, and poaching; Pucek et al. 2004).

Conclusions
For PL CON FRR > CV.
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3.5

Eurasian lynx (Lynx lynx) in the Alps

Step 1.1 - Biology of the species
The Eurasian lynx (Lynx lynx) is the largest among all the four lynx species as well as. one of the
largest predators in Europe, only exceeded by brown bears and grey wolves. Their body mass ranges
from 18 to 36 kg, with males being larger and more robust than females (Nowell & Jackson 1996).
Typical features of the Eurasian lynx are black tufts at the tips of the ears and a prominently flared
facial ruff. The mating season starts in February until the end of April, but each female is fertile only
about three days during this period. Once the female is no longer in estrus, the male leaves to find
another mate. Females have only one mate per season (polygynous mating system; Nowell & Jackson
1996).
Gestation period lasts 67 to 74 days, with females giving birth in May. Breeding interval varies,
depending on success of the previous season. Females without a litter can breed every year, while
females with a litter can breed about every 3 years. Litter size varies from 1 to 5 kittens (usually 2 or
3). Newborn cubs weaned at 4 months and become independent at around 10 months. Females reach
sexual maturity at 2 years of age and can remain so up to 14 years of age, whereas males become
sexually mature at 3 years of age and can reproduce up to age 17 (Nowell & Jackson 1996).
Step 1.2 - Spatial scale of functioning
The Alpine population is surveyed by camera-trapping (including capture-mark-recapture in reference
areas and density extrapolation) combined with the collection of different data sets validated using the
criteria developed by the Status and Conservation of the Alpine Lynx Population (SCALP) project
(Molinari-Jobin et al. 2003, Molinari-Jobin et al. 2012). The home range of individual lynxes is
estimated as 71–281 km2 (Breitenmoser et al. 1993). Alpine lynxes are considered as one supranational population despite the fact that (after re-introduction) several relatively isolated
subpopulations still occur (see Step 1.4).

Conclusions
Since the lynx has a large home range shared between Switzerland, Slovenia, France, Italy and Austria,
this species in the Alps is a good example of population category S4: animal species with individuals with
large home ranges (>100 km2 up to >1000 km2).

Step 1.3 - Historical perspective: what happened to the species?
In historical times, the lynx existed throughout Europe with the exception of the Iberian Peninsula,
most Islands, un-forested coastal regions, and the north-west of northern Europe. In the Alps, the
expansion of human population and the over-exploitation of natural habitats and resources, including
forests and game, led to the historic decline and eradication of the large carnivores between 1800 and
the early 1900. An increase in livestock negatively affected forests due to browsing and out-competed
the wild ungulates. The large predators were forced to kill livestock and were therefore persecuted,
encouraged by governmental bounties. However, the main driver of extinction for the large carnivores,
especially lynx and wolf, was the massive intervention at the level of the landscape (forests) and the
substantial reduction of wild ungulates (Zimen 1978, Breitenmoser 1998a). Only in the first half of the
20th century a radical change in forest management and the growing sensitivity of people for the
protection of nature put the basis for the recovery of the forests (Breitenmoser 1998a). Wild ungulates
started to recover and expand after they were granted a certain legal protection (change of hunting
legislation), with a consequent and continuing increase in the populations of roe deer, red deer and
wild boar in many regions. This ecological recovery was facilitated by industrialisation, which drew
people away from rural areas, which led to a drastic decline in the number of goats and sheep in the
Alps in the first half of the 20th century. All these factors prepared the ground for the return of lynx to
the Alps. Today, the Alpine population of the lynx consists of several occurrences, all originating from
reintroductions in the 1970s: Switzerland 1970–76 (Breitenmoser et al. 1998), in the Dinaric part of
Slovenia 1973 (Cop & Frkovic 1998) and Austria 1977–79 (Huber & Kaczensky 1998). The most
important population is currently found in the north-western Alps of Switzerland. Although lynx
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immigrated into neighbouring countries (France and Italy), the population throughout the Alps is not
continuous.
Kaczensky et al. (2013) assessed the large carnivore populations across Europe, based on the most
recent data available, and the Alpine lynx population has been evaluated as Endangered under the
IUCN criterion D (total population size smaller than 250 mature individuals). The population was
considered stable or slightly increasing in Switzerland, and stagnant in Italy, France, Austria, and
decreasing in Slovenia. The authors of the assessment concluded that “the observed rate of
development will most likely not allow for a natural fusion of the western and eastern Alpine
populations within the next decades”.
Step 1.4 - Analysis of distribution and trends
The current Alpine lynx population originates from reintroductions in the 1970s (Schnidrig et al.
2016). Two main populations can be identified: one in the western to central Swiss Alps (cantons of
Valais, Vaud, Fribourg and Berne), stretching into the French Alps, and the western Alps in Austria
(Vorarlberg), and another one in the western part of Slovenia (west of the Jesenice-Ljubljana-Triest
highway), stretching into the adjacent regions of Italy (Tarvisiano) and Austria (Carinthia;
Figure 3.5.1; Molinari-Jobin 2010). In addition, areas with the a more scattered lynx distribution are
found in France (south-east of the country, from the lake of Geneva as far south as to the department
of Hautes-Alpes), eastern Italy (Friuli Venezia Giulia, Veneto (Bellunese), and Austria (northern
Kalkalpen, Upper Carinthia, Niedere Tauern), with no permanent lynx presence (von Ark 2007).

Figure 3.5.1 Distribution of the Eurasian lynx in the Alps in 2012 (from SCALP 2012). red cells = C1,
cells with hard fact records, pink cells = C2, cells with confirmed records, grey cells = C3, cells with
unconfirmed record

Over the past 10 years, lynxes have increased their range by around 6,000 km2 or 50%, mainly after
a translocation in Switzerland. However, the population size remained more or less the same. In 2011,
the number of lynx estimated for the entire Alpine region was between 130 and 180 individuals
(Schnidrig et al. 2016)(Table 3.5.1). The most important area is in the north-western Alps (western
Switzerland), followed by north-eastern Switzerland and the south-eastern Alps (Italy and Slovenia).
Both populations are the result of reintroductions in the early 1970s with very few founder animals,
and they show today a high inbreeding coefficient (Schnidrig et al. 2016. Reproduction has been
reported in only 4 areas: north-western Swiss Alps, Friuli, north-eastern Switzerland and the
Chartreuse region (Molinari Jobin et al. 2010a, b). Recently, reproduction also occurred in the
Kalkalpen (Fuxjäger 2014).
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Table 3.5.1 Lynx abundance in the Alps (from Schnidrig et al. 2016)
Country

2001

2009–2011

2011

Trend 2006 ̶ 2011

France

single individuals

15-20

13

West: slight increase

Italy

10-13

10-15

10-15

Switzerland

70

100-120

96-107

Liechtenstein

0

0-2

0

Germany

0

0-1

0

Austria

20

6-12

3-5

Slovenia

10

5-10

few

Total Alps

~120

136 ̶ 180

~130

East: decrease

According to Schnidrig et al. (2016) the “French Alpine sub-population was assessed to be stable with
a regular population range of less than 1,350 km² and a population size of not more than 10–15
resident adults (Marboutin et al. 2012). The Italian Alps were naturally recolonised in the 1980s by
individuals from the reintroduced populations. However, the initial positive trend was soon reversed
and population estimates decreased from 21 individuals in 1995 with observed reproduction (Ragni
et al. 1998) down to less than 15 in 2009 with no signs of reproduction (Molinari et al. 2012). In
April 2014, a male and a female lynx were translocated from Switzerland to Tarvisio in the Julian Alps
in order to reinforce the south-eastern Alpine/Dinaric lynx population (Molinari-Jobin 2014).
During 2000–2004 a total of 30–50 lynx were estimated for Slovenia, of which 15 in the Alpine part
(Koren et al. 2006). Estimates place the current population at 15-25 individuals, with about 5-10
individuals in the Alpine region and 10-15 in the Dinaric Mountains in southern Slovenia (Kos et al.
2012). In addition, no reproduction had ever been recorded in the Slovenian Alps up to then (Potočnik
et al. 2009). The population of lynx in the Alpine region has further decreased to few (2-3) individuals.
In the Swiss Alps, the lynx population is part of the western subpopulation and occurs mainly in the
north-western and central regions of the country. Between 2001 and 2008, 12 lynx from the northwestern Alps and the Jura Mountains were translocated to the north-eastern Swiss Alps to create a
new population nucleus and hence to contribute to the expansion of the species especially since
spontaneous long distance migrations are rare. The population in Switzerland currently forms the
largest subpopulation of lynx in the Alpine region (von Arx & Zimmermann 2013) with an estimated
population of 96–107 independent individuals (von Arx & Zimmermann 2013).”

Conclusions
The Alpine population of the lynx was completely extirpated from the Alpine territory about one century
ago. Despite reintroductions have been successful in some countries (especially in Switzerland, where the
most important population currently occurs), and the fact that over the past 10 years, they have
increased their range by around 6,000 km2 or 50%, mainly after a translocation in Switzerland, the
population remained very small, threatened and fragmented.

Step 2.1 - FRP assessment
Thanks to reintroductions, the species has re-colonized some portions of its historical range in the
Alps. It is unlikely that the eastern and western Alpine subpopulations will merge in the coming
decades. Despite estimates of population and range size for the period before the extinction of the
Alpine population are very scarce, we know that the species was widespread throughout the Alps in
historical times. Major threats include inbreeding depression, illegal killing, infrastructure development
(especially road constructions), vehicle and train collisions, and limited dispersal (von Arx 2007), but
the species might still be able to re-colonize much of its historical range if law enforcement improves,
monitoring of demographic and genetic parameters continues, and acceptance of lynx by local people
increases (von Arx 2007). Therefore, we should use operators to suggest that FRP is much larger than
current value.
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Conclusions
For the lynx population in the Alps (as defined in section 1.4) FRP >> CV.

Step 2.2 - FRR assessment
Based on the previous discussion on the increase in distribution of the Alpine population in the last 15
years and considering variation within the natural range, we conclude that the range can still increase
(i.e. likely to be much higher than the current 24,300 km2 including permanent and sporadic ranges;
Chapron et al. 2014), if major threats to the species are reduced.

Conclusions
For the lynx population in the Alps (as defined in section 1.4) FRR >> CV.
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3.6

Apennine brown bear (Ursus arctos marsicanus) in the
Italian Apennines

with the support of Dr. Paolo Ciucci
Step 1.1 - Biology of the species
The small brown bear population in the Italian Apennines (Ursus arctos Apennine brown bear) was
characterized by a prolonged period of isolation (at least 400-600 years) which resulted in significant
genetic (Randi et al. 1994) and morphological differentiation (Loy et al. 2008, Colangelo et al. 2012)
from the bears living in the Alps and in the rest of Europe. Therefore, the remaining Apennine
population of brown bears should be regarded as an evolutionary and conservative unit of selfpreservation (AA.VV. 2009, Colangelo et al. 2012).
The males of the Apennine brown bears can weigh up to 200 kg, with an upright height of 1.9 to
2 metres, while females are generally smaller (140 kg; Loy et al. 2008). The individuals are usually
very shy, and appear only at night. Most of the bears are solitary and occupy their own territory,
which can be up to 300 km2 in reproductive males.
The bear shows a strong preference for mountain forest ecosystems (oak trees, beech trees and
coniferous forests) within which it carries out most of its activities. However, this may be, at least in
part, a behavioural response to anthropic impact. The median altitude distributional range is very wide
and varies with the season, especially in relation to the availability of food resources (Liste Rosse
italiane 2013).
The brown bear is omnivorous. The vegetable component, including herbs and fruits, is prevalent in all
seasons, although protein sources (mammals, insects) are also frequently used. Experts found that
the diet of the bear varies seasonally (Ciucci et al. 2014). Hard mast production strongly influenced
year-to-year variation in the diet. High-quality foods, such as berries and other fleshy fruits, were
increasingly consumed by bears in years of low to null hard mast productivity. This diversified and
abundant habitat productivity should avoid the risk of nutritional stress during occasional hard mast
failures (Ciucci et al. 2014).
Breeding generally occurs in late spring or early summer, but mating outside this breeding season has
been also reported, with observations made also in autumn (Tosoni at al. 2011). Females usually give
birth to 1-3 cubs, who spend about 1.5 years with their mother (Tosoni et al. 2017a). The females are
very philopatric (P. Ciucci pers. comm. 2017). From 3 to 7 reproducing females have been estimated
each year in the population, and their inter-birth interval is 4-5 years (Tosoni et al. 2017a, 2017b).
Step 1.2 - Spatial scale of functioning
The range of the Apennine brown bear mainly develops within the PNALM (Figure 3.6.1, Abruzzo
National Park, Lazio and Molise) which covers an area of 1300 km2 (mean density here
33 individuals/1000 km2; Ciucci & Boitani 2008, 40 individuals/1000 km2 in the core area of the park;
Ciucci et al. 2015). In the areas outside the park, the presence of erratic individuals is sporadic (e.g.
Simbruini, Ernici, Gran Sasso and Maiella National Parks), and they are present in extremely low
densities (Bosagli 1999, Ciucci & Boitani 2008).
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Figure 3.6.1

Apennine (or Marsican) brown bear distribution in the Apennines. Brown polygons:

core range of the bear. Orange polygons: : peripheral range. Dark green: National Parks. Light green:
Regional Parks and Reserves. Dotted red lines indicate regional boundaries (from
http://www.parcoabruzzo.it)

Conclusions
The Apennine brown bear is a good example of population category S2: species with clearly disjunct
distributions and one or a few isolated (often genetically differentiated) populations at the national level.

Step 1.3 - Historical perspective: what happened to the species?
The Apennine brown bear population has been separated from the Alpine population for at least
400-600 years (Randi et al., 1994). Following random drift and extinction of maternal lineages since
isolation, the original genetic diversity of this small brown bear population has been severely depleted
(Lorenzini et al. 2004) and the population now has a unique mtDNA haplotype (Randi et al. 1994). The
first formal estimate of the size of the Apennine brown bear population was produced in 2008,
indicating 40 (95% CI = 37–52) bears in the core range (Gervasi et al. 2012).
Historically the Apennine bear distribution spanned most of the Apennine range (Zunino and Herrero
1972, Carpaneto and Boitani 2003) but it has increasingly been reduced since the 17th century (Febbo
and Pellegrini 1990, Boscagli et al. 1995). Consistent range reductions have occurred, in particular,
over the past 200 years, mostly due to human persecution (Febbo and Pellegrini 1990). In 1923, the
PNALM was formally established, and by the 1970s the remnant bear population survived almost
exclusively in the Park and its immediate surrounding mountains (Zunino and Herrero 1972). The core
of the Apennine brown bear population range includes the PNALM ecosystem (the Park and its
contiguous areas, for about 1,500-2,500 km2), whereas the peripheral area includes a limited number
of bears, possibly occasional dispersers. This marginal population is partly included within a larger
network of protected areas in the Central Apennines (Figure 3.6.1), in a matrix of more than
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10,000 km2 of estimated suitable bear habitat (Falcucci et al. 2007). However, In this area high levels
of human activity might provide excessive disturbance to bears, thus creating a significant gap in
connectivity between suitable habitat patches (Posillico et al. 2004, Falcucci et al. 2009). Although no
formal method has been applied to assess its range, in the last 50 years it is believed that the range
of the species has remained mostly stable (P. Ciucci pers. comm. 2017).
Step 1.4 - Analysis of distribution and trends
During the years 1980-1985 there has been an increase in the extent of the PNALM park and in the
number of wild boars, with a consequent increase in hunting and poaching. This caused collateral
damages to bears, and it is probably the period with the highest number of dead bears (10-11 adult
bears, mostly males, died in 1985; P. Ciucci pers. comm. 2017). In the mid-1990s, based on
frequency of live captures and detection of tracks and sightings as part of a radiotelemetry bear
research, about 30-40 bears were believed to be living in the Park (Ciucci & Boitani 2008). The
population in the last 50 years has remained mostly stable, with oscillations between 40 and
60 individuals (P. Ciucci pers. comm. 2017). A population size of 40-50 individuals and a range of
1800 km2 have been reported in 2013 for IT MED. No increases have been reported (see Table 3.6.1
for details).
Considering these data, we conclude that the population size of the Apennine brown bear has
remained mostly stable in the last 50 years. Likely there is an elevated cub mortality during their first
year of life (Gervasi et al. in press). It is not known if that is due to inbreeding depression or to the
fact that the animals disperse outside the core zone in areas that are not safe (i.e., habitat sinks). The
effective genetic population is composed by 16-17 individuals, therefore it is (and has been) highly
subject to loss of genetic variability (P. Ciucci pers. comm. 2017).

Table 3.6.1 Historical population numbers of Apennine brown bear

Conclusions
The Apennine brown bear has experienced a decline in its geographical range with in the historical past. It
is believed that it has also experienced a reduction in population size, although estimates before 2008 are
not reliable. In general, it is most plausible that both the population and range size have remained
relatively stable in the last 50 years. Despite this stability, the species is at high risk of loss of genetic
variability and consequent inbreeding depression.
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Step 2.1 - FRP assessment
Given the assumed relative stability of the population in the last 50 years, and the past and current
risk of inbreeding depression to which this population has been subject, the FRP value should be at
least >50 reproductive individuals, which is the minimum recommended population size to minimize
damages due to the deleterious effect of inbreeding only. Based on a Ne to N ratio of about 0.30
(P. Ciucci pers. comm. 2017), the ideal total population should then correspond to 250-260 bears, and
the recently modelled environmental suitability at the Apennine scale could theoretically accommodate
for such a population size (P. Ciucci pers. comm. 2017). This would imply a remarkable extension of
the geographic range, well beyond the current borders.

Conclusions
For IT MED FRP is about 250 individuals.

Step 2.2 - FRR assessment
Based on the previous discussion on the ongoing decrease in the current distribution, and the fact that
potentially suitable habitat exists outside the core area, we would suggest a FRR>DV. However, when
projecting both an increase in population and range size, interference with human land use and safety
considerations should be necessarily considered in the planning.

Conclusions
For IT MED FRR > CV (1800).
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3.7

Wolf (Canis lupus) in the Iberian Peninsula (NW
Iberian population)

Step 1.1 - Biology of the species
The wolf (Canis lupus) in Europe occurs in all countries except in the Benelux, Denmark, Hungary and
the island states (Ireland, Iceland, United Kingdom, Cyprus, Malta). Based on a combination of
distribution and social, ecological and political factors, Chapron et al. (2014) categorized these into
10 populations: North Western Iberian, Sierra Morena, Alpine, Italian Peninsula, Carpathian, DinaricBalkan, Baltic, Karelian, Scandinavian and Central European Lowlands.
The Iberian wolf (C. lupus signatus) is a subspecies of gray wolf endemic to the Iberian Peninsula. This
subspecies is slightly smaller than northern wolves, with distinctive white marks on the upper lips,
dark marks on the tail and a pair of dark marks on its front legs that give it its subspecies the name
“signatus” (which means “signed or marked”; Torres et al. 2016). A morphometric analysis showed
differences in skull shape separating Iberian wolves from wolves in Italy and other populations in
Eastern Europe (Vilà et al. 1993). Mitochondrial DNA data and microsatellite frequencies showed a
high differentiation between Iberian wolves and those found elsewhere in Eurasia (Vilà and Wayne
1999; Lucchini et al. 2004). Individuals live in small packs. They eat wild boar, rabbits, roe deer, red
deer, ibexes and even small carnivores and fish. The species can live up to thirteen years in the wild,
though average lifespan is 5 to 6 years. Most packs are made up of 5 to 9 individuals, usually
composed by an alpha pair and their offspring (http://animaldiversity.org).
Step 1.2 - Spatial scale of functioning
Studies based on telemetry indicated that the mean size of wolf territories vary between 170-240 km2
(Boitani et al. 2003). The North Western population, the focus of this example, is shared between
Spain and Portugal (Figure 3.7.1), where the range of the wolf extends for > 120000 km2. The other
Spanish population of wolf is located in Sierra Morena and is genetically distinct from the one in the
North-West of the Iberian Peninsula. The nearest wolf population outside Iberia is in the western Alps
and there are no connections between the two. However, some wolves from the Alps have been
reaching the Pyrenees, although breeding has not been confirmed yet (Kaczensky et al. 2012).

Figure 3.7.1

Wolf distribution in the Iberian Peninsula 2006-2011. Dark cells: permanent

occurrence, Grey cells: sporadic occurrence (modified from Kaczensky et al. 2012)
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In Portugal, around 80% of the area with confirmed presence of the wolf is north of the river Duero.
The Spanish population occupies the northwestern portion of the country, and is the largest one in
2

Spain. In Spain, the Iberian wolf population covers some 120,000 km . More than 90% of wolves are
concentrated in three autonomous regions: Castilla y León, Galicia and Asturias. In addition, the
wolves also breed in 4 or 5 more autonomous regions: Cantabria, Basque Country, Castilla-La Mancha
(Guadalajara province), Madrid and, perhaps, La Rioja (Kaczensky et al. 2012).

Conclusions
This species is a good example of population category S4 as the wolf has large home range, and forms
supra-national populations in Europe (such as the NW Iberian population).

Step 1.3 - Historical perspective: what happened to the species?
The historical distribution of the wolf included almost all European countries, and in the 18th century it
was still present everywhere (with the exception of UK and Ireland). In the 20th century, the wolf
disappeared from central and northern Europe, and in the 1970s it was present only in Spain,
Portugal, Italy, Greece, ex-Yugoslavia and Scandinavia (Boitani et al. 2003).
Until the 1900s the Iberian wolf inhabited the majority of the Iberian Peninsula. The species used to
be widely distributed in Portugal but its population began a steady decline around 1930 (Torres et al.
2016). Spain’s Francoist government started an extermination campaign during the 1950s. In the time
period between 1950 and 1970, there were 350-500 individuals in the Spanish part of the population,
while Portugal hosted 150-200 wolves.
Step 1.4 - Analysis of distribution and trends
The size of the Iberian population has not been recently estimated. It occupies 8 autonomous regions
(in addition, all the wolves of Portugal are included in the Iberian population) and every region carries
out their own wolf estimates but not in a coordinated way. The most recent reliable regional surveys
are as follows (the year is included in brackets): Galicia 68 packs (2003), Asturias 35 packs (2004),
Cantabria 5 packs (1997), Basque Country 2 packs (2010), Castilla y León 149 packs (2001), CastillaLa Mancha (Guadalajara province) 2 packs (2011), Madrid 1 pack (2011; Kaczensky et al. 2012).
Studies conducted in 2010, 2011 and 2012 indicated an increase in the number of individuals, with
~2000 individuals in NW Spain (Chapron et al. 2014), although the population has been expanding
since 1970 but has been rather stable since 2002 (Kaczensky et al. 2012). In the national census of
Portugal carried out in 2002/2003, 63 wolf packs were found (51 confirmed and 12 probable), i.e.,
approximately 220-430 individuals. However, recent studies (2009/2010) conducted in specific areas
(Trás-os-Montes area, South Douro river area) reveal a decrease in the number and reproductive
stability of breeding packs (Kaczensky et al. 2012). Member states in 2013 indicated a population of
92-114 individuals for Portugal (PT ATL + PT MED) and 1850-2800 individuals for Spain (ES ATL + ES
MED).
With respect to the geographic range of this population, in the period 1950-1970 the total range of the
Iberian population was estimated at 69200 km2. In recent years (2010-2012), the range of the NW
Iberian population has reached 120300 km2 (116000 km2 permanent range and 3700 km2 sporadic
range; Chapron et al. 2014).
Based on these data, we conclude that the population size of the NW Iberian population has increased
threefold in the period 1950-2003. The Spanish population has more than quadrupled, while the
increase in the Portuguese population has been >1.5 (Chapron et al. 2014). However, in the last
10 years the population in Spain has remained mostly stable (Kaczensky et al. 2012). With respect to
the geographic range of the species, it has experienced a 150% increase from 1950 to 2010 (Chapron
et al. 2014).
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Conclusions
The distribution of the wolf was more restricted and the abundance of this species was significantly lower
in the past 60 years than nowadays. After a great increase from the 1950s until 2003 due to natural
colonization, the population size in some areas has stabilized in the last 10 years. The magnitude of the
overall increase in the Iberian population is about 400% in the indicated 50-year period, with some
exceptions of population declines in Trás-os-Montes area and South Douro river area in Portugal.

Step 2.1 - FRP assessment
Given that the trend in population size has been positive or at least stable after a deep low, we note
as well that wolf numbers in the Iberian Peninsula are still increasing. Apparently the wolf is still
colonizing its natural range. We propose that the FRP for the NW Iberian population of the wolf should
be in the order of magnitude of thousands of individuals (current population size=2000-2500
individuals). Instead of setting this number as the FRP, we use operators and suggest to constantly
monitor the status of the population until range and population size are stable for a sufficient long
time. This would be the final FRP value.
Step 2.2 - FRR assessment
Conclusions
For the NW Iberian wolf population (in ES and PT) FRP > CV.

Based on the previous discussion on the ongoing increase in the distribution of the population due to
natural expansion since the 1950s, and following the stepwise approach, we conclude that the range
can grow up to its natural range (i.e. likely to be higher than the current 120000 km2) until monitoring
points to stabilization for a sufficiently long time.

Conclusions
For the NW Iberian wolf population (in ES and PT) FRR > CV.
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4

Birds

4.1

Smew (Mergellus albellus) in northern and western
Europe

André van Kleunen, Marc van Roomen & Ruud Foppen
Step 1.1 - Biology of the species
Smew is a rather compact diving duck (38-44 cm, 0.5-0.9 kg). Male has a distinct white plumage with
some black lines and patches. Females and juveniles are predominantly greyish coloured with a
brownish head with white cheeks.
This species is highly migratory, often resting and feeding on inland waterbodies when on passage. It
arrives on the breeding grounds from April or early-May and breeds from mid-May onwards in single
pairs or loose groups. Males gather in large flocks close to the breeding grounds after mating to
undergo a flightless moulting period. The species then leaves the breeding grounds in earlySeptember and October. Outside of the breeding season the species is highly gregarious and occurs in
small or large flocks usually not exceeding 100 individuals, although larger gatherings may form at
major passage waters during migration and flocks of over 10,000 have been recorded during the
winter. It breeds on freshwater oligotrophic lakes, pools, oxbow lakes, backwaters of large slowflowing rivers, muskegs (bogs) and flooded riverside woods in the coniferous and mixed
deciduous/evergreen forest zones. It shows a preference for shallow water up to 4 m (maximum 6 m)
deep, and requires mature broadleaved trees (e.g. oaks, willows and aspens) with holes in which to
nest. The species overwinters on large freshwater lakes and reservoirs, ice-free rivers, brackish
coastal lagoons, estuaries and sheltered coastal bays (although rarely on the open sea), often resting
and feeding on small bodies of water or small streams when on passage. The species feeds diurnally
by diving to depths of 1-4 m and forms gregarious nocturnal roosts. During the breeding season its
diet consists predominantly of benthic aquatic invertebrates such as adult and larval insects,
crustaceans, molluscs and polychaete worms, as well as amphibians, fish and plant matter (seeds,
leaves and roots). During the winter and in early spring however the species mainly feeds on fish. The
species nests in tree hollows up to 10 m or more above the ground (especially those excavated by
Black Woodpeckers Dryocopus martius) in mature broadleaved trees (e.g. oak, willow or aspen). It
may also nest in artificial nest boxes, especially those erected to attract Common Goldeneye
Bucephala clangula (source: BirdLife International 2017).
Step 1.2 - Spatial scale of functioning
Breeding population
The Smew’s breeding distribution is large and extends from Sweden to eastern Siberia, mainly in
boreal areas (del Hoyo et al. 1992). In the EU virtually the whole population occurs in central/northern
Sweden and Finland. The EU27 breeding population of Smew is estimated at 3100-7600 pairs in 20082012 and its range is estimated at 179,000 km2 and its distribution at 46,700 km2 (European
Environment Agency 2015).
The species’ dispersal capacity is estimated at 250 km. Gaps larger than 250 km do not exist in the
species’ breeding distribution in the EU27 (Figure 4.1.1). So the North-European breeding population
can be considered as one population (in fact continuing outside the EU27 boundaries in Russia) for
which population category MR1 applies (widespread migratory species with more or less continuous
distribution) and which FRVs are set at member state level.
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Figure 4.1.1

Breeding distribution of Smew in EU27 in 2008 -2012 (10 km2-grid cells). Source:

European Environment Agency (2015)

Passage/wintering population
The North European breeding population is migratory. Wintering grounds are located in some wetland
areas across the temperate and Mediterranean parts of Europe. In the flyway-approach three
geographic populations are separated, two of them occurring in the EU27: one wintering in SoutheastEurope and the other wintering in Western Europe (Figure 4.1.2). Breeding birds from Sweden and
Finland mainly migrate to the west and those from West-Russia to Southeast-Europe. The
Northwest/Central-European flyway-population is estimated at 40,000 ex. and the Black Sea/East
Mediterranean at 35,000 ex. (Wetlands International 2017). With regard to the EU27 member states:
the Northwest/Central European wintering population held 23,444-37,920 ex. in 2008-2012 and the
Southeast-European population 3356- 6780 ex (European Environment Agency 2015).
These populations correspond to category MNR3: species with one or a few isolated non-reproductive
(wintering/staging) populations with FRVs to be set at supranational level.
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Figure 4.1.2

Breeding areas (yellow), wintering areas (solid blue areas) and flyway-populations

(open polygons) of Smew. Source: Wetlands International (2017)

Conclusions
Smew’s breeding distribution is large and extends from Sweden to eastern Siberia. The North-European
breeding population can be considered as one population (continuing in Russia) corresponding to
population category MR1: widespread migratory species with more or less continuous distribution for
which FRVs must be set at member state level.
In the flyway-approach three separate geographic populations are distinguished, two of them occurring in
the EU27: the Northwest/Central-European population and the Black Sea/East Mediterranean. Both
correspond to population category MNR3: species with one or a few isolated non-reproductive
(wintering/staging) populations for which FRVs must be set at supranational level.

Step 1.3 - Historical perspective: what happened to the species?
The North-European breeding population declined throughout the 19th and 20th centuries due to
habitat degradation and loss (e.g. the loss of mature trees in river valleys as a result of logging,
conversion to agriculture and river canalisation). The species has also suffered local declines as a
result of predation by American mink Neovison vison (BirdLife International 2017). However since
1980 both the Swedish and Finnish breeding populations have increased in numbers (European
Environment Agency 2015).
Since the 1990s wintering numbers of the West/Central European population have been stable, but
probably numbers of the Southeast European wintering population have declined (Wetlands
International 2017), possibly due to hunting pressure during migration. The species is also suspected
to have altered its wintering range because of climate change.
Step 1.4 - Analysis of distribution and trends
Breeding population
Distribution data and data on numbers are available from Article 12 Bird Directive reporting 20082012 (European Environment Agency 2015) and Hagemeijer & Blair (1997). These data don’t show
negative trends in breeding population size at Member State level since 1980. It is not possible to
quantify the species’ numbers and distribution further back in time. There are indications that
historically, back to the 19th century, numbers were higher, as was its distribution. In these times the
species occurred in the eastern Europe where it is almost absent nowadays.
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Wintering population
For most European countries data on wintering numbers and distribution are collected at site level in
the International Waterbird winter census (Wetlands International) since the 1970s. Furthermore
trends and population estimates were published in the Bird Directive reporting 2008-2012 (European
Environment Agency 2015). There are no negative trends in the Northwest- and Central-European
wintering population since the 1980s. The East-European wintering population in the Black Sea and
East Mediterranean possibly has declined between 1990-2012.

Conclusions
The smew’s breeding distribution doesn’t show a negative trend since 1980 but historical numbers and
distribution were probably larger than nowadays.
The Northwest- and Central-European wintering population is stable since the 1980s. The East-European
wintering population possibly has declined between 1990-2012 – extent unknown.

Step 2.1 - FRP assessment
Breeding population
A species specific PVA is not available. The upscaled MVP is estimated at 12,500 pairs. So this is
considered the bottom line for the Smew population. Although the EU27 breeding population does not
exceed this value (3100-7600 pairs) the whole European population (the population continues in
Russia) probably does (with 9,200-17,600 pairs). This population does even further extend into Asia.
Regarding EU27, current numbers exceed the population size in 1980, given the increase in numbers
since then in Sweden and Finland. In historical perspective this can be considered as a population
recovery. Because current numbers clearly exceed MVP and there are no indications of a recent
decline in distribution (see step 2.2 FRR assessment) we suggest to take current values as FRP’s,
reflecting a relatively favourable situation: Sweden: 1100-2000 pairs, Finland: 2000-5500 pairs
(European Environment Agency 2015).

Figure 4.1.3

Trend of Smew in the Netherlands based on annual seasonal average numbers

(Source Sovon)

Wintering population in the North-west European flyway
Since the trend for the North-west European flyway population is positive since 1980, probably a
recovery of declines in the past, current value can be used for the supranational FRV: 26,800-44,700
individuals (European Environment Agency 2015).
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National targets should be based on the carrying capacity of sites/habitat, as the species shows spatial
dynamics in winter steered by climatic conditions. E.g. in harsh winters birds wintering in the Baltic
Sea move to western Europe. Peak numbers observed over several years can be used as a proxy for
setting targets. In the Netherlands the wintering numbers of Smew have declined since 1980. This can
be explained by a northerly shift in wintering areas. We propose to use peak-year numbers to set the
national target for the Netherlands: 2500 ex. expressed as seasonal average numbers (Figure 4.1.3).

Conclusions
Breeding population: FRP’s for Smew in Sweden and Finland can be based on current values reflecting
long-term positive trends following historical decline:
FRP = CV (SE 1100-2000 pairs; FI 2000-5500 pairs).
Wintering population: the supranational FRP for the north-west European flyway population corresponds
to current value:
FRP = CV (26,800-44,700 individuals, supranational).
National targets for wintering must consider the carrying capacity of the member state for which peak
numbers can be used as proxy.

Step 2.2 - FRR assessment
Breeding population
There are no indications that the species’ distribution in Northern Europe has declined or changed in
configuration in the last decades. Current values are used to set FRR’s: Sweden: 9000 km2, Finland:
37700 km2 (European Environment Agency 2015).
Wintering population
Accumulated distribution over several years, derived from maps including the distribution of wintering
populations in peak years can be used as ‘current value’ for the supranational FRR.

Conclusions
Breeding population: FRR’s for Sweden and Finland can be based on current values reflecting long-term
positive trends:
FRR = CV (SE 9000 km2, FI 37,700 km2).
Wintering population: the supranational FRR for the north-west European flyway population corresponds
to current value to be derived from maps over several years, including peak years.
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4.2

Spotted Crake (Porzana porzana) in the EU with focus
on the Netherlands

André van Kleunen, Marc van Roomen & Ruud Foppen
Step 1.1 - Biology of the species
Spotted Crake is a small (l 19-22,5 cm, 0.09 kg) rail with a greenish-brown plumage with dark streaks
and some spots across its body. Its neck is greyish and it has distinct whitish under tail. Its legs are
greenish with long toes. Its bill is greenish-yellow with reddish base. The species is rather elusive and
is more often heard than seen; it has a distinctive call performed in spring mostly at night.
This species is fully migratory. Its autumn dispersal to its wintering grounds beginning mid-July, with
the species returning to reoccupy its breeding grounds from April. The species breeds in Europe from
April to July and in the former USSR from May to July. Early migrating birds (mainly juveniles) often
moult in August during stops on migration, during which they become flightless for c.3 weeks. The
species is territorial throughout both breeding and non-breeding seasons and is usually seen singly, in
pairs or in family groups, although occasionally small groups of 2-4 individuals may forage together on
migration. It normally roosts at night in thick vegetation and forages by day (although this behaviour
is reversed when migrating). The species inhabits similar habitats in both its breeding and winter
ranges, and generally requires very shallow water (less than c.15 cm deep, typically foraging in water
less than 7 cm deep) that is rich in invertebrate food and is interspersed with stands of low vegetation
cover. The species shows a preference for freshwater wetlands with a range of water depths or where
water levels vary seasonally, especially where these have a mixture of muddy, moist and shallowly
flooded substrates and a dense covering of grass, sedges, rushes, Polygonum, Iris, Equisetum and
other emergents, as well as trees (e.g. Acacia, Sesbania, Betula, Salix and Alnus). Suitable habitats
include seasonal and permanent marshes and fens, bogs, damp meadows, the edges of drainage
ditches, swamps, seasonally flooded pans, pools in flooded grassland, grassy margins of reservoirs
and lakes, slow-flowing rivers and sewage settling-ponds. The species is omnivorous, its diet
consisting of small aquatic insect adults and larvae (e.g. Trichoptera, Odonata, Diptera, Coleoptera,
Hemiptera, Lepidoptera and ants), earthworms, molluscs, arachnids (e.g. spiders and water mites)
and small stranded fish (1-2 cm long), as well as algae and the shoots, leaves, roots and seeds of
Panicum, Oryza, Carex and Schoenoplectus. The nest is a thick-walled cup of plant matter, usually
placed in thick vegetation near or over standing water, or alternatively in a tussock, or built up well
above the water level (source: BirdLife International 2017).
Step 1.2 - Spatial scale of functioning
Breeding population
The species’ global range covers large parts of Europe, north up to Southern-Scandinavia and extends
east to Central-Asia (Figure 4.2.1). East-European countries harbour largest numbers and have the
highest degree of occupancy. In southern Europe and western Europe the species is more localised
and numbers can show quite strong year to year variations as a consequence of habitat conditions
(BirdLife International 2017). For instance summer floodings of the river Rhine floodplain in the
Netherlands could lead to a tenfold increase in numbers of calling males (Vogel & van der Wal 1988,
Van den Bergh & Helmer 1984).
The EU27 breeding populations is estimated at 9900-26,700 males in 2008-2012 (European
Environment Agency 2015) and its distribution at 234,300 km2.
The species’ dispersal capacity is estimated at 50 km. Such gaps do not exist in the species’
distribution in Europe, apart from the British Isles, parts of Italy and Spain. However the species
irruptive behaviour might suggest a higher dispersal capacity than estimated with the allometric
approach used. Therefore we propose to consider the Spotted Crake at EU27 scale as a widespread
migratory species (population category MR1).
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Figure 4.2.1

Breeding distribution of Spotted Crake in EU27 in 2008 -2012 (10 km2-grid cells).

Source: European Environment Agency (2015)

Passage population
The Spotted Crake is migratory and its wintering grounds are located in Africa and in southern
Central-Asia. Comparatively little is known about its abundance and distribution during migration in
Europa, but it is known to turn up in the same habitat where the species does breed. So it is likely to
match with its breeding range in Europe. Therefore, and because no quantitative assessment can be
made concerning the number of migrating individuals, we propose to set FRVs for the breeding
population only.

Conclusions
Spotted Crake at EU27 scale is a widespread migratory species with a more or less continuous breeding
distribution (population category MR1) for which FRVs must be set at the national level.
We propose to set FRVs for the breeding population only because during migration the distribution of
Spotted crake is likely to match with its breeding range in Europe.

Step 1.3 - Historical perspective: what happened to the species?
Since 1980 numbers in the EU27-countries together have been stable (European Environment Agency
2015). Further back in the 20th century numbers and distribution of Spotted Crake are believed to
have declined as a consequence of wetland drainage or hydrological changes, changes in water quality
and agricultural intensification, in particular in Western-Europe (BirdLife International 2017). The
magnitude of the decline cannot be quantified as historical numbers are not available. Little is known
about the population status of the passage population.
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Step 1.4 - Analysis of distribution and trends (breeding population)
Distribution data and data on numbers are available from Article 12 Bird Directive reporting 20082012 (European Environment Agency 2015) and Hagemeijer & Blair (1997). It is likely that current
numbers and the distribution in the EU are lower than in the early 20th century. Since 1980 numbers
at EU27 level have been stable. However at member state level there is some variation, e.g. declines
in Finland (31-88%), Italy (magnitude unknown), the Netherlands(18-34%) and Slovakia (10-24%).

Conclusions
The Spotted Crake’s breeding distribution and numbers don’t show a negative trend since 1980 but
historical numbers and distribution were probably larger than nowadays.

Step 2.1 - FRP assessment (breeding population)
A species specific PVA is not available. The upscaled MVP is estimated at 12,500 breeding pairs. The
current EU27-population (9900-26,700 calling males) exceeds this value and even more if we take
into account the numbers in non EU-countries that are likely to belong to the same population. The
species has been stable EU-wide both in numbers and distribution since 1980. Historical numbers
might have been higher, but are not available. This species is classified in FRV-category MR1. This
means that FRP’s should be set at member state level, at least at 1980-size.
Although the Dutch population numbers show strong year-to-year fluctuations the average numbers in
recent years are significantly lower than around 1980 (18-35% decline). So we propose to set the
1980 level as FRP. According to the Dutch Breeding bird atlas (Sovon Vogelonderzoek 2002) the
breeding population of Spotted Crake in the Netherlands in 1980 was estimated at 150-1000 pairs,
which is the (minimum value for the) FRP.

Conclusions
Breeding population: In the Netherlands the species has declined since 1980 (150-1000 pairs then), so
FRP > CV (150-1000 pairs).

Step 2.2 - FRR assessment (breeding population)
We propose to set the reference periods for FRR’s as is reasoned for setting FRP’s above. In the
Netherlands the species’ distribution shows strong year-to-year fluctuations but on average has not
changed since 1980 (SOVON 1987, SOVON (2017). The species’ distribution is likely to have been
larger earlier in the 20th century, but we don’t have historical numbers. Based on the number of
occupied 5x5 km squares the distribution for 1980 (SOVON 1987) is calculated at 3550 km2., which is
the minimum value for the FRR.

Conclusions
The national FRR for Spotted Crake in the Netherlands is based on the distribution of the species around
1980: 3550 km2. Earlier in the 20th century distribution was probably larger, so, based on the 1980reference, FRR > 3550 km2.
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4.3

Great Bustard (Otis tarda) in the EU with focus on the
Iberian peninsula

André van Kleunen, Marc van Roomen & Ruud Foppen
Step 1.1 - Biology of the species
The Great Bustard is a large and heavy ground bird (male 6-18 kg, 105 cm). It has whitish
underparts, greyish neck and brownish upperparts with black bars. The male has a rusty orange
breast and tail and conspicuous skin-barbs in breeding plumage.
Originally it is a species of the Eurasian steppe, but has acclimated to agricultural landscapes. It
occurs in open, flat or somewhat rolling landscapes, usually with a mixture of crops (cereals,
vineyards, fodder plants), in some countries also with steppic grassland. Areas with little or no
disturbance and abundant supply of insects are required for successful breeding. Nest sites are
selected in grassland, fallow or cereal fields (primarily alfalfa in Central Europe and wheat in Russia,
Mongolia and Kazakhstan) in areas of low patch-type diversity, far from human infrastructure and with
good horizontal visibility. Highly variable migratory behaviour across populations, including obligate
winter migrants (Asia, Russia), facultative migrants (central European populations) and partial winter
and summer migrants with differential migratory pattern by sex (Iberian populations).
Its diet consist of plants, including composites, legumes, crucifers and grasses, but also invertebrates:
Orthoptera and Coleoptera. A high proportion of cultivated plants is utilized from late summer through
to winter and insects from late spring into late summer. Nesting season lasts from april-june. The
simple nest is located on the ground. First breeding takes place after 5-6 years for males and
2-3 years for females (sources: BirdLife International 2017, Del Hoyo et al. 1996)
Step 1.2 - Spatial scale of functioning
Breeding population
Its current breeding range in Europa is highly fragmented with breeding populations occurring in the
Iberian peninsula, Eastern Germany, Austria-Hungary, Romania, Ukraine, Belarus and Russia
(Figure 1). Outside Europe its range extends in Central-Asia east to Mongolia and in Northern Africa in
Marroc. The populations in Eastern Russia and Mongolia are considered a separate subspecies (Otis
tarda dybowskii). The EU27 breeding population of the Great Bustard is estimated at 15,100-18,100
males in 2008-2012. Its EU27 distribution covers 82,000 km2 (European Environment Agency 2015).
The species’ dispersal capacity is estimated at 50 km. Applying this distance to its (contracted and
fragmented!) distribution we should consider the following metapopulations, in accordance with the
geographical populations distinguished by Nagy (2009):
Fully EU:
• Iberian Peninsula
• Eastern Germany/Poland (German-Polish plain)
Partially EU:
• Central-Europe – Carpathian Basin(Austria/Hungary – historically also Czech Republic, Slovakia,
Serbia, Romania and Bulgaria)
Europe –non EU:
• European Russia, Ukrain, Moldova.
Passage/wintering population
Most populations of the western-subspecies (Otis tarda tarda), occurring in Europe are considered
resident, although some central-European populations and even the Iberian show some (shortdistance) displacements. Particularly in harsh winters the species can show movements to areas well
outside its normal range. We propose to consider the species sedentary with regard to FRV-setting.
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Figure 4.3.1

Breeding distribution Great Bustard in EU27 in 2008 -2012 (10 km2-grid cells).

Source: European Environment Agency (2015)

Conclusions
Breeding populations of the resident Great Bustard correspond to population category S3: uncommon
species with small home ranges and one or a few populations at supranational level. For this category
FRVs must be set at the supranational level.

Step 1.3 - Historical perspective: what happened to the species?
Historically the Great Bustard probably reached its maximum extension during the 18th century, when
it benefited from extensive forest clearance. Subsequently it began to retreat due to habitat changes
caused by human population growth, intensification of farming practices and hunting (Hagemeijer &
Blair 1997). Its range has contracted and populations have become isolated. The EU 27 trend is
positive since 1980, mainly due to the increase of the Iberian population as a consequence of
successfully implemented conservation measures (BirdLife International 2017). Despite some recent
recovery in some East-European countries current numbers are still lower than in 1980. The species
continues to decline in Romania and Slovakia.
Regarding the species’ range the EU27 picture since 1980 is even more negative: apart from Austria
the species’ range has contracted further, even in the Iberian peninsula.
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Table 4.3.1 Overview of population numbers, ranges and changes in this in EU-member states as
reported for the Bird Directive reporting 2008-2012 (European Environment Agency 2015)

Step 1.4 - Analysis of distribution and trends
Distribution data and data on numbers are available from Article 12 Bird Directive reporting 20082012 (Table 4.3.1; European Environment Agency 2015) and Hagemeijer & Blair (1997). Apart from
these generic sources at least a part of the European populations has been studied relatively well and
an overview was compiled in the species’ action plan (Nagy 2009).
Historically numbers and distribution have declined before 1980 (see step 1.3). Since 1980 numbers
have increased at EU27 level, but its distribution trend remained negative.

Conclusions
The Great Bustard’s numbers EU-wide have recovered since 1980, but its distribution has decreased.

Step 2.1 - FRP assessment
A species specific PVA is not available. The upscaled MVP is estimated at 2500 males.
The Iberian population has declined strongly in historical time (magnitude not available). The 1980
population encompassed about 7.000 males. Since 1980 it has recovered and in 2008-2012 it counted
14,000-17,000 males. The upscaled MVP value has already been exceeded since 1980. As the 1980
population was depleted as a consequence of anthropogenic pressures (hunting and changes in
farming practices) we don’t consider the 1980-value a proper value for the FRP. Recently the numbers
have recovered strongly as consequence of protection measures (in particular by a ban on hunting).
This is likely to be a better approach of the FRP of this population, at least the minimum value and
even so given the decline in distribution. We propose FRP ≥ CV (14,000-17,000 males).
The population in the German-Polish plain harboured only 43 males in 2008-2012. This remnant
population is depleted as a consequence of hunting and in particular habitat deterioration (farming
practices). In the seventies it comprised 800 males (Blair & Hagemeijer 1997). It is likely that further
back in time numbers were higher (magnitude unknown). The upscaled MVP (2500 males) was even
not reached In the seventies. FRP should be higher than 2500 males.
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Conclusions
Iberian Peninsula: Since 1980 population numbers of Great Bustard have at least partly recovered from
depletion to 14,000-17,000 males. Further recovery might be possible. FRP > 14,000-17,000 males.
German-Polish plain: Population is depleted and far below the upscaled MVP even in the seventies. FRP
>> 2500 males.

Step 2.2 - FRR assessment
The range and distribution of the Iberian population have declined since 1980, although the magnitude
is unknown (Table 1). Although current population numbers are higher than in 1980, its distribution
has not recovered at all. We propose to use the 1980 distribution to set the FRR. In the first European
Breeding Bird Atlas the species’ distribution covered at least 202,500 km2 squares (Hagemeijer & Blair
1997). This might even be a minimum as the distribution most likely declined before 1980 already
because of hunting and adverse farming practices.
The range of the German-Polish population in Germany has decreased by 50-100% since 1980, only
900 km2 (10x10 km squares) is left. The species has disappeared from Poland in 1986 where it
occurred in the 1960’s up to Central-Poland (Clutz von Blotzheim et al. 1994). Based on Blair&
Hagemeijer its seems likely that the historical distribution before the seventies covered at least
10 50x50 km squares in Eastern-Germany only. A similar figure seems likely for Poland. So we
propose a minimum FRR of 50,000 km2 (based on occupied 50x50 km squares).

Conclusions
Iberia: FRR should equal or exceed the 1980 value. FRR ≥ 202,500 km2.
German-Polish plain: FRR ≥ 50,000 km2 (50x50 km square level).
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4.4

Dunlin (Calidris alpina) in western Europe and the
Baltic area

André van Kleunen, Marc van Roomen & Ruud Foppen
Step 1.1 - Biology of the species
Rather small wader species (l: 17-21 cm, 33-85 g), has slightly decurved bill. In summer plumage
reddish-brown upperparts, white underparts with distinctive black patch on belly. In winter plumage
uniform greyish and white underparts.
This species is a fully migratory circumpolar breeder with several sub-populations that employ a
number of migration strategies, from short coastal flights to long, non-stop flights overland on a broad
front. The sub-population that breeds in north-east Greenland migrates through Iceland, Britain and
western France to arrive in its West African wintering grounds (specifically Banc d’Arguin in
Mauritania) from late-July, returning again between March and early-April. European birds may gather
in large congregations from the beginning of July in areas such as the Wadden Sea or the Wash to
moult, and some juveniles may remain in the non-breeding range all year. The species breeds
dispersed or aggregated in loose colonies, and travels in group sizes of up to 1,500 on passage,
remaining in large groups (up to hundreds of thousands of birds) throughout the non-breeding season.
The species is active both diurnally and nocturnally. Habitat Breeding In the breeding season this
species frequents moist boggy ground interspersed with surface water, such as tussock tundra and
peat-hummock tundra in the arctic, as well as wet coastal grasslands, salt marshes and wet upland
moorland. Non-breeding In the non-breeding season this species mainly prefer estuarine mudflats, but
also frequent a wide variety of freshwater and brackish wetlands, both coastal and inland, including
lagoons, muddy freshwater shores, tidal rivers, flooded fields, sewage farms, salt-works, sandy
coasts, lakes and dams. For roosting during high tides and at night this species prefers large fields of
naturally fertilised short pasture or soil-based crops with few vertical structures that could be used by
predators. Diet Breeding This species is omnivorous during the breeding season, consuming mostly
adult and larval insects (dipteran flies, beetles, caddisflies, wasps, sawflies and mayflies), and also
spiders, mites, earthworms, snails, slugs and plant matter (usually seeds). Non-breeding It is also
omnivorous during the non-breeding season, consuming mostly polychaete worms and small
gastropods, as well as insects (dipteran flies and beetles), crustaceans, bivalves, plant matter and
occasionally small fish. Breeding site Its nest is a scrape or shallow depression in the ground,
concealed in vegetation and sometimes in a tuft or tussock (and thus raised slightly off the ground).
Management information The provision of well-surfaced paths in breeding areas that receive
> 30 visitors a day has been shown to reduce the impact of human disturbance on this species’
reproductive performance. It is also known to show increased hatching successes when ground
predators have been excluded by erecting protective fences around nesting areas (source: BirdLife
International 2017).
Step 1.2 - Spatial scale of functioning
Reproductive population
The Dunlin has a circumpolar breeding range. In Europe it occurs south to northern Poland, Germany
and Southwest England. Four breeding (flyway) populations are distinguished in Europe (Delany et al.
2009; Figure 4.4.1, Table 4.4.1):
1. C. a. alpina breeding in northern Fennoscandia and Siberian Russia
2. C. a. schinzii from Iceland
3. C. a. schinzii from Ireland, Britain and Southwest Norway
4. C. a. schinzii from the Baltic countries.
The total European breeding population is estimated at 426,000-562,000 pairs (BirdLife International
2017). The overall population trend is negative, although some populations are stable or have
unknown trends (Wetlands International 2015, Table 2).
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Figure 4.4.1

Flyway-populations of Dunlin, including breeding, passage and wintering range.

Source: Wetlands International (2017)

Table 4.4.1 Flyway populations of Dunlin occurring on passage and/or wintering in Europe (Delany et
al 2009)
Population Name

Subspecies

Breeding range

Nonbreeding range

North Scandinavia-West Siberia and

C. a. alpina

North Scandinavia & West

West Europe, west

Siberia

Mediterranean

Iceland

West Africa

West Europe
Iceland & Greenland/NW and West

C.a. schinzii

Africa
Baltic/SW Europe & NW Africa

C.a. schinzii

Baltic

SW Europe & NW Africa

Britain & Ireland/SW Europe & NW

C.a. schinzii

Britain, Ireland, S Norway

SW Europe & NW Africa

Africa
NE Greenland/West Africa

C.a. arctica

NE Greenland

West Africa?

South-west Asia, North-east Africa &

C.a. centralis

North Central Siberia

East Europe, East

East Mediterranean

Mediterranean, Middle East

We propose to treat the flyway breeding populations of Dunlin as categories MR3: C.a. schinzii in
Iceland, C. a. schinzii in Ireland, UK and Southwest Norway, C.a. schinzii in Wadden Sea and Baltic
countries and C. a. alpina in North Scandinavia and West Russia). Category MR3 corresponds to
migratory species with individuals with small home ranges and one or a few supranational populations.
Passage/wintering population
All Dunlin populations are migratory and show directional movements to wintering areas. In Europe
these winter areas encompass coastal areas in Western Europe in the Atlantic region and in Southern
Europe at the Mediterranean coast. Six flyway populations are distinguished that winter or occur on
passage in Europe (Table 4.4.1).
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During passage and to a lesser extent wintering considerable mixing of the different flyway
populations takes place. Furthermore the different populations are not separable in the field. Some
differences in timing of migration between the populations occurs, especially in spring. We propose to
treat the different passage/wintering populations of Dunlin for setting FRVs as:
• Passage and wintering Dunlin in Western Europe and North Africa. This is predominantly alpina in
winter with small numbers of schinzii from Ireland/UK/South Norway and schinzii from Baltic
countries. During migration extra schinzii from Iceland and arctica occur in France, Ireland and UK.
• Passage and wintering Dunlin in Eastern Europe (from South Italy east) and Eastern Mediterranean.
This is predominantly centralis.
• (Not threated within EU BD scope): Wintering Dunlin in West Africa. This is predominantly schinzii
from Iceland with arctica from East Greenland.
All these populations correspond to category MNR3 (migratory species with one or a few isolated nonreproductive (wintering/staging) populations at supranational level) with FRVs to be set at
supranational level.

Conclusions
All breeding populations of Dunlin correspond to FRV category MR3. Passage and wintering populations of
Dunlin belong to FRV category MNR3.

Step 1.3 - Historical perspective: what happened to the species?
The overall population trend is decreasing, although some populations are stable or have unknown
trends (Wetlands International 2015, Table 2). The population of C. a. schinzii breeding in Iceland
seems to be stable. However numbers and probably also distribution of the Baltic population in
particular have strongly declined as a consequence of afforestation, agricultural intensification and the
decrease or cessation of coastal grazing. During passage and in the winter Dunlin is restricted to a
small number of estuaries, so is vulnerable to any changes in quantity and quality of this habitat, for
example through land reclamation (Hagemeijer & Blair 1997, BirdLife International 2017).
Step 1.4 - Analysis of distribution and trends
Breeding population
Distribution data and data on numbers are available from Article 12 Bird Directive reporting 20082012 (European Environment Agency 2015) and Hagemeijer & Blair (1997). The breeding numbers of
C. a. alpina in Finland have decreased since 1980 (40-50%). However in Sweden in the same period
breeding numbers of C. a. alpina have increased (10-30%). The numbers of C. a. schinzii in the British
Isles are stable or have decreased slightly; large population UK (8600-10600) stable, small population
Ireland (150 pairs) 58-79% decrease. Its range has contracted slightly. The breeding numbers of
C. a. schinzii on Iceland are considered to be stable (Delany et al. 2009).
The numbers of the Baltic Sea-area population of C. a. schinzii have decreased since 1980 at least
50%, but probably more (Table 4.4.2). Although difficult to quantify a strong decline already took
place before 1980. E.g. in the past densities up to 50 pairs/km2 were recorded. Nowadays the total
breeding population is estimated at around 500 breeding pairs and is considered depleted. The range
has decreased as well, probably more than 30% since 1980 (European Environment Agency 2015).
The species has even disappeared as regular breeding bird in the southern Wadden Sea, for instance.
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Table 4.4.2 Population estimates and trends in numbers and range of the Baltic breeding population
of C. a. schinzii in 2008-2012 at EU-member state level (European Environment Agency 2015)

Passage/wintering population
Since the 1970s for most European countries data on wintering numbers and distribution are collected
at site level in the International Waterbird winter census (Wetlands International 2017). Furthermore
trends and population estimates were published in the Bird Directive reporting 2008-2012 (European
Environment Agency 2015). Table 4.4.3 summarizes the flyway-population trends. C. alpina and
C. a. schinzii breeding in the Baltics have declined, C.a schinzii breeding in Iceland is
stable/fluctuating, C.a. schinzii breeding in the British isles has increased, at least between 19962012. However the Bird Directive data suggest a slight decrease since 1980.

Table 4.4.3 Numbers and trends of flyway-populations of Dunlin (source: Wetlands International)
Population

Start Year

alpina, NE Europe & NW
Siberia/W Europe & NW Africa
schinzii, Iceland &
Greenland/NW and West Africa
schinzii, Baltic/SW Europe & NW
Africa
schinzii, Britain & Ireland/SW
Europe & NW Africa
arctica, NE Greenland/West
Africa

End Year Minimum Maximum

Size

Size

2000

2012

1.330.000

2010

2014

730.000

Start Year

End Year Trend

Trend

Trend

1.330.000

2003

2014

830.000

2003

2014

1990

2012

1.180

1.430

2000

2012

2005

2008

26.300

32.300

1996

2010

1996

1999

21.000

45.000

1988

2000

declining
stable/
fluctuating
declining
increasing
stable?

Step 2.1 - FRP assessment
Breeding population
A species specific PVA is not available. The upscaled MVP is estimated at 12,500 pairs. The Baltic Sea
population of C. a. schinzii encompassed 462-573 breeding pairs in 2008- 2012 (Table 4.4.2;
European Environment Agency 2015). This is far below the upscaled MVP (12,500 pairs). The current
breeding population is considered depleted. Exact historical numbers are not available, but the
subspecies should have been far more numerous, as densities up to 50 pairs per km2 were recorded
there (Hagemeijer & Blair 1997). The depletion took place before 1980. At that time the population
was likely to be around 1000 pairs. This is far below the upscaled MVP (12,500 pairs) as well. So the
FRP should be much more than 12,500 pairs.
Passage/wintering population
During passage and wintering some of the flyway populations mix and cannot be told apart in counts.
Therefor we subdivided de passage wintering populations in two: a West- and an East-European.
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Example: The West European (including North Africa) passage/wintering population consists of
breeding birds from C. a. alpina from northern Europe and C. a. schinzii from both the British Isles and
Baltic breeding population. Based on winter counts the numbers in West-Europe have decreased
slightly since 1980. The numbers are dominated by C a. alpina (Table 2): around 1,330,000 birds
(including North Africa) recently. Time series going back to 1990 show peak numbers of
1,500,000 birds (van Roomen et al. 2015). So the FRP should be at least 1,500,000 birds for the
West-European wintering population including North-Africa.
EU national targets should be based on the carrying capacity of sites/habitat. Numbers can be used as
a proxy but care should be taken because they have to reflect the carrying capacity. Note that
numbers are subject to fluctuations because of climate conditions.

Conclusions
Baltic area (breeding population C. a. schinzii): FRP >> 12,500 pairs.
Western Europe + North Africa (wintering population): FRP ≥ 1,500,000 birds.

Step 2.2 - FRR assessment
Breeding population
The Baltic population of C. a. schinzii shows a slight decline in distribution between the first European
Breeding Bird Atlas and the Bird Directive reporting 2008-2012, however not as strong as the decline
in numbers. We propose to set FRR for the Baltic breeding population of schinzii at least at the level of
the first European Breeding Bird Atlas: c 100 occupied 50x50 km squares = 25,0000 km2.
Passage/wintering population
Accumulated distribution over several years, derived from maps including the distribution of wintering
populations in peak years can be used as ‘current value’ for the Dunlin’s supranational FRR’s.

Conclusions
Baltic area (breeding population C. a. schinzii): FRR ≥ 25,0000 km2 (at 50x50 km squares level).
Westen Europe + North Africa (wintering population): The accumulated distribution over several years,
derived from maps including the distribution of wintering populations in peak years can be used as
‘current value’ for the Dunlin’s supranational FRR.
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4.5

White-tailed Eagle (Haliaeetus albicilla) in Europe and
the EU

André van Kleunen, Marc van Roomen & Ruud Foppen
Step 1.1 - Biology of the species
The White-tailed Eagle is a large raptor (length 77-92 cm, wingspan >2 m, body mass 0.4-0.6 kg),
with broad board shaped wings, a protruding head and relatively short wedge-shaped tail and a
predominantly dark brownish plumage.
The species requires large and open expanses of lake, coast or river valley, within the boreal,
temperate and tundra zones, nearby to undisturbed cliffs or open stands of large, old-growth trees for
nesting. Its food is vertebrates (fish, mammals and especially birds), from marine, freshwater and
terrestrial environments. Most of the European White-tailed Eagles are considered sedentary, apart
from a part of the population in Fennoscandia and large parts of Russia. Birds are usually seen singly,
or in twos or threes. The nest is a huge construction of sticks and branches usually built in trees, at
cliffs and even in pylons. Clutch size: usually two eggs. Breeding failure can be high: average 0,2-1,1
fledged young per breeding pair. They reach sexual maturity after five years. They can live to 27 years
in the wild. The nest is built within 10 km of the foraging grounds. Breeding densities are usually low
but in good habitat occupied nests can be found at 400 m distance of each other (sources: BirdLife
International 2017; Del Hoyo et al. 1994, Clutz von Blotzheim et al. 1989).
Step 1.2 - Spatial scale of functioning
Breeding population
The breeding range of the White-tailed Eagle extends from Northern-Europe, across Central Europe to
South-east Europe (Figure 1). The species is absent from most parts of western and southern Europe.
The EU27 population is estimated to number 3,500-4,300 breeding pairs, (European Environment
Agency 2015). In particular in central and southeast Europa its distribution becomes fragmented.
Relatively isolated populations occur in Scotland (reintroduced) and Iceland (Figure 4.5.1).
The species’ dispersal capacity is estimated at 500 km. This means that at least all continental
breeding birds from Northern Scandinavia up to Greece should be considered as one metapopulation
despite the apparently fragmented distribution of the species. Given the overall sedentary nature, this
corresponds to population category S1: widespread sedentary species with more or less continuous
distribution (often crossing national boundaries) and populations (assessment units) with more or less
exchange at or below national level. Although in some cases home ranges can be quite large –
foraging up to 10 km away from the nest has been recorded – generally nesting and foraging grounds
are not that separated (not trans-national) and closer to each other, so that category S4 (animal
species with individuals with large home ranges >100 up to >1000 km2) is not relevant.
Passage/wintering population
Wintering areas are located in Northwest, Central and Southeast Europe. These are highly fragmented,
but rather often located in breeding areas of the species. Since only part of the population is migratory
and a significant part of its winter range overlaps with the breeding range, we propose not to consider
the wintering population of White-tailed Eagle separately with regard to setting FRVs.
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Figure 4.5.1

Breeding distribution of White-tailed Eagle in EU27 in 2008 -2012 (10 km2-grid cells).

Source: European Environment Agency (2015)

Conclusions
The breeding range of the White-tailed eagle extends from Northern-Europe across Central Europe to
Southeastern Europe. Given its large estimated dispersal capacity this range seems one metapopulation.
Although the species is migratory in Northern-Europa, wintering grounds largely correspond with breeding
grounds. Therefore we propose to set FRVs for the breeding population only following category S1 (at the
national level).

Step 1.3 - Historical perspective: what happened to the species?
Until the early 20th century the species was heavily persecuted and exterminated from parts of
Europe. After protection measures had been taken the population started growing from refuges in
Scandinavia and Eastern Europe. This population growth was reversed temporally in the period 19501970 as a consequence of poisoning by chemical pollutants, in particular DDT and PCBs (Hagemeijer &
Blair 1997). During the last decades the population has recovered as a result of measures such as
protecting eyries, providing safe (non-poisoned) food and by re-introductions to certain areas such as
Bavaria (BirdLife International 2017).
Step 1.4 - Analysis of distribution and trends
Distribution data and data on numbers are available from Article 12 Bird Directive reporting 20082012 (European Environment Agency 2015) and Hagemeijer & Blair (1997). The population has
increased in numbers and distribution in Europe since 1980. At country level at least all EU27
countries harbouring White-tailed Eagles show positive trends since 1980 (Table 4.5.1). The EUbreeding population is estimated at 3500-4300 pairs in 2008-2012 (European Environment Agency
2015). Europe wide the population is estimated at 9000-12,300 pairs (BirdLife International 2017)
compared to only 2400 pairs in 1980 (Hagemeijer & Blair 1997).
Numbers in some countries are still quite low but further recovery of the population seems likely e.g.
the population is expanding in the West in the Netherlands.

Wageningen Environmental Research report 2929

| 123

Table 4.5.1 Population statistics of White-tailed Eagle in EU-member states for the periode 20082012 (European Environment Agency 2015). Short term trend considers the last 10 years and long
term trend since the period since 1980

Conclusions
The population of White-tailed Eagle in the EU has increased and expanded in the last decades. In some
countries the numbers still seem quite low, further increase and spread seems likely.

Step 2.1 - FRP assessment
A species specific PVA is not available. The MVP is estimated at 2500 pairs (see § 5.4). This number is
clearly exceeded for the European population: 9000-12,300 pairs and even for the EU-countries only
(3500-4300 pairs) but not so in the eighties when the European population was estimated at only
2400 pairs). Since the species is recovering from a long term decline across its range, we propose to
use FRP > current value awaiting a population equilibrium at EU and national level. In some countries
numbers are still quite low and there seems further recovery ahead.

Conclusions
FRP (generally at MS level) > CV.

Step 2.2 - FRR assessment
The EU-wide recovery of the species also applies to its range and distribution (European Environment
Agency 2015). As for the FRP, we propose to use FRR > current value awaiting a population
equilibrium at EU and national level. In some countries distribution is still quite small and there seems
further recovery (expansion) ahead.

Conclusions
FRR (generally at MS level) > CV.
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4.6

Wood Warbler (Phylloscopus sibilatrix) in Sweden

Wouter Langhout, Ariel Brunner & Ivan Ramírez
Step 1.1 - Biology of the species
Wood Warbler is a small, fully migratory passerine (4 – 15 g; 12 cm) (Carboneras et al. 2016). The
species is widespread; in 2007-2012 the species was breeding in all EU Member States except
Portugal, Malta and Cyprus (BirdLife International 2015). The species is as result present in most
biogeographical regions, but is less common in the Mediterranean biogeographical region and absent
in Macaronesia. Globally, the distribution of the breeding populations of the species is restricted to
Europe and part of the Middle East (BirdLife International 2017). The species winters in sub-Saharan
Africa (Snow and Perrins 1998). In its African non-breeding grounds it uses humid evergreen forest,
moist thickets, forest edge, dry woodland and forested mountain slopes as well as wooded savanna
and scattered trees in forest clearings, often in fig trees (Ficus), occasionally in mangroves
(Carboneras et al. 2017). The Wood Warbler breeds in lowlands, in moist and shady deciduous woods,
typically beech (Fagus), mixed oak (Quercus), hornbeam (Carpinus) and sweet chestnut (Castanea),
with closed canopy and sparse undergrowth. It is also found in mixed stands of spruce (Picea), alder
(Alnus), birch (Betula), pine (Pinus) or occasionally ash (Fraxinus).The optimal breeding areas are
mixed stands with trees of mixed ages spaced well apart. It breeds from May to July and normally lays
five to seven eggs. The female chooses the nest site and builds the nest which is a ball of dry grasses,
leaves, plant stems and fibres, bark strips and animal hair. It is usually built on the ground but
occasionally found under a fallen tree or roots (Carboneras et al. 2016). Adults also rarely return to
breeding sites of the previous year, instead showing nomadic behaviour and selecting breeding sites
on the basis of rodent densities (Wesołowski et al. 2009, Pasinelli et al. 2016). Given the densities of
territories observed in good quality habitats, home ranges are around 3 hectare (Wesołowski et al
2002, Bibby et al. 1989). The diet is mainly insects and other invertebrates, with some fruit taken in
the autumn. The mean natal dispersal distance is estimated to be 20 km (Jiguet et al. 2007).
In some breeding areas changing forestry management practices have caused declines in Wood
Warbler populations (Mallord et al. 2012). Wood Warblers, like many other long-distance migratory
insectivorous passerines, have been declining since 1970 (Sanderson et al. 2006). While the threats to
specific species on the wintering grounds are poorly understood, potential candidates are habitat loss
and degradation, changing rainfall patterns, climate change and potentially that long-distance
migrants are more vulnerable to changes in their breeding grounds compared to sedentary species
(Sanderson et al. 2006).
Step 1.2 - Spatial scale of functioning
Breeding population
It is likely that most Wood Warblers belong to one large continuous European population, given the
continuous and widespread distribution. Most of the distribution lies within five mean natal dispersal
distances (100 km) from each other. There is possibly an isolated breeding population in Greece
(Crete). The breeding population is very large, there are 3,890,000-6,180,000 breeding pairs in the
EU (BirdLife, 2015). The European breeding population exceeds by far the size for which population
viability aspects would need to be taken into account (12 500 breeding pairs).
Passage/wintering population
Due to the large population and continuous distribution, and the fact that the species winters outside
Europe there is no added value in defining FRP and FRR for wintering populations.

Conclusions
Population category MR1 should be applied, as the Wood Warbler is a migratory species with a widespread
and continuous distribution, with exchange below Member State level. As a result, FRVs should be
assessed at the national level.
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Step 1.3 - Historical perspective: what happened to the species?
The long-term trend (since about 1980) of the EU population is negative, while the short-term trend
(since about 2000) is stable. The population status in the EU is ‘Depleted’ (EEA 2015), due to its longterm decline and recent stabilisation. There is no detailed information on the historic population trend,
although the forest area in the EU has considerably changed since 1900 due to re- and afforestation
as well as regional deforestation (Fuchs et al. 2015), probably resulting in an overall increase in
habitat. The species could also have been affected by historic land use changes in sub Saharan Africa.
Step 1.4 - Analysis of distribution and trends
Distribution data and data on numbers are available from Article 12 Bird Directive reporting 20082012 (EEA 2015) and Hagemeijer & Blair (1997). Breeding population estimates of medium or good
quality are available for all EU Member States, except for Croatia, Greece, Italy and Slovakia where
only poor estimates are available (BirdLife International 2015).
Negative trends in population size have been reported for Belgium (long-term), Germany (short-term
and long-term), Denmark (long-term), Estonia (long-term), Finland (short-term and long-term),
France (long-term), Ireland (short-term and long-term), Luxembourg (long-term), Netherlands (longterm), Sweden (long-term), and United Kingdom (short-term and long-term) (BirdLife International
2015).
Negative trends in breeding range have been reported in Belgium (short-term and long-term),
Denmark (short-term), France (long-term), Ireland (short-term) Netherlands (short-term and longterm) and United Kingdom (short-term and long-term) (BirdLife International 2015).
The species also has a (climate) species distribution model, with a very good fit (Huntley et al 2007).
The species breeding distribution is predicted well by the annual temperature sum, the coldest month
mean temperature and the seasonal moisture deficiency.

Conclusions
The long-term trend of the EU population is negative, while the short-term trend is stable. The population
status in the EU is ‘Depleted’. Wood Warbler is declining in population and or breeding range in several EU
Member States on the long-term and in some countries also on the short-term.
There is a very good species distribution model available and there are good or medium quality estimates
for breeding populations in most EU Member States.

Step 2.1 - FRP assessment (Sweden)
For widespread and common species, the methodology of Brambilla et al. (2011) and Brambilla et al.
(2014) can be applied, combined with estimates of area of suitable good and average habitat. The
Wood Warbler is predominantly a species of deciduous broadleaf forest (MAES category G1), which is
considered good habitat for the purpose of identifying a FRP. Good densities in broadleaf forests are in
the order of 3,0 breeding pairs per 10 hectares (Wesołowski et al 2002, Bibby et al. 1989). According
to the MAES Map of Ecosystem types (EEA 2015) there is 25 000 km2 of deciduous broadleaf forest in
Sweden. However, analysis using ArcGIS showed that only 13 000 km2 meets the climatic
requirements of the species, with the remainder being unsuitable as evident from the predicted
distribution under the present day climate (Huntley et al. 2007) and the current distribution
(Hagemeijer & Blair 1997). Given these estimates, potentially there is room for 390 000 breeding
pairs of Wood warblers in Sweden in broadleaf forest. The species also occurs in mixed forest (MAES
category G4) which is considered average habitat for the purpose of identifying a FRP. Good densities
in average habitat are around 0,3-0,6 breeding pairs per 10 hectares, based on the median of
densities across habitats (Bibby 1989, Herremans 1993). There is 15 000 km2 that meets the climatic
requirements of the species. Potentially there is room for up to 90 000 breeding pairs in mixed forests.
The predicted distribution of the species can be improved by including further variables on the basis of
the ecology of the species. Potential candidates for the Wood Warbler case are soil type and altitude.
This is without prejudice to future changes in broadleaf and mixed forest area and forest type (e.g.
due to succession or restoration) and climate change. Identifying an FRP is ideally done on the basis of
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a spatially explicit scenario for the habitat of the species, which includes not only the current and
future habitat under climate change, but also other relevant factors such as changes in land use and
the results of implementation of other EU environmental legislation.
The current methodology assumes that all broadleaf forest and all mixed forest is suitable for Wood
Warbler. This assumption may not be met, as there are inherent uncertainties in climatic
requirements, suitability of habitat and accuracy of the habitat maps at EU level, as well as well as a
limited resolution of the MAES ecosystem types. It is therefore suggested to not use the full value, but
instead as a rule of thumb apply 90% of the value to pre-empt the inherent uncertainties. This rule of
thumb resembles the 90% threshold of habitat area in good condition for assessing ‘structure and
functions’ of habitat types1.
The FRP for Wood Warbler in Sweden is therefore preliminary estimated at 430 000 breeding pairs. In
2007-2012 there were an estimated 141 000-292 000 breeding pairs in Sweden (BirdLife International
2015) down from an estimated 176 000 - 424 000 breeding pairs in 1980 (back-casted numbers on
the basis of BirdLife International 2015). The species would have an ‘unfavourable conservation status’
regarding its population in Sweden on the basis of this estimate. On the basis of the estimated longterm trend, the species may have been close to favourable in 1980.

Conclusions
The FRP for the Wood Warbler in Sweden, a common and widespread species, can be estimated on the
basis of good densities in broadleaf forest and average densities in mixed forests:
FRP = 430 000 breeding pairs.

Step 2.2 - FRR assessment (Sweden)
The climatic model (Huntley et al. 2007) shows that on the basis of the relevant climatic factors most
of Sweden meets the climatic requirement of the Wood Warbler, with the exception of the far north.
Throughout the part of Sweden with the climatic envelope, the habitat of the species (broadleaf or
mixed forest) is present and therefore the Wood Warbler should have a continuous range throughout
Sweden (without the need to take into account habitat that may have been lost in recent or historic
times). For birds, a gap of 50 km is considered to fall within a continuous range (N2K Group, 2011).
For the current analysis, therefore all gaps within the climate envelope were closed using ArcGIS.
This results in a Favourable Reference Range of around 370 000 km2 (82% of the European Breeding
Bird Atlas 50 x 50 km squares). The current range is around 370 000 km2 (84% of the European
Breeding Bird Atlas 50 x 50 km squares) and therefore the species would have a ‘favourable
conservation status’ regarding its range in Sweden under this methodology.

Conclusions
Most of Sweden (except the far north) has a suitable climate and suitable habitat for the Wood Warbler
and therefore should be part of the Favourable Reference Range:
FRR = 370 000 km2 (82% European Breeding Bird Atlas 50 x 50 km squares).
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4.7

Northern Gannet (Morus bassanus) in Europe

Wouter Langhout, Ariel Brunner & Ivan Ramírez
Step 1.1 - Biology of the species
Nothern Gannet is a large seabird (87–100 cm; 2,300–3,600 g) (Carboneras et al. 2016). The species
is fully migratory (BirdLife International 2017).
The species has a limited breeding distribution in the EU. In 2007-2012 it was breeding in 4 Member
States: France, Germany, Ireland, and the United Kingdom (BirdLife International 2015). The species
is as a breeding bird restricted to the Atlantic Biogeographic Region, although the species irregularly
breeds in the Mediterranean in France (Deideri et al. 2014) and Italy (Giagnonin et al. 2015) Globally
the species is restricted to Europe and North America (Canada) (BirdLife International 2017). There
are three distinct wintering areas for European birds 1) the North Sea and the English Channel, 2 the
Irish sea, the Bay of Biscay, and the English Channel and 3) and the coast of North Africa) (Fort et al.
2012). Area 1) and 2) overlap in the Channel. Age is also a determinant for migration, young birds will
migrate to the extreme south of its range, whereas adults range less extensively, but still regularly
winter in the Mediterranean (del Hoyo et al. 1992). Different populations also have different wintering
grounds, with northern populations also wintering further north (Fort et al. 2012) Breeding is highly
seasonal starting between March and April, usually in large colonies on cliffs and offshore islands, but
also sometimes on the mainland. Home ranges (territories) have not been quantified for these
species, but are very large (in the order of several thousand km2, given the large foraging distance
(next paragraph)
This strictly marine species forages mostly over continental shelves, feeding on shoaling pelagic fish
which are mostly caught by plunge-diving from large heights. It also attends trawlers and will form
large congregations where food is plentiful. Foraging distances are up to 540 km, potentially more
(Hamer et al. 2000). The natal dispersal distance is expected to be around 1,400 – 1,800 km given
the species weight and diet. There is likely a substantial exchange between all EU colonies (Votier
et al. 2011, Moss et al. 2002).
Overfishing and prey depletion is likely to affect this species, although populations in the U.K. and
Ireland were not seriously affected by Shetland sandeel stock crash in the mid-1980s (Carboneras
et al. 2014). Incidental capture in fishing gear, including in longlines and purse seines also poses a
threat; and the species was the most commonly caught along the Portuguese mainland coast (Oliveira
et al. 2015). The species is hunted for food in some places, for example, a small annual harvest is
carried out on Sula Sgeir, off northwest Scotland. The small population of northern Norway has
suffered local declines and extinctions thought to be mainly due to harassment by White-tailed Eagles
(Haliaeetus albicilla). The species is vulnerable to collisions with offshore wind turbines (Bradbury
et al. 2014).
Step 1.2 - Spatial scale of functioning
Breeding population
It is likely that all Northern Gannets belong to one large continuous European Population, given the
natal dispersal distance and the likely exchange between colonies (see above). The breeding
population is very large, there are 281,000 breeding pairs in the EU (BirdLife International 2015). The
European breeding population exceeds by far the size for which population viability aspects would
need to be taken into account (2500 breeding pairs).
Passage/wintering population
As mentioned above the wintering location of Northern Gannet is dependent on age and population of
origin, and winter in three distinct areas: 1) the North Sea, 2) the Irish Sea, English Channel, and Bay
of Biscay and 3) the coast of North West Africa. It is therefore recommended to define a FRP and a
FRR for at least the North Sea and Irish Sea wintering population as this falls within the jurisdiction of
the EU.
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Conclusions
Population category MR4 should be applied for the European breeding population, as the Northern Gannet
is a migratory species with a limited distribution and a large home range, with exchange above Member
State level. As are result, FRP and FRR should be assessed at supranational level.
For the passage/wintering population we recommend to set a supranational FRP and FRR for the distinct
North Sea and Irish Sea populations (category MNR4).

Step 1.3 - Historical perspective: what happened to the species?
The long-term trend (since about 1980) and the short-term trend (since about 2000) is increasing
(BirdLife International 2015). The population status in the EU is ‘Secure’ (EEA 2015). In historical
perspective, the trend is likely still negative, as the species has been heavily hunted from at least the
16th to the 20th century, with some colonies maximally exploited and entire colonies have been lost
(Gannet Stone, Calf of Man, Isle of May Nelson 2002). The global population in 1900 was no more
than 50 000 breeding pairs (Nelson 2002) and according to one source (cited in Nelson 2002) the
global population was reduced by two thirds over the 19th century. Legal protection in the UK was put
in place in 1869 (the Seabirds Preservation Act), protecting adults from hunting everywhere except on
St Kilda (Barclay-Smith, 1959).
Step 1.4 - Analysis of distribution and trends
Distribution data and data on numbers are available from Article 12 Bird Directive reporting 20082012 (EEA 2015) and Hagemeijer & Blair (1997).
Breeding population
Breeding population estimates of good quality are available for all EU Member States where the
species is breeding (BirdLife International 2015). The species also has a (climate) species distribution
model, with a ‘poor fit’ (Huntley et al 2007). The species has a very scattered coastal distribution, with
major deficiencies in the predicted distribution. There are no recent negative trends in population size
on Member State level. The United Kingdom reported a negative short-term trend in distribution (EEA
2015). However, historical population numbers before 1800 were possibly higher than today.
Passage/wintering population
The non-reproductive populations in the North Sea and Irish Sea have not been monitored as such,
and as a result only proxies would be available on the basis of the breeding populations.
Step 2.1 - FRP assessment
Breeding population
A full population model is available for Gannet in the United Kingdom and Ireland (Wildfowl and
Wetlands Trust 2012). The model indicates a carrying capacity of 950 000 – 1 250 000 individuals,
under the assumption that density dependence exists. At carrying capacity the population has a stable
age-distribution (the end result of the model runs on the basis of the parameters for reproduction and
survival from one age-cohort to the next). In the absence of detailed field data, carrying capacity (i.e.
the maximum attainable population) can be used as a proxy of the species being in good density in its
existing habitat. This is under the assumption that the current pressures and threats are not lowering
the carrying capacity significantly.
The population model could be further improved by incorporating information on the future
development of fish stock, in particular attaining Maximum Sustainable Yield under the Common
Fisheries Policy, and the incidental bycatch in fisheries, as these would address the widespread
pressures and threats and would make the use of carrying capacity as a proxy for FRP more robust. If
the stable age-distribution is approximately the same as the current stable age-distribution (Wildfowl
and Wetlands Trust 2012), 60% of the individuals would be in the reproductive cohort, which can be
assumed to consist of 100% breeding pairs. This results in 225 000 – 300 000 breeding pairs in the
UK and Ireland. This would be most of the European population, except France, Iceland, Norway and
small populations in Russia and Germany. The current methodology relies heavily on the population
model, and on attaining carrying capacity which may not be a stable equilibrium. It is therefore
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suggested to not use the full carrying capacity, but instead as a rule of thumb apply 90% of the value
to generate a robust and achievable value. This rule of thumb resembles the 90% rule of thumb for
assessing ‘structure and functions’ of habitat types2.
The FRP for the European breeding population of Gannet is therefore estimated to be in the order of
300,000 breeding pairs. In order to generate a more accurate FRP of the population model would be
needed to determine exact carrying capacity, to generate a stable age-distribution, and to include the
populations in France, Germany, Iceland, Norway, and Russia. The European breeding population of
Northern Gannet is 263,000 breeding pairs (BirdLife International, 2015). This population would very
likely be assessed as having a ‘favourable conservation status’ regarding its European breeding
population or approaching that level.
Passage/wintering population
Due to the absence of monitoring data of the wintering population, the FRP for the 1) North Sea and
English Channel and 2) Irish Sea, English Channel, and Bay of Biscay wintering populations can only
be identified on the basis of the breeding populations that winter in the areas. On the basis of a
stable-age distribution of the adult cohort, FRPs can be estimated for the North Sea on the basis of the
Norwegian colonies and the Irish Sea on the basis of the UK breeding colonies.

Conclusions
A supranational FRP for the European breeding population of the Northern Gannet can be identified
through the use of carrying capacity as a proxy for FRP, on the basis of a population model:
FRP is in the order of 300 000 breeding pairs.
The population model needs to be updated to include the populations outside the United Kingdom and
Ireland, and needs to include the effect of fisheries and incidental bycatch in order to obtain a robust FRP
estimate.
The FRPs for the for the North Sea and Irish Sea wintering populations could be estimated using the
population model for the European breeding population, based on respectively the Norwegian breeding
colonies and the UK breeding colonies.

Step 2.2 - FRR assessment
Breeding population
Due to the patchy breeding distribution, the climatic model (Huntley et al. 2007) has only a poor fit,
and should not be used for identifying FRR. The species has expanded its breeding range in the longterm, due to the establishment of new colonies (BirdLife International 2015). At the moment, adult
survival is limiting population growth rather than availability of suitable nesting habitat. Although it
cannot be ruled out that new colonies may still be established, the FRR occupied under FRP will likely
to be very close to the current value. The loss of colonies on the islets Gannet Stone, Calf of Man and
Isle of May in historic times (before 1900) may be still reversible, if the habitat is restored and
invasive alien species are removed, although the recolonization of Northern Gannets may even not
happen then.

Conclusions
The FRR is likely currently sufficient to accommodate the FRP and the species has returned to most of its
historic range, with the exception of some small islets:
FRR = CV.
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4.8

Great White Egret (Ardea alba) in Europe

Wouter Langhout, Ariel Brunner & Ivan Ramírez
Step 1.1 - Biology of the species
All-white heron; 80 – 104 cm; 700 – 1,700 g; wingspan 140–170 cm. (Carboneras et al. 2016).
Palearctic populations are migratory (Flint et al. 1984, Martínez-Vilalta et al. 2014). All populations of
Great White Egret undergo post-breeding dispersive movements (Martínez-Vilalta et al. 2014).
In 2007-2012 the species was breeding in the EU in 14 Member States, mainly in West, Central and
South-East Europe in the Continental, Pannonian, Black Sea, Mediterranean and Atlantic biogeographic
regions (EEA 2015). The species was also present as a wintering bird in 12 Member States, broadly
speaking in the same biogeographic regions Great White Egrets have in the 1980s shifted their winter
areas away from North Africa and the Eastern Mediterranean, and now more and more winter near
their breeding sites (Lawicki 2014). Globally, the species has a cosmopolitan distribution (BirdLife
International 2017). The timing of the breeding season varies geographically (Martínez-Vilalta et al.
2014) although temperate breeders tend to nest in the spring and summer (Kushlan and Hancock
2005). The species typically breeds in colonies of tens, hundreds or even a thousand pairs (Kushlan
and Hancock 2005, Martínez-Vilalta et al. 2014), sometimes with other species. Some populations also
show a tendency to breed solitarily or in small groups (Martínez-Vilalta et al. 2014). The nest is
constructed from sticks (Kushlan and Hancock 2005) and vegetation (Brown et al. 1982) and is
normally positioned over water at a height of 1–15 m (Kushlan and Hancock 2005) in reedbeds
(Kushlan and Hancock 2005), bushes, trees (Martínez-Vilalta et al. 2014) and other plants near water
or on islands in sites that are protected from ground predators (Kushlan and Hancock 2005). The
species usually nests colonially in single- or mixed-species groups where nests may be less than one
metre apart or touching, although they are usually placed more spread out in reedbeds (Kushlan and
Hancock 2005). Breeding pairs may also reuse nests from previous years (Kushlan and Hancock
2005). Home ranges for colonies have been investigated in the Neusiedler See population in Austria
and where estimated to be in the order of 100-150 km2 (Nemeth et al. 2005). The natal dispersal
distance has not been studied in detail, but is expected to be around 700 – 1,200 km (based on
Hilbers et al. 2016, see Box XXX). The species is a diurnal feeder (Martínez-Vilalta et al. 2014) but is
most active at dawn and dusk (although in coastal environments its feeding habits are determined by
tidal stages) (Kushlan and Hancock 2005), and roosts at night in trees (Brown et al. 1982) alongside
lakes or rivers or in mangroves, often with other species (Langrand 1990). The species inhabits all
kinds of inland and coastal wetlands (Martínez-Vilalta et al. 2014) although it is mainly found along
the coast in the winter (Snow and Perrins 1998). It frequents river margins, lakes shores, marshes,
flood-plains (Martínez-Vilalta et al. 2014), oxbows, streams (Snow and Perrins 1998), damp meadows
(Kushlan and Hancock 2005), rice-fields, drainage ditches (Martínez-Vilalta et al. 2014), aquaculture
ponds, reservoirs (Marchant and Higgins 1990, Kushlan and Hancock 2005) and sewage works
(Marchant and Higgins 1990, Hockey et al. 2005) inland, and the shallows of salt-lakes (Marchant and
Higgins 1990), saltpans, mudflats, coastal swamps, (Martínez-Vilalta et al. 2014), saltmarshes,
seagrass flats, lagoons (Kushlan and Hancock 2005) and estuaries when in coastal locations
(Martínez-Vilalta et al. 2014). In aquatic habitats its diet consists of fish, amphibians, snakes, aquatic
insects and crustaceans although in drier habitats terrestrial insects, lizards, small birds and mammals
are more commonly taken (Martínez-Vilalta et al. 2014). Foraging distances of up to 4 km from the
colony have been recorded in the Neusiedler See colony in Austria (Nemeth et al. 2005).
The species is threatened by wetland habitat degradation and loss (Marchant and Higgins 1990,
Martínez-Vilalta et al. 2014) for example through drainage, grazing, clearing, burning, increased
salinity, groundwater extraction and invasion by exotic plants (Marchant and Higgins 1990).
Step 1.2 - Spatial scale of functioning
Breeding population
It is safe to assume on the basis of natal dispersal distance of 700 – 1,200 km (see 1.1) that all Great
white Egrets belong to one large continuous European population, consisting of the scattered colonies
in Spain and France to the Netherlands in the north and to European Russia in the East.
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Passage/winter population
There has been a relatively recent shift in wintering areas from North Africa to closer to the breeding
grounds (Lawicki 2014), meaning that the wintering areas may still not be stable, and partially overlap
with the breeding areas. It is therefore not recommended to define a FRP and FRR for the nonreproductive population.

Conclusions
Population category MR3 should be applied here, as the Great White Egret is an uncommon species with
one population at supranational level. A FRP should be defined for the breeding population at
supranational level. Given the complexity and the dynamics of the wintering populations, it is not
recommended to define FRVs for the non-reproductive population.

Step 1.3 - Historical perspective: what happened to the species?
The long-term trend (since about 1980) and the short-term trend (since about 2000) are increasing,
and as a result the EU population status is ‘Secure’. There are no good estimates for the historical
trend but the trend likely to be very negative. The species has declined up to the early 20th century
with population numbers plummeting, and entire colonies being lost, with a combination of factors is
likely to be responsible for the decline: hunting (introduction of firearms), trade in its feathers and
large scale wetland drainage (Lawicki 2014). The species went extinct on the Iberian Peninsula and
populations in Hungary and Austria virtually disappeared (Lawicki 2014). Given the ongoing
recolonization of most of the historical range it is very likely that the species is still recovering from
the historic decline.
Step 1.4 - Analysis of distribution and trends
Distribution data and data on numbers are available from Article 12 Bird Directive reporting 20082012 (EEA 2015) and Hagemeijer & Blair (1997). The reported data is not accurately reflecting current
distribution as a result of many colonisations since 1997.
Breeding population estimates of good or medium quality are available for all EU Member States
where the species is breeding (BirdLife 2015). According to these estimates there were 5,200 – 7,700
breeding pairs in the EU in 2007-2012 (BirdLife International 2015). The species also has a (climate)
species distribution model, with a ‘very good fit’ (Huntley et al 2007), however the model is also not
accurately reflecting the current climatic range of the species given the recent establishment of the
species far outside its predicted climatic range. There are currently no negative trends in population
size on Member State level, but the species has declined significantly since historic times.

Conclusions
The long-term trend and the short-term trend are increasing, and the EU population status is ‘Secure’.
There are currently no negative trends in population size on Member State level, but the species has
declined significantly since historic times.
The distribution data is outdated. There are good or medium quality estimates for breeding populations in
all EU Member States. The species distribution model is not up to date.

Step 2.1 - FRP assessment
Good densities in the wetland habitats have not been studied, but probably have not been reached yet
given that populations in the most important countries are still increasing, such as Ukraine and
Hungary. It is also not known which habitat would fall within the climatic requirements of the species.
Although the population exceeds its (rule of thumb) MVP already (2500 breeding pairs), for rapidly
expanding species recovering from historic decline, the use of operators is recommended until
numbers and range of the species have stabilised (the ‘wait- and-see’ methodology). The FRP for the
European breeding population of Great White Egret is therefore preliminary set as much greater than
current value.
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Conclusions
The Great White Egret is rapidly expanding but is still recovering from a historical population decline, so
the FRP for the breeding population is likely to be much higher than the current population:
FRP >> CV.

Step 2.2 - FRR assessment
The current climate models do not capture the distribution of the species adequately, but it is highly
likely that the species will continue its rapid range expansion, based on recent colonisations of the
species far outside its previously occupied climatic range. The FRR for the European breeding
population of Great White Egret is therefore preliminary set as ‘>> Current range’.

Conclusions
The Great White Egret is rapidly expanding but is still recovering from a historical population decline, so
the FRRis likely to be much higher than the current population:
FRR >> CV.
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5

Migratory fish

Erwin Winter

5.1

Atlantic salmon (Salmo salar) in the Rhine river
system

Step 1.1 - Biology of the species
Atlantic salmon (Salmo salar) is an anadromous fish species that spawns in the upper reaches of
rivers. Eggs are deposited in fast flowing gravel rivers. Juveniles inhabit these rivers for 1-3 years
(‘parr’ stage), after which the fish migrate to sea (‘smolt’ stage). They spend one to several years at
sea to grow to adult size. Important growing areas for the west-European population are the seas
around Southern Greenland and around the Faroes islands (Aas et al. 2011). The stock in rivers
draining into the Baltic have their marine growth stages in the Baltic Sea. Once adult, salmons
migrates back to the spawning river where they were born. Natal homing is very strong within salmon,
resulting in separate spawning stocks per river system (Aas et al. 2011). Salmon live 5-7 years and,
depending on different life history traits for different rivers, spawn once (usually in large river
systems) or multiple times (usually in small river systems).

Figure 5.1.1

Distribution on of Atlantic salmon in freshwater and marine habitats (yellow), river

basins where salmon became locally extinct are indicated in red. The marine migratory and feeding
areas are indicated in orange (IUCN, 2017)

Step 1.2 - Spatial scale of functioning (focus on the Rhine river system)
During the marine stages, Atlantic salmon uses the northern part of the Atlantic Ocean and adjacent
seas for growth to maturity (Figure 5.1.1). There are three main feeding grounds; west of Greenland
and surrounding the Faroes islands and the Baltic. North American Atlantic Salmon that migrate up
Canadian and American rivers feed west of Greenland. Salmon that migrates up European,
Greenlandic and Russian rivers feed mainly around the Faroes islands but also partially west of
Greenland (Figure 5.1.1). Salmon originating from rivers around the Baltic remain in the Baltic Sea
during their marine feeding stage. In a few large lakes, e.g. Lake Vättern in Scandinavia, there are
land-locked populations that do not migrate to sea (Aas et al. 2011). At the marine feeding grounds
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many river populations occur mixed together (Figure 5.1.2), but due to their strong homing to natal
rivers, populations are separated by river basin with only very limited gene flow or straying between
different river populations. Even though individuals have large life time home ranges of several 1000s
of kilometres, dispersal between river populations is very limited.

Figure 5.1.2

Marine migratory pathways of young salmon (smolts) migrating to the main oceanic

feeding grounds. Salmon spawn in the rivers and after a few years moves to one of two feeding
grounds in the Atlantic Ocean. Salmon from rivers around the Baltic Sea use the Baltic Sea for growth
to mature size

Figure 5.1.3

Overview of the river Rhine basin, its main tributaries, and subdivision into different

sections of the Rhine (differently coloured)
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Salmon populations are clustered at the level of river systems. Salmon passing the Netherlands spawn
in the upper reaches of the Rhine. To get there, three routes are available: (i) via Lake IJsselmeer and
up the IJssel in the north, or (ii) via the Haringvliet, or (iii) de Nieuwe Waterweg in the south
(Figure 5.1.3). The latter is currently the only freely accessible route, whereas the Haringvliet and
IJsselmeer can only be accessed by passing discharge sluices. Spawning mainly takes place in the
German section of the Rhine, in the Sieg system, the Ahr, the Saynbach, Bruche and Wisper, and to a
lesser extent in France, e.g. Mosel (IKSR 2015). The Rhine can be subdivided into different sections in
the order from sea to the Alps; 1) Dutch delta of the Rhine (‘Deltarhein’), 2) the lower German Rhine
(‘Niederrhein’), 3) the middle German Rhine (‘Mittelrhein’), 4) the upper part of the German Rhine
(‘Oberrhein’), 5) and the Swiss Rhine sections (‘Hochrhein’, ‘Bodensee’ and ‘Alpenrhein’), see Figure 3.
The salmon use the Deltarhein only as a corridor and mainly spawn in the tributaries of the
‘Niederhein’ (Sieg) and ‘Mittelrhein’, and to a lesser extend in tributaries in the ‘Hochrhein’ section.
The Swiss Rhine is largely inaccessible to upstream migrating salmon.

Conclusions
For the reproductive populations strong segregation between river basins takes place, where small river
basins are at country level MR2 (species with clearly disjunct distributions and one or a few isolated
populations at the national level), and larger river systems (e.g. Rhine) act on a supranational scale MR3
(species with individuals with small home ranges and one or a few populations at supranational level).
During the non-reproductive marine stages strong mixing between populations occurs at supranational
scales MNR3, and partly even outside Europe.

Figure 5.1.4

Historical catches showing the disappearance of salmon in the Rhine basin in the

1950s and the reappearance since 1993 (adapted from Ingendahl & Beeck, 2011)

Step 1.3 - Historical perspective: what happened to the species? (focus on the Rhine river
system)
The Atlantic salmon stock size has deteriorated greatly in large parts of its distribution area. In some
areas/river basins salmon has gone extinct (Figure 5.1.1). The Rhine system at the end of the 1800s
was one of the most important salmon rivers in Europe (Ingendahl & Beeck, 2011) and numbers were
at least in the 100,000s adult salmon, if not considerably more (Lenders et al. 2016, Lenders 2017).
Salmon at this time was the most valuable commercial fish species for fresh water fishermen in the
Netherlands and Germany. However, salmon declined dramatically around the turn of the century
(Figure 5.1.4) despite stocking programs that took place during that time (Lenders 2017), and recent
analyses of historical data indicate that this was preceded by earlier declines starting already in the
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late middle ages (Figure 5.1.5, Lenders 2017) presumably initiated by the large scale construction of
numerous small dams with water mills in tributaries of the Rhine blocking spawning migrations and
reducing spawning habitat quality (Lenders et al. 2016). Finally, like in other adjacent river systems
(e.g. Elbe, Thames, Weser), salmon went extinct in the Rhine in the 1950s. Factors driving this
extinction were pollution, obstructions in its migration route, deterioration in water quality and
overfishing, but also loss of spawning areas (IKSR 2015). As part of a reintroduction program, young
salmon of different stages were released in the Rhine from 1988 onwards. Between 1998 and 2009
1-3 million young salmon per year were released (Ingendahl & Beeck, 2011). Subsequently, by the
end of the 20th century a more ambitious action project was initiated, to ecologically restore the Rhine
and its floodplains, such that fish species such as salmon could return (Rhine Action Plan 2000). In
this plan various aspects of the reason for decline are addressed: for example improved accessibility
for upstream and downstream migration, improved water quality, improved quality of spawning
grounds, as well continuous restocking of young salmon in the next few decennia (Ingendahl & Beeck,
2011, Schneider 2011).

Figure 5.1.5

Indexed value development of Atlantic salmon (Salmo salar) stocks 1550–1950 in the

Lower Rhine. The approximate period of restocking programs, leading to temporarily higher catches, is
indicated (from Lenders 2017)

In 1990 the first adult salmon was caught in upstream parts of the Rhine and in 1994 the first
occurrence of natural reproduction was seen (Ingendahl & Beeck, 2011). Around 2007/2008 5-20% of
the adult salmon that spawned in the Rhine is believed to originate from natural spawning of returning
salmon that were born in the river, while the rest was reintroduced as young salmon. However, the
last few years, the percentage salmon of natural spawning origin is believed to be lower (IKSR 2015).
The contemporary numbers of returning adult salmon (‘mortality rates from smolt stage to adult
stage) are believed to be too low to establish a self-sustaining population (Ingendahl & Beeck, 2011,
Schneider 2011)
Step 1.4 - Analysis of distribution and trends
The historical development in population size of salmon has been documented by commercial Rhine
catches since 1863 (Figure 4) with 10,000s of salmon caught annually during the early 1900s and at
least 100,000s or even more in historical times. A final decline during the first half of the 20th century
led to local extinction in the Rhine basin in the 1950s. Recent surveys show an increase in salmon
between 1993 and 2003 following reintroduction programs of salmon and ongoing stocking ever since,
after which the numbers appear to level off.
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A salmon-specific scientific survey is available in all major Dutch river systems: the Rhine (the
branches Waal, Nederrrijn and IJssel) and the Meuse since 1996 (De Graaf et al. 2015). During the
migratory period (June, July, October and November) salmon is found at all locations in most years.
For the assessment of temporal trends, the most reliable and consistent series is available for the
Waal (as this is the main branch of the Rhine river system giving access to upstream spawning
habitats). In this river numbers of salmon increased from 1996 up to roughly 2003 and have
fluctuated around 0.15 salmon per fyke/24hrs afterwards (Figure 5.1.6).

Figure 5.1.6

Average numbers of salmon caught per 24 hours per fyke, between 1997 and 2014

passing at the salmon survey location in the Waal, part of the Rhine river system, ‘Deltarhein’ (De
Graaf et al. 2015)

Figure 5.1.7

Numbers of salmon caught within different montoring programs clustered per section

of the Rhine, where ‘Niederrhein’ (encompassing the important tributary Sieg) is the longest and most
consistent trend series. The combined numbers of the sections Niederrhein (lower), Mittelrhein
(middle) and Oberrhein (upper Rhine) represent minimum estimates for the numbers of spawning
adult salmon reaching the spawning grounds, see text step 1.4 for further explanation (IKSR 2017)

In Germany different montoring programs in fishways along barriers in the different tributaries and
mainstream of the Rhine (Koblenz) are available (Figure 5.1.7). The numbers recorded in the
Deltarhein are salmon passing thtough the mainstream of the Rhine. These salmon are likely to be
‘double counted’ when moving into tributaries in the more upstream parts of the Rhine where they are
monitored again. The numbers of salmon recorded in the Niederrhein (mainly in the Sieg), Mittelrhein,
and Oberrhein are numbers of adult salmon moving through fishways in tributaries that give access to
spawning grounds and the numbers combined for these 3 regions are therefore the minimum numbers
of returning adults reaching the spawning grounds, i.e. 250-700 on a yearly basis during 2000-2016.
There is an increasing trend up to 2000 and no clear gradually fluctuating trend after 2000. In
additional some salmon might reach spawning grounds outside monitoring efforts, thus an estimated
500-1000 adult salmon is assessed to be the current spawning population in the Rhine basin. The
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Hochrhein and more upstream regions in the Alps are virtually inaccessible to salmon, with only a
handfull of salmon recorded in Swiss.

Conclusions
Atlantic salmon declined in many river systems throughout its distribution range during the 20th century,
resulting in local extinctions in part of its distribution area, e.g. Rhine, Meuse, Elbe, Seine. In the late 20th
century reintroduction programs in different river basins were started. For the Rhine, natural spawning of
returning salmon does occur, but stocking remains necessary to this date to sustain the presence of
salmon in the Rhine.
Trends suggest an increase in Atlantic salmon in the Rhine after reintroduction began in the late 1980s,
which appeared to level off after the early 2000s. Current distribution range is more limited than the
historical range due to migration barriers. Minimum numbers of spawning adults are 250-700 per year
during 2000-2016 with no clear trend, where total number of salmon that reach the spawning grounds in
the Rhine basin is estimated at 500-1,000 adults. Stocking of salmon occurs on a large scale until
present, where < 20% of salmon originates from natural spawning. At present the salmon population is
not self-sustaining.

Step 2.1 - FRP assessment (Rhine river system)
Atlantic salmon have specific river populations with only very limited exchange between different river
systems. During the marine stages however large scale mixing between these populations occur. After
this mixed occurrence due to the strong natal homing they migrate back to the rivers where they were
born. Therefore FRP should only be assessed for the reproductive populations, setting FRP for the non
reproductive stages is neither useful for management purposes nor practical given the vast marine
area where numbers should then be estimated. Here we focus on setting FRP for the salmon
population spawning in the river Rhine basin which are separated management units that are also
more easily assessed. As derived from different monitoring programmes, current population size of
adult salmon reaching the spawning grounds in the Rhine basin is at least 250-700 adult salmon per
year. Although monitoring programs assess only part of the upstream migrating salmon, it is believed
that the majority is recorded. Therefore the actual population size is estimated at least 500-1,000 and
presumably not larger than 1,000-2,000. These numbers are achieved due to ongoing stocking of
young salmon. If stocking is stopped, numbers will decrease again due to high mortality rates during
all the life stages from smolts leaving the spawning areas, to estuaries and open sea, during marine
feeding stages and during upstream migration of adult salmon.
Thompson (1991) proposed a generic rule of thumb for MVP of fish species of 1,000 to 10,000 adults.
Historically the Rhine harboured a large popualtion of at least 100,000s of salmon. These numbers will
not be feasible in the current impacted Rhine system, but a selfsustaning population in the Rhine
should at least number 10,000 adults without stocking. Germany and France do not report numbers of
salmon in the rivers in the entire country and assess the status at unfavourable (Article 17 20072012). The Netherlands report unfavourable status and 500-1,500 salmon passing the Netherlands
which is in accordance with the estimation of adults that successfully reach the spanwing grounds,
where numbers entering the Netherlands will be higher since some losses occur during upstream
migration (Jansen et al. 2008). Note that these numbers are substatiated by ongoing stocking and the
Rhine salmon population is at present not self-sustaining.

Conclusions
The FRP for the Rhine river system at present is much larger than current value (in 1992 numbers where
just picking up after reintroduction programs started in the late 1980s). After 2000 numbers of adults
reaching spawning grounds are estimated to 500-2,000 yearly. These numbers are sustained by ongoing
stocking and current mortality rates between smolt stages and adult stages are too high to substantiate a
self-sustaining population. And therefore population size will decrease if stocking will be stopped. FRP
should number at least 10,000 without stocking to have a healthy self-sustaining Rhine population.
FRP >> CV.
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Step 4 - FRR assessment (Rhine river system)
The marine distribution range has not changed from historical times to present, even though this
might be subject to climate change. The current ditribution range of Atlantic salmon in the Rhine basin
is much more restricted than in the historical distribution before the middle ages. Even though the
main obstructions in the mainstream and larger tributaries are facilitated with fish passages, many
tributaries remain (partly) inaccessible to spawning by adult salmon, e.g. the most upstream parts of
the German and all of the Swiss Rhine and the French tributaries, due to the presence of migration
barriers. The corridor range in the river in the Netherlands will be largely restored in the coming years,
with facilitating upstream migration through Haringvliet and Lake IJsselmeer, which is also reported
under Article 17. The historical river range in the upstream spawning areas in Germany and France
harboured at least 100,000s adult salmon per year. The current more restriced range can harbour the
FRP of at least 10,000 when quality of the spawning grounds is further improved and mortality rates
from the smolt stage to adult stages is lowered. France and Germany report ranges for the entire
country, of which only a part is situated in the Rhine basin.

Conclusions
FRR has remained the same for the non-reproductive marine stages. For the reproductive stages the
current range is more restricted that the historical range that encompassed a larger proportion of the
Rhine basin. Since 1992, the distribution range has increased due to facilitating fish passages along
barriers in the mainstream and tributaries of the Rhine.
FRR > CV.
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5.2

North Sea houting (Coregonus oxyrinchus) in the
Rhine basin

Step 1.1 - Biology of the species
North Sea houting (Coregonus oxyrinchus) is an anadromous fish species endemic to the Wadden Sea
and the Dutch Belgian delta of the Rhine, Meuse and Scheldt. Adult houting (36-60 cm) migrate
upstream rivers in winter (November-December) to spawn (Jensen et al. 2003, Jepsen et al 2012).
The eggs are released freely into the water column and stick to gravel and vegetation (Poulsen et al.
2012, Muus & Dahlstrøm 1990). It spawns in small rivers and the lower to middle regions of larger
rivers that are freely accessible from sea. Houting can return to spawn in the streams several times
during their relatively long (10 to 12 yr) lifespan (Borcherding et al. 2008, Jepsen et al. 2012). Larvae
emerge from the eggs in February-March and are roughly 10 mm long (Borcherding et al. 2006).
Newly hatched fry are carried downstream with the current (Borcherding et al. 2006), so their survival
depends on being carried into areas of lentic water, such as flooded meadows, reed beds, small
impoundments, large river bends, or similar areas which constitute the natural rearing grounds, where
the juveniles feed mainly on zooplankton (Borcherding et al. 2006). When the fry reach a length of
3 to 4 cm, after about 2 months, they can tolerate marine salinity levels and can migrate/drift out into
the sea (Rasmussen 2004). After they migrate to sea, after 1 to 2 (males) or 3 to 4 (females) years,
they reach adult size and join the spawning population (Borcherding et al. 2006). After becoming
sexually mature, the growth rate of houting decreases, and even old (>10 yr) individuals rarely reach
lengths of more than 60 cm (Jepsen et al. 2003).
Houting is an anadromous species that migrates between marine and freshwater habitats. To what
extent individual houting used both freshwater and marine environments in historical times is not well
known. For the smaller Danish streams a diadromous migration pattern is clear. In the larger river
basins with more extensive estuarine areas, e.g. the Rhine, Meuse and Scheldt delta and the
Zuiderzee, it is less clear whether all individuals within the populations migrated to marine habitats for
growth. After the estuary Zuiderzee was dammed (in 1932) and a large eutrophic freshwater lake
IJsselmeer emerged, houting showed both diadromous and within freshwater movements.
There is some taxonomic controversy on the status of the North Sea houting. Freyhof & Schöter
(2005) claimed that the North Sea houting was confined to the Scheldt, Meuse and Rhine basins and
that this was a different species than found in the Elbe and Danish Wadden Sea area based on
morphological differences (number of gill rakers) between museum houtings from the Scheldt, Meuse
and Rhine basins and the houtings from the Vida Aa (which they claimed were in fact C. maraena).
This view was adopted by the IUCN and therefore the North Sea houting C. oxyrhinchus is listed as
globally extinct by the IUCN. Other scientists thereafter dismissed this claim due to the lack of genetic
evidence and the strong morphological plasticity that is found in many of the Coregonid species (e.g.
Hansen et al. 2006, 2008, Jacobsen et al. 2012).
Step 1.2 - Spatial scale of functioning (with focus on the Rhine basin)
Adult houting historically inhabited the Dutch, German and Danish Wadden Sea and the Dutch delta.
Little is known about the range of distribution in the sea, but it appeared that houting did not migrate
far away from the estuaries. Homing of adult houting is very strong, i.e. an adult will spawn in the
same fresh water system as where it’s born, and keep going back there over the years. Thus, little
mixing between adult populations of different areas in the Wadden Sea and Rhine delata is expected
to have occurred.
The only indigenous population of adult houting that has survived lives in the Danish Wadden Sea
adjacent to the river Vida. The Vida is the river where this population spawns. In the German Wadden
Sea and the Dutch Wadden Sea and delta a few unconnected, reintroduced populations can be found
(Figure 5.2.1). The Dutch populations spawn in the river IJssel and the lower reaches of the RhineMeuse river system (Rhine basin population). The German populations spawn in the Elbe and a few
smaller rivers, e.g. the Treene, between the Elbe and the Danish borders and are considered separate
populations (or management units).
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Figure 5.2.1

Distribution of North Sea houting (modified after Jepsen et al. 2012 and updated for

the Rhine basin)

Since a reintroduction programme in the German Rhine in the 1990s, the IJsselmeer has become an
important habitat for adult houting (Borcherding et al. 2008). Throughout the year houting of all age
classes are found there. Thus, although migration between sea and fresh water remains important for
this species, part of the current Rhine population does not use the sea and instead uses the IJsselmeer
as main foraging area (Winter et al. 2008, Borcherding et al. 2008). A large part of the adult
IJsselmeer population migrates up the river IJssel in winter for spawning. After spawning in the IJssel
it migrates back to the IJsselmeer (Borcherding et al. 2014). Only a small part migrates further than
the IJssel and moves into the Dutch (lower) parts of German (higher) parts of the Rhine, e.g. the
Lippe. Also the lower reaches of the Rhine delta are now used for foraging (Figure 5.2.1).

Conclusions
Houting is a migratory fish species that originally moved between small freshwater streams and the lower
and middle regions of larger rivers to estuaries and marine habitats in the vicinity of the river mouths.
Most of the reproductive populations can be classified as MR2 (species with clearly disjunct distributions
and one or a few isolated (often genetically differentiated) populations at the national level) in the Danish
and German Wadden Sea) with only one population (Dutch/German Rhine Basin) that is at supranational
scale (MR3) (species with individuals with small home ranges and one or a few populations at
supranational level).
Though not much is known on the dispersal during the non-reproductive stages in estuarine and marine
habitats, distribution at sea seems restricted from national MNR2 to supranational NMR3.

Step 1.3 - Historical perspective: what happened to the species?
In the 19th century houting was common throughout the Wadden Sea and the adjoining rivers. In the
Netherlands it was present in most rivers and the Zuiderzee (van Bemmelen 1866). In the first half of
the last century houting declined dramatically in its whole population range. In most river systems
houting became extinct. In the Rhine system (Figure 5.2.2) the extinction was caused by the closing
of the Zuiderzee (after which it became the fresh water lake IJsselmeer), fisheries, pollution and the
disappearance of spawning sites (Poulsen et al. 2012). In addition, only rivers with free passage can
be used for spawning, as even small weirs and dams block the passage of houting to upriver spawning
areas. Fish ladders and small or steep bypass streams do not seem to work for houting, and there is
no evidence of spawning upstream of even small obstacles (Jensen et al. 2003, Jepsen et al 2012).
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Figure 5.2.2

Historical catches showing the disappearance of houting in the Rhine basin in the

1930s and the reappearance after the introduction program started in 1990s (modified from Ingendahl
& Beeck, 2011)

Only one indigenous population of houting remains in the world, located in the Danish River Vidaa
(Jepsen et al. 2012). Fish from the Vidaa have been used as broodstock for reintroduction of houting
in other rivers (Borcherding et al. 2010). Between 1987 and 1992 houting was reintroduced in the
Danish Wadden Sea (Jepsen et al. 2012) and since the nineties of the last century a large-scale
reintroduction programme was executed in the German Rhine and the adjacent river Lippe
(Borcherding et al. 2010). This German programme was very successful. Nowadays, next to the
Vidaa/Danish Wadden Sea population, small reintroduced populations are found in both German and
Dutch parts of the Wadden Sea and the adjacent fresh water areas (Figure 5.2.1).
Step 1.4 - Analysis of distribution and trends
For houting residing in Dutch waters, data on temporal trends is scarce. There are no surveys that
cover the upstream migration period (November-December). There is a dataset (up to 2008) that
contains the houting catches of commercial fyke fishermen during the non-migration period (in MaySeptember). These data show that houting is only found in significant number in the northern part of
the IJsselmeer near the Afsluitdijk (=dam between Wadden Sea and IJsselmeer). Relatively small
numbers of houting were caught in the southern part of the IJsselmeer, the Rhine, Meuse and their
delta and no upward (or downward) trend can be detected in these areas (reference). Near the
Afsluitdijk, houting survey catches increased from 2000 up to 2008.
In the absence of long-term data series, shorter lasting monitoring programs, project studies
(including telemetry studies in Lake IJsselmeer and the lower branches of the Rhine) and anecdotal
catch information from professional fishermen can be used to assess the status of houting in the Rhine
basin (Winter et al. 2008, Bosveld 2008). Houting maintained its presence in the basin, in the
IJsselmeer/IJssel, after the stocking ceased in 2006, in which year >95% of young houting originated
from natural spawning. Also, with relatively little catching effort in Lake IJsselmeer 50 adult houting
were caught by seining (Bosveld 2008).
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Conclusions
The North Sea houting that is endemic to the Wadden Sea and Dutch delta became nearly extinct in the
early 20th century. Only one small population remained in the small Danish stream Vidaa. Since the
1990s reintroduction programs were started in several Danish and German streams and rivers and in the
German part of the Rhine Basin. Since then a self-sustaining houting population in the lower reaches of
the Rhine basin (in particular IJsselmeer/IJssel) was re-established and stocking ceased after 2006.
The total population size in the Rhine basin is unknown. Also trends of houting numbers are incomplete.
Houting definitely increased in one part of the Rhine basin (Ijsselmeer/Ijssel) since 1996 when the
reintroduction program started. Presence in this part has remained stable after stocking ceased in 2006
and a viable population seems to be present here. In other parts of the Rhine basin, no evidence for an
improved population size since 1996 is present although it is known that to some degree of mixing
between these areas occurs.

Step 2.1 - FRP assessment
Current population size of houting in the Rhine basin is unknown. However, houting maintained its
presence in one part of the basin (the IJsselmeer/IJssel), after re-stocking ceased in 2006. Thus a
viable population seems to be present there of at least 1,000s of adults, most likely more. In other
parts of the Rhine basin the number of houting caught in the surveys remains low. To what degree
houting in these basin parts are part of the same population is unknown, but at least some mixing in
the lower Rhine delta occur, as demonstrated with telemetry (Bosveld 2008).
Thompson (1991) states a generic rule of thumb for MVP of fish species of 1,000 to 10,0000 adults.
Denmark estimates the current population size at 4,000-6,000 adult fish with a stable trend and rates
this as unfavourable (Article 17 2007-2012), which is in accordance with the numbers for an MVP as
proposed by Thompson plus a safety marge. Germany does not report values for houting but rates its
status as unfavourable. The Netherlands do not report houting so far, since it was considered extinct
in 1992, and its reappearance since the reintroduction started in the German Rhine since the 1990s
has not been reported under Article 17 yet.

Conclusions
Houting was extinct in the Rhine basin in 1992 but currently present as a self-sustaining population in the
IJsselmeer/IJssel. Thus, FRP >> CV. The current FRP is unknown, but is likely to be at least higher than
the minimum viable population size.
To what degree houting in other parts of the Rhine basin are part of the same population is unknown. No
evidence for increased numbers in these areas is present.

Step 2.2 - FRR assessment
The historical distribution range of houting in the Rhine basin is not well known. The current range in
the Rhine basin encompasses the different Rhine branches in the Netherlands, marine areas just
downstream from the river mouths in the Wadden Sea and the Haringvliet and upstream to the Lippe
and lower reach of the German Rhine (Figure 5.2.2). This is believed comparable to what its range in
the River basin was in historical times. There are no indications so far however that the Rhine
population has extended its range to formerly occupied ranges in the lower reaches of the Scheldt.
The current ranges for Denmark and Germany are reported under Article 17, however the current
distribution in the Netherlands (as indicated in Figure 5.2.2) has not been reported yet.

Conclusions
The historical range of houting in the Rhine basin is not well known. The current range in the Rhine basin
encompasses the different Rhine branches in the Netherlands, marine areas just downstream from the
river mouths in the Wadden Sea and the Haringvliet and upstream to the Lippe and lower reach of the
German Rhine. This is believed comparable to what its range in the River basin was in historical times.
FRR = CV.
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5.3

River lamprey (Lampetra fluviatilis) in the ScheldtMeuse-Rhine basin

Step 1.1 - Biology of the species
River lamprey (Lampetra fluviatilis) is a species of jawless fish (Agnatha consisting of both present
(Cyclostomata) and extinct (Conodonts and Ostracoderms) species). Adult river lamprey are 30-45 cm
long and live as ectoparasites in coastal waters and estuaries. They feed on a variety of fish, such as
herring, sprat and flounder. They feed by rasping away large amounts of flesh of the back of a fish
(Maitland 2003). After one to two years, in October to December, river lamprey migrate up
medium/large rivers. During winter and into early spring they migrate upstream during the night and
hide under stones and vegetation during the day. Spawning takes place in March-April, in clean rivers
and streams with gravel and small stones and flowing water (Morris & Maitland 1987). Several adults
create a nest (a depression up to 40 cm in diameter) in which the females spawn over the course of
several days. The eggs stick to the sand and the nest substrate. All adult lampreys die after spawning.
After 15-30 days the larvae hatch and drift downstream to suitable silt beds (Maitland 2003). Larvae
spend several years buried in these silt beds and feed as filterfeeder, mainly on micro-organisms.
After metamorphosing in spring (at 9-12 cm and 3-5 years) the young adults migrate downstream to
the estuaries and coastal waters (Maitland 2003). They spend their time in areas near the river from
which they migrated.
Step 1.2 - Spatial scale of functioning (with focus on Scheldt-Meuse-Rhine basin)
River lamprey has been found mainly in western Europe, from southern Norway to Portugal and also in
the western Mediterranean (where it is supposed to be extinct now, Figure 5.3.1). The species is
mostly anadromous but there are some land-locked, non-migratory populations in Finland, Russia and
Scotland (Maitland 2003).

Figure 5.3.1

Spatial distribution of river lamprey during their freshwater life stages. Orange is

current distribution, red are river basins where river lamprey is considered extinct. In addition to this,
river lamprey occurs in marine coastal waters and estuaries adjacent to the freshwater distribution
(IUCN, 2017)

River lampreys spawn in small streams and the lower to middle reaches of larger rivers. The larvae
drift from the spawning sites to silt banks in flowing water. After this initial growth phase in freshwater
a metamorphosis takes place and they migrate to sea. Dispersal at sea is not well known, but data
from surveys at sea suggest that they remain in coastal waters (Figure 5.3.2).
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Figure 5.3.2

Occurrence of river lamprey in all conducted surveys at sea or coastal areas from the

ICES database (Heessen et al. 2016)

The Rhine, Meuse and Scheldt rivers discharge into sea through a large delta. This delta has been
strongly modified by humans through poldering, building dams and dikes and diverting river courses.
Historically these river basins that encompass Belgium, the Netherlands, France and Germany, were
used by river lamprey up to at least the middle reaches and tributairies. Little is known about the
current spawning areas in the Scheldt, Meuse and Rhine basin although an increasing number of sites
has been discovered in the past years (Winter et al. 2013, Spikmans et al. 2016). Individuals can
move over distances of several hundreds of kilometers as derived from catches in e.g. the fishway at
Ifezheim in the German Rhine.
Contrary to other anadromous species, for river lamprey there is no evidence for site fidelity and
homing to their natal river for spawning (Waldman et al. 2008). Instead they exhibit regional
panmixia, i.e. random mating between individuals from the same coastal region.

Conclusions
The spatial scale necessary for a complete life cycle of the River lamprey is in the order of magnitude of
several hundreds of kilometer. There is no natal homing and therefore regional mixing between
reproductive populations in adjacent rivers occurs. Reproductive and non-reproductive populations overlap
and together can be classified as MR3 (species with individuals with small home ranges and one or a few
populations at supranational level).

Step 1.3 - Historical perspective: what happened to the species?
River lamprey was widely distributed in Northern Europe and historically penetrated deep into central
Europe. It has however declined over the last hundred years due to pollution, man-made obstacles in
its migratory route and intensive fishing (Maitland 2003). It has disappeared from many rivers. In the
Rhine system is has never disappeared although abundance has dropped strongly in the 20th century.
Historical data on catches in the1840s, when there was a fisheries in the Dutch Rhine branches with
small cubs on river lamprey for the use of bait within other fisheries e.g. cod fisheries, suggest that
river lamprey was a highly abundant migratory species in the rivers Rhine and Meuse in historical
times (van den Ende, 1847). In the Meuse at Lith, Lanzing (1959) reported estimated commercial
catches of 95,000-200,000 adults yearly between 1953-1957 at this one site. Anecdotal data from
professional fishermen suggest that in the 1960s and 1970s river lamprey was at its lowest abundance
in the Rhine basin and that population levels have increased in the 1980s and 1990s, but the species
had never disappeared as was the case for other diadromous species in the Rhine and Meuse
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catchments (such as Allis shad, European sturgeon, houting and Atlantic salmon). Reliable trend data
however are not available due to the elusive life cycle of the lamprey including upstream migration of
adults taking place in late autumn-early winter (migration peak mostly in December) when few if any
fish surveys or monitoring take place. During their freshwater phase, the larvae live buried in soft
sediments which requires a targeted survey or monitoring to detect them. They are hardly ever caught
within other fish or macro-fauna monitoring programmes. The developmental stage that migrates
from freshwater to sea is narrow and eel-like bodied with only 12-14 cm in length and therefore only
detectable in fishing gears with very small mesh-size. Thus, the presence of river lamprey can easily
remain undetected, even when present in relatively large abundance, in the absence of monitoring
programs especially targeting river lamprey.
Step 1.4 - Analysis of distribution and trends
Little is known about the trend in distribution and population size of river lamprey due to its elusive
life cycle (see step 1.3). Numbers of river lamprey caught in fyke net monitoring programs that only
reflect the start of the river lamprey migration (the majority of the migration period remains outside
this monitoring period), show that year to year fluctuations can vary orders of magnitude; 100s to
1,000s of river lamprey caught per year during 1993-2008 (Winter et al. 2014). This is more likely
related to yearly variation in timing of migration (i.e. early start versus late start of migration) than to
fluctuations in population size. After 2009 the eel fisheries in the Rhine and Meuse branches was
closed and the fyke net monitoring program was altered severely with much less fishing effort
remaining within the monitoring program.

Conclusions
Strong decline occurred during the 20th century resulting in extinctions in some river basins. In the Rhine
population levels were most probably at their lowest during the 1960s and 1970s, followed by an increase
in the 1980s and 1990s. Numbers appear to level off during the 21th century, but no reliable trend
estimates are available at present due to the elusive life cycle of the river lamprey and timing of
migration.
Numbers caught in programs that are in fact unsuitable for the species (in terms of timing and net
efficiency), strongly vary from year to year, which is more likely to be related to yearly variation in the
start of migration than variation in actual population size.

Step 2.1 - FRP assessment
Total numbers of 100s to 1,000s caught within fyke nets monitoring programs during 1993-2008
(Winter et al 2014). In short lasting studies, sometimes relatively large numbers of river lamprey are
caught at sites within the Dutch delta, e.g. over 4,000 river lamprey during 4 nights in March 2006 in
a fishway monitoring in the Nederrijn/Lek branch of the Rhine (Winter 2010). In a mark-recapture
study it was estimated that 1,000s-10,000s river lamprey were present during the migration period in
the Wadden Sea at Kornwerderzand sluices accessing Lake IJsselmeer (Griffioen et al. 2014). In the
German River Ems 20,000-40,000 river lampreys were observed yearly migrating upstream along the
most downstream situated weir in 2011 and 2012 (Scholle 2012). Based on numbers caught within
programs that are unsuitable for this species in timing, and considering that catching efficiency of the
fyke nets is usually low, the population numbers of river lamprey entering the Dutch delta per
migration season are at least in the 10,000s and most probably much higher than that.
Thompson (1991) proposed a generic rule of thumb for MVP of fish species of 1,000 to 10,000 adults.
Belgium reports a very wide range of 4,310 – 4,310,000 individuals, underlining the uncertainties for
this species as mentioned above, with an increasing trend and rates this as unfavourable (Article 17
2007-2012). Germany does not report numbers, but assesses its status as favourable for all the
German rivers. The Netherlands reports a range of 10,000–100,000 individuals with an unknown trend
and assess its status as favourable. For the entire Scheldt-Meuse-Rhine basin a FRV of at least
10,000-100,000 would be appropriate based on the indications for its abundance in the past and
present, though good estimates are currently not available.
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Conclusions
Total numbers caught in monitoring programs that are not well-suited to detect river lamprey migration
indicate that current population levels entering the Scheldt-Meuse Rhine delta are at least in the 10,000s,
probably much higher, and therefore above viable population level, especially when taking into account
that there is also regional mixing between populations spawning in adjacent rivers.
FRP (Scheldt-Meuse-Rhine basin)>>10,000 is proposed for river lamprey.

Step 2.2 - FRR assessment
River lamprey is present in all the mainstream branches of the Rhine and Meuse within the
Netherlands and in the lower branches of the Scheldt in Belgium and the Rhine up to Ifezheim
(Figure 5.3.3). In addition to this (and relevant for the Scheldt-Meuse-Rhine basin population) they
are also found in some smaller tributaries, e.g. the Niers and Roer in the Meuse basin and Lippe and
Sieg in the Rhine basin. In historical times much more small streams and tributaries contained river
lamprey, but due to migration barriers, e.g. sluices and weirs, these were no longer accessible to river
lamprey. Since 1992, due to the construction of fishways the range of river lamprey has most
probably extended.

Figure 5.3.3

Range of occurence of the river lamprey as reported under Article 17 by Belgium, the

Netherlands and Germany. The range assessments that lie within the Scheldt-Meuse-Rhine basin are
indicated by the blue dotted line

Conclusions
Although the current range is sufficient to harbour the minimum required population size, it is more
restricted than the historical range, mainly due to migration barriers prohibiting migration into small
streams and tributaries. Distribution range in the larger rivers, estuaries and at sea are similar to
historical ranges (see FRP above).
FRR (Scheldt-Meuse-Rhine basin) > CV.
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6

Invertebrates

6.1

Large copper (Lycaena dispar) in the Netherlands

Henk Siepel & Chris van Swaaij
Step 1.1 - Biology of the species
The last remnant European population of the subspecies Lycaena dispar batava occurs in the
Northwest of the province Overijssel and the Southeast of the province Friesland (Figure 6.1.1) where
it was discovered in 1915. The nominate subspecies (L. dispar dispar) known from the UK has gone
extinct already in 1851. Two other subspecies occur elsewhere in Europe: L. dispar rutila in e.g.
Northern Germany, Poland, Czech Republic, Slowakia and L. dispar carueli in Belgium, France and
Southwest Germany. The latter subspecies are clearly smaller and have two generations a year while
L. dispar dispar and L. dispar batava only have one.

Figure 6.1.1

Distribution of the Large Copper (Lycaena dispar batava) in the Netherlands in the

periods <1981, 1981-1994 (from Bos et al. 2006) and 2010-2017

The span width of this butterfly is 27-32 mm. It has one generation per year and the caterpillars feed
mainly on leaves of the Great water dock (Rumex hydrolapathum) found in lowland marshes with a
reed and sedge-vegetation. Potential egg production is comparatively large (about 150 on average in
natural conditions with a maximum of 700 eggs/female in cultures) and females have a selective
oviposition. Males are territorial. Egg production of females scores highest on hostplants kept at a soil
pH of 5.5 at which the plants contain the highest amount of nitrogen and a favourable N/P ratio of
9.2/ Acid stress of hostplants decreases egg production (Bink 1986). Caterpillars hibernate in the 3rd
instar at the base of the hostplant. Adults are active from the end of June till the end of August.
Development times are: eggs 8±3 days, caterpillars 320±20 days (including hibernation) and pupae
18±6 days. This subspecies occurs in a much lower density (about 4 individuals per ha) than the other
subspecies (Bink 1992; 2013).
Step 1.2 - Spatial scale of functioning
Large coppers have a very modest dispersal capacity of usually at most 5 km, though in some years it
can be higher. Surplus production in a core area results in more dispersal as males behave territorial
and females have a selective oviposition. Dispersal will be low to absent at low densities.
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Conclusions
This species could be listed under population category S5 (small, mobile animal species with year-to-year
variation in occurrence of suitable habitat) as this butterfly has a modest mobility and dispersal capacity,
living in discrete subpopulations with a small exchange resulting in one effective population at the national
level.

Step 1.3 - Historical perspective: what happened to the species?
From early Medieval times to about a century ago much of the lower peatlands in the Netherlands
have been used for peat digging (fuel) and were cultivated, which probably resulted in a major
contraction of the subspecies’ range before data were sampled. Although the area of the subspecies
was already much smaller for the period we have data, it is clear that this area is even more
contracted during the last century (Figure 6.1.1) resulting at this moment in one core population and
two smaller satellites with a total range of 4 10 x 10 km squares (400 km2).
Step 1.4 - Analysis of distribution and trends
The last core population occurs in the Natura 2000 site Weerribben (Northwest of the province
Overijssel); the two satellite populations are in the Natura 2000 site Rottige Meenthe (Southeast of
the province Friesland, at 4 km distance from the core population) and in the Natura 2000 site De
Wieden (Northwest of the province of Overijssel, at a distance of ca. 8 km from the core population).
The estimated current size of the core population is 250-700 individuals while both satellites are much
smaller: Rottige Meenthe 20-100 and De Wieden <10 (Groenendijk & Van Swaay 2005, Van Swaay
et al. 2017). In Table 6.1.1 location, year of extinction and distance from the core are given of all
known Dutch populations in the past century.

Table 6.1.1 Locations with populations of the Large copper, with their surface area, year of extinction
(last sighting) of the population, the distance from the core area and current population size.*Given is
the total area of the reserves, not the area of suitable habitat, which can be a fraction of this total
area
Name reserve

Surface area*

Year of last

Distance from core

Current population

(ha)

sighting

area (km)

size

Weerribben

3160

--

core area

250-700

Rottige Meenthe

1304

--

4.0

20-100

De Wieden

5000

--

10.6

<10

Bancopolder

21

1996

19.2

--

Oosterschar

345

1992

13.6

--

De Deelen

1157

1985

25.1

--

Makkummerwaard

900

1982

62.6

--

Lindevallei

535

1971

11.3

--

Although the core population with an estimate of 250-700 individuals is not directly endangered, the
long-term viability of the species is not guaranteed. From Table 6.1.1 it is obvious that the more
remote or the smaller an area is, the sooner the population went extinct. Despite the large area of De
Wieden, about 40-60% of this site is forested and unsuitable habitat. Given the small remnant
population in that area one may expect local extinction in the coming years. Recolonization depends
on the surplus of the population in the core area, which fluctuates. Given the distances to the former
populated areas, it is very unlikely that these will become repopulated spontaneously (except for the
Wieden area, but see above). Earlier (re)introduction attempts have failed in 1928 and 1932
(Naardermeer) and 1932-1940 (Boornbergum and Eernewoude) (Bink, 1992), probably due to lack of
knowledge of exact conditions required by the species and due to the combination of a low natural
density (territoriality) and specific habitat requirements. The species is a limited disperser and when
suitable areas are in the neighbourhood (distance < 5 km), one may expect recolonization.
Repopulating more remote locations is only recommended, when connectivity to other sites or the
core population is foreseen in the near future.
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In summary: Numbers in the core population fluctuate, but not to a level that a surplus of the local
population can be expected. Given its high fecundity an increase of the population can be expected
when habitat conditions become more favourable. Although we see at the moment a positive trend in
numbers in the core population, we also witness a series of extinctions of satellite populations, which
make the (sub)species vulnerable to extinction.
In order to get a more sustainable population again, acidification of the fens around the core
population must be reversed. Acidification of the fen vegetation can form a threat to the species
survival (see step 1.1), as do other types of loss of habitat (woodland encroachment). Restoration of
sites to a neutral to slightly acid (pH 5.5) reed land with enough host plants is recommended. Ongoing
succession, without newly formed open ditches is also a major problem (Van Swaay & Bink 2000).
Only when the core population increases to larger densities, colonization of more remote (5 km) areas
can be expected.

Conclusions
Although the Large copper never had a very extended range in historical times, it managed to survive in a
more or less sustainable population. During the past half century however, many satellite populations
went extinct. Recolonization failed and will be unlikely in the future due to the larger distances between
fragmented habitat and the lack of nature reserves with a large area of suitable habitat.
The abundance and especially the historical distribution of this species was significantly larger in the past
than today. The present number of sites includes one core population with a more or less stable
population and two smaller satellite populations, of which one seems to be at the brink of extinction.

Step 3 - FRP assessment
In order to achieve a long term viable metapopulation, the objective must be to restore all previously
occupied areas (deteriorated as habitat by afforestation and acidification). Sustainability can be
reached with two or more core populations (Weerribben, Rottige Meenthe and maybe De Wieden) of at
least 1,000 individuals (based on consideration of stochasticity of annual population fluctuations;
compare Table 6.1.1) and satellite populations in previously occupied areas (e.g. Bancopolder,
Lindevallei, De Deelen) each with a modest population size of around 100 individuals on average,
which functions altogether as one metapopulation.

Conclusions
Although estimates of population size for the Netherlands are unknown before 1950, there is evidence
that the species was much more common and with a much larger distribution in the past than when the
Habitats Directive came into force. Although ideal population size would be in the range of 5,000-10,000
(Ottburg & Van Swaay 2014), a feasible and viable threshold based on two current core areas and 12
(historically occupied) satellite areas, together forming one meta-population, results in:
FRP = about 1,000*2 + 12 * 100 = 3200 individuals.

Step 4 - FRR assessment
The historical range of the species was much larger with more satellite populations. We set FRR >> CV
to include the FRP of a long term viable metapopulation corresponding to its former natural range in
the country.

Conclusions
FRR >> CV.
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7

Vascular plants and bryophytes

7.1

Fen orchid (Liparis loeselii) in the Netherlands

John Janssen
Step 1.1 - Biology of the species
Growth form, phenology and propagation
Liparis loeselii is a small orchid, flowering in spring or early summer (Weeda et al. 1994). Germinating
plants are capable to develop leaves within one year, and afterwards form a root stock in the form of a
greenish bulb (giving the species its Dutch name “green bulb orchid”). The upper part of the bulb
grows above ground level and therefore is capable of photosynthesis. The bulb remains over the
winter and, when mature, forms a second, smaller bulb at its side. The average life span of an
individual is assumed to be relatively short (up to a few years).
The flowers are small and pale yellowish green, and seem not to attract insects. Self-pollination is
considered the main way of propagation, in general leading to good seed production. As a general
rule, high levels of self-pollinating lead to strong genetic differentiation between populations and low
variation within populations. However, a study on the Wadden Islands showed that genetically distinct
populations occur (Sharudin et al. 2014b). A relatively high within-population variation was found. In
the first place this was explained by locally high dispersal rates. Although Liparis loeselii has light
seeds which are easily dispersed by wind (like most orchids), long-distance dispersal (over many
km’s) appears to be rare. Secondly, high rates of colonisations (multiple founders) from different
populations leads to a diverse genetic structure. The latter is confirmed by genetic data, suggesting
that new habitat (young dune slacks) is colonised from several populations (from older dune; Sharudin
et al. 2014b).
Habitat
In Northwest-Europe Liparis loeselii is mainly growing in coastal dune slacks and calcareous fens. Fen
and dune plants in some studies are distinguished as different varieties (var. loeselii and var. ovata,
respectively), based on the length and width of leaves (Oostermeijer & Hartman 2014). In the UK and
France strong genetic differentiation was found between dune and fen populations, while dune
populations from France and England did not differ that much (Pillon et al. 2007). On the other hand,
a study across Europe provided little evidence for ecotypic differentiation between populations from
different habitats (Vanden Broeck et al. 2014). In dune slacks the species grows in early succession
stages (young dune slacks), where many open spots are available and little soil development took
place. In fens the species is found mainly in sites with seepage of calcareous or base-rich groundwater
or in sites that are temporary flooded with calcareous or base-rich surface water.
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Figure 7.1.1

Counts of flowering individuals of Liparis loeselii in Inlaag Hoofdplaat (data: Het

Zeeuwse Landschap, unpublished)

Population dynamics
Local population show strong fluctuations from year to year and certainly within a few years. This is
illustrated in Figure 7.1.1 for the site Inlaag Hoofplaat in the Southwest of the Netherlands. Here, the
species grows in a relatively stable habitat (a kind of calcareous dune slack). Only flowering
individuals were counted, which is a usual practice for many plant species, as it requires far more
effort to count non-flowering individuals, and it is impossible to count dormant individuals. In more
dynamic situations the population size may vary even more, with strong increasing or decreasing
numbers, due to changing of the habitat. In such dynamic landscapes the constant creation of new,
suitable habitat is a requirement for maintaining a stable population (within the large fluctuations).
Step 1.2 - Spatial scale of functioning
In the Netherlands the orchid Liparis loeselii has two main regions of occurrence, one in the coastal
dunes, and one in inland base-rich fens. The Dutch fen populations consists of two subpopulations,
rather isolated from each other (Figure 2). Therefore we distinguish three meta-populations in the
Netherlands: one in the coastal dunes, one in the western fen-area of Holland (provinces ZuidHolland, Noord-Holland, and Utrecht), and one in the northern fen-area (provinces Overijssel and
Friesland). A few additional, small and isolated populations exist. The coastal dune meta-population is
connected to a population on the island of Borkum in Germany (Petersen 2003-2009). Possibly also
exchanges occur with populations in Belgium.
In coastal dunes the species occurs mainly in rather dynamic habitats, and more rarely in low-dynamic
conditions. In the dynamic dune landscape new habitat (young dune slacks) should be formed
regularly to maintain a large population. In the fen area the habitats are relatively stable and lowdynamic.
Like for many other plant species, it may be difficult to count population sizes, but estimates of the
number of adult plants have been carried out in several studies (Odé & Bolier 2001; Žalneravičius &
Gudžinskas 2016). We try to use number of individuals for estimating favourable population sizes. An
alternative may be to use relatively detailed distribution grid data as a proxy for population changes.
For the assessment of the range we will use the number of occupied 5x5 km grids as a first proxy, as
long-term historical data is available on this scale only. For the assessment of favourable reference
range (FRR) these values will be transformed into number of 10x10 grid cells (according to Dutch coordinate systems).

Conclusions
We consider population category S2 appropriate for this species: species with clearly disjunct distributions
and one or a few isolated (often genetically differentiated) populations at the national level.
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Step 1.3 - Historical perspective: what happened to the species?
The distribution in 5x5 km2 grid cells is given in Figure 7.1.2 for different time periods. Liparis loeselii
was found in 110 grid cells before 1930, and in 90 afterwards, while it was found in respectively 143
and 64 before and after 1995. The main decline in range took place in the first decades of the 20th
century. After 1950 only a few locations remained in the south-eastern half of the Netherlands, the
sand landscape (see the second map in Figure 7.1.2). Here Liparis loeselii grew in brook valleys and
wet heathlands (Kreutz & Dekker 2000), but in these habitats the species nowadays is extinct. Since
about 1960 the species is almost exclusively known from the coastal dunes (dune slacks) and (baserich) fen areas. The overall range has not changed significantly during the last 50 years, but nowadays
slightly less grid cells within the remaining range are occupied compared to the period before 1950,
especially in the western fen area.

Figure 7.1.2

Distribution of Liparis loeselii in the Netherlands in 5x5 km-grids in different periods

(Floron 2017). In the last period (bottom-right) it can be seen that the present distribution (red dots)
is much smaller than the historical distribution (blue grids)
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Step 1.4 - Analysis of distribution and trend
Distribution
Based on distribution maps of different periods (Figure 7.1.2) the number of occupied 5x5 km grid
cells have been calculated for the period 1990-2000 (the period when the HD came into force), the
current period (2005-2015) and a historical period 1950-1975, when the conditions in the fen region
were still relatively better, but outside the dune and fen regions most populations had already
declined. The values are given in Table 7.1.1.
In the dune region in the period 1990-2000 Liparis loeselii was recorded in 30 5x5-km-grids. This
number is more-or-less stable compared to the reference period 1950-1975. Presently (period 20002010) the amount of grid cells is slightly higher.
In the fen regions in the period 1990-2000 the species was recorded in 5 grids in Holland/Utrecht and
13 grids in Friesland/Overijssel (Table 7.1.1). The distribution in Holland/Utrecht was twice as high in
the reference period 1950-1975. In Friesland/Overijssel the trend in distribution grids compared to the
period 1950-1975 is a small increase.
Outside these regions, the species still survived in two grid cells in the period 1990-2000, summing
the total to 50 grid cells at the date when the Habitats Directive came into force.

Table 7.1.1 Distribution in different regions and different periods, expressed in numbers of 5x5 and
(between brackets) 10x10 grid cells (after data from Floron 2017)

Distribution range in 5x5 grid cells (10x10 in brackets)
1950-1975 1990-2000 2005-2015
Dune region

27 (18)

30 (19)

37 (25)

FRR
30 (19)

Fen region1 (H/U)

10 (6)

5 (3)

7 (4)

8 (5)

Fen region2 (F/O)

10 (6)

13 (7)

14 (6)

13 (7)

Outside
TOTAL

7 (7)

2 (1)

0 (0)

2 (1)

54 (37)

50 (30)

58 (35)

53 (32)

Population size
Assessments of the total population size are only known since 2001. Odé & Bolier (2001) estimated
the total Dutch population to be 20,000 individuals, with a maximum of 50,000 in extreme good
years. A count of the overall population size in 2010 by Oostermeijer & Hartman (2014) resulted in
10,000 to 11,000 individuals, but this seems an underestimate, if other figures from the same period
are considered (for example more than 10,000 individuals in that period in Lake Grevelingen according
to De Kraker 2015). In several nature reserves detailed counting has been carried out since 2000,
showing strong fluctuations. As an example, numbers of flowering plants in several subpopulations in
Lake Grevelingen are given in Figure 7.1.3, based on data collected by De Kraker (2005-2015).
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Figure 7.1.3

Population size since 2005 on several islands and shores of Lake Grevelingen (data

collected by De Kraker 2005-2015)

Detailed data on population sizes from the dune region before 2000 is not known, but from own
observations it is clear that also here large fluctuations occurred within less than a decade due to the
development and decline of young succession stages in primary dune slack. An example is the most
western dune slack on Schiermonnikoog. Although no exact data on population size are available, it is
known that a large population of Liparis loeselii quickly developed around 1995, which afterwards
declined due to further soil development and succession of dune slack vegetation, amongst others
resulting in a more closed sward and superficial acidification of the soil. It is likely that also on the
islands of Schiermonnikoog, Ameland and Terschelling the total population has decreased during the
last decades, due to aging of dune slacks, even though some new populations have established
themselves.
On the other large Wadden Sea islands (Texel, Vlieland) recently in young primary dune slacks large
populations of Liparis loeselii have developed. The same happened on the Kennemerstrand (dunes
near Amsterdam), where the development is the result of the construction of a large dam,
perpendicular to the coastline. In front of this dam huge amounts of sand were deposited by wind and
sea, resulting in the development of a broad beach on which dune slack vegetation developed. An
even stronger population increase was seen in Lake Grevelingen (Figure 7.1.3), but under even more
artificial conditions. The former Grevelingen estuary was dammed in 1971. The water remained saline,
but the tidal regime disappeared. As a result former intertidal sand flats stood clear of water
permanently, and on these new islands and shores a rapid vegetation succession occurred. This lead
to the current presence of large areas with plant communities characteristic to calcareous dune slacks.
Here, Liparis loeselii is one of the characteristic species. On one island (Veermansplaat) by far the
biggest population of the Netherlands occurs: more than 30,000 flowering individuals (De Kraker
2015).
For the maintenance of the large recently established populations in the dune region mowing is the
common management practice. However, on the long run the regular development of new, young
succession stages of dune slacks is needed. On the Wadden Sea island of Texel and Vlieland such
opportunities exist for the near future. On the Kennemerstrand new dune slacks may develop in future
as well, but the situation is different in Lake Grevelingen, where the succession leads in one direction.
Although succession is slowed down by grazing and mowing, and the high amount of chalk in the soil
provides good prospects, for the long term a decline in Liparis loeselii population can be foreseen, as
the conditions will ultimately become less suitable due to soil acidification, accumulation of organic
material and closing of the vegetation sward. It is unknown how long the present population may be
able to stabilise or even grow further.
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After having made some expert assessments for data gaps, an estimate of the total population in the
dune region since 2007 is given in Figure 7.1.4 (after Rusman et al. 2017). The population size
increases, but this is mainly caused by extreme high and increasing numbers on the small island
Veermansplaat in Lake Grevelingen (Figure 7.1.2). Data on population size and trends in the fen
regions are less well known and are based on more estimates (Figure 7.1.5). It is likely that the
population has declined much since the 1950’s, but estimates from 2001 indicate a rather stable total
population size, with a minimum of 6000-8000 and higher figures in a few years.

Figure 7.1.4

Estimate of total population size in the dune region since 2006 (after Rusman et al.

2017)
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Estimate of total population size in fen regions since 2001 (data based on Rusman

et al. 2017)
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Conclusions
During the 20th century a strong decline in distribution of Liparis loeselii occurred. Already before 1950 the
species disappeared almost completely from brook valleys and wet heathlands. The remaining distribution
in coastal dunes and inland fens has not changed significantly during the last 50 years, but especially in
the western fen area slightly less grid cells are occupied recently.
We conclude that FRPs should be defined separately for three more or less isolated meta-populations in
the Netherlands: one in the total coastal dune region, one in the fen region of Holland/Utrecht, and one in
the fen region of Friesland/Overijssel.
Outside these regions the populations of Liparis loeselii have almost completely disappeared long ago, and
restorability is rather unlikely given irreversible changes in land use and abiotic conditions. However, the
few populations still remaining in 1994 (when the Habitat Directive came into force), have to be included
for the assessment of FRP and FRR.
The distribution is stable since about 1950, except for the fen region of Holland and Utrecht, in which a
small decline occurred. Data on population sizes is not available for a long period but it is likely that large
declines occurred in the fen regions, while populations fluctuated a lot and possibly reached relatively high
numbers currently, in the coastal dunes.

Step 2.1 - FRP assessment
No detailed total population size is known from the period the Habitats Directive came into force. It is
however likely that it was similar or lower than the first overall estimate by Odé & Bollier (2001) of
20,000-50,000 individuals. Therefore we use this range in 2001 as a reference value (FRP)3. However,
additional, we require a minimum population in all of the three regions with different metapopulations, as is given in the conclusions below.

Conclusions
The FRP is the sum of the values in 2001 for the different regions, and is set at 20,000 (to 50,000)
individuals.
For the different regions
Dune region
Fen region1 (Ut/Ho)
Fen region2 (Fr/Ov)
Other regions

the following minimum values of the population size (partial FRPs) are required:
14000
2000
5000
presence

Step 2.2 - FRR assessment
We consider the distribution and range in the coastal dune region and the fen region of
Friesland/Overijssel at the date the HD came into force sufficient to maintain its reference population
size. However in the fen region of Utrecht/Holland an increase in distribution grid cells is needed to
guarantee long-term survival of the (relatively small) populations. Restoration seems possible as some
new grid cells were recorded in the period 2005-2015. We roughly estimate that restoration of at least
half of the decline since 1950-1975 is necessary to reach stable population trends. Whether such a
restoration is enough has to be monitored. The FRR for the Utrecht/Holland population therefore is 7
grid cells of 10x10 km2.
The indicated total FRR is 32 grid cells of 10x10 km2, which is slightly higher than the FRR of 25
distribution grid cells assessed by Odé in Ottburg & Van Swaay (2014). It should be noted however
that the provided distribution map in this latter study is incomplete.

3

Note that the proposed FRP by Odé (in Ottburg & van Swaay 2014) was 20,000 individuals.
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Conclusions
FRR =3200 km2 (32 grid cells of 10x10 km2).
with the following minimum values (partial FRRs) for the different regions:
Dune region
19 grid cells
Fen region1 (Ut/Ho)
5 grid cells
Fen region2 (Fr/Ov)
7 grid cells
Other regions
1 grid cells
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7.2

Varnished-Hook moss (Hamatocaulis vernicosus) in
the Netherlands

Rienk-Jan Bijlsma
Step 1.1 - Biology of the species
Hamatocaulis vernicosus (=Drepanocladus vernicosus) is a rather large pleurocarpous bryophyte with
hooked shoot tips (hence its English name) related to and often growing together with other so-called
‘fen mosses’. The inclusion of this rather elusive species on Annex II of the Habitats Directive
generated a lot of research to clarify its distribution and ecological requirements.
A molecular study revealed two cryptic species within Hamatocaulis vernicosus, a widespread species
in the boreal zone and a more southern species (Hedenäs & Eldenäs, 2007). As discussed by these
authors, the study is significant from the conservation point of view because wetlands in the boreal
zone are still in a relatively natural state, while those in southern Sweden, and even more the
wetlands further south in Europe, are much more strongly negatively affected or destroyed. I assume
that the Dutch populatons belong to southern ‘species’.
Hamatocaulis vernicosus belongs to a group of ‘rich fen’ species found in wetlands with relatively high
pH, EC, Ca, Mg and HCO3. Species of Tomentypnum, Scorpidium and Calliergon belong to this group
as well (Hedenäs & Kooijman, 1996). Within this group the habitat of Hamatocaulis is uniquely
characterized by high Fe-concentrations in soil pore waters and mostly N-limited conditions with low
Ca:Fe ratios and labile N concentrations, and high concentrations of plant available P and Fe-bound P
(Stechová et al., 2012; Pawlikowski et al., 2013; Cusell et al., 2014). These requirements restrict the
ecological feasibility of habitat restoration to specific (N-limited) biogeochemical conditions.
Long-distance dispersal is probably limited by the fact that sporophytes of the dioicous Hamatocaulis
are absent or very rare in many parts of its range and e.g. have never been found in the Netherlands
(Touw & Rubers, 1989) and France (Pépin et al., 2013). Only in Scandinavia fruiting in this species is
considered ‘just’ rare (Hedenäs & Hallingbäck, 2014). Within sites, the spatial dynamics of
Hamatocaulis mainly depends on vegetative reproduction by clonal growth and dispersal by stem
fragments, e.g. due to mowing or flooding.
Step 1.2 - Spatial scale of functioning
As a result of its specific habitat requirements and clonal growth, Hamatocaulis generally has a
scattered distribution and population clusters within sites.

Conclusions
Hamatocaulis is an uncommon plant species with scattered (often fragmented) distribution (population
category S6).

Step 1.3 - Historical perspective: what happened to the species?
The fate of Hamatocaulis in the Netherlands is exemplary for its history in the European lowland where
the species is very rare nowadays (Figure 7.2.1). It occurs in neutral flushes and fens and particularly
likes domed springheads and seepage areas, where alkaline water breaks through acidic peat, or areas
where alkaline flushes spread onto acidic ground (Atherton et al., 2010). In the Netherlands most fens
in general and rich fens in particular have been reclaimed and cultivated well before the 1950s
(Kooijman, 1992). The remaining sites face anthropogenic acidification and eutrophication by high
levels of N-deposition (Cusell et al., 2014). Based on herbarium records, 40% of the known
distribution was already lost before 1900 (Figure 7.2.2). Despite the very low recording intensity of
bryophytes in the 19th century, Hamatocaulis was found throughout the region with higher sandy soils
and must have been much more common than documented in that period. After 1965 the species was

166 |

Wageningen Environmental Research report 2929

considered extinct in the Netherlands until 1996 when a large new locality was found (Van Tweel &
Van Wirdum, 1999).

Figure 7.2.1

Distribution of Hamatocaulis vernicosus in north-western Europe (source:

http://art17.eionet.europa.eu/article17/reports2012/species/summary/?period=3&group=Nonvascular+plants&subject=Drepanocladus+vernicosus&region=)

Figure 7.2.2

Distribution of Hamatocaulis in the Netherlands (5x5 km squares, based on herbarium

collections). For location labels, see 1.4 (based on https://www.verspreidingsatlas.nl/2710#)

Step 1.4 - Analysis of distribution and trends
The northern and southern parts of the historical range were lost after 1952 and 1965, respectively.
Until 2004 the distribution was restricted to just one site (Table 1, MDL). Between 2004 and 2016 six
new, smaller sites have been discovered, three in the same region (OS, KW and KL; Figure 2), and
three isolated sites in the eastern and central part of the country. The small BV-site was discovered in
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2013 but appeared to be lost in 2016 already. In 2014 the new KB locality was discovered in a
restoration project area in a former agricultural landscape dating from 1997-98; this can only be
explained by long-distance dispersal and demonstrates that succesful restoration is possible despite
many apparently limiting factors.
Since 2004 Hamatocaulis is monitored in all known sites within and outside Natura 2000 (Table 1).
Only the largest site (MDL) shows a positive trend while all other sites are much smaller and show
more or less stable or negative trends. Some of the smaller sites (e.g. KW and DH) are probably not
recently established but overlooked during surveys in the past and suggest that viable ‘populations’
occupying at least 20-25 10x10 m squares can withstand short-term environmental fluctuations.

Table 7.2.1 Number of 10x10 m squares (‘population size’) occupied by Hamatocaulis per site
(compare Figure 7.2.2). MDL Mepperler Dieplanden; KW Kiersche Wieden; KL Kikkerland; OS: Oude
Stroom; DH: De Hel; BV: Brecklenkampse Veld; KB Korte Broek (from Van Tweel & Sparrius, 2016)
Year

MDL

2004

388

OS

KW

2007
2010

KL

DH

BV

643

15

16

797

30

21

2013

1097

24

15

4

20

8

2016

1354

10

12

4

12

0

KB

23
17

Conclusions
Most of the distribution and habitat of Hamatocaulis in the Netherlands was lost before 1950 or perhaps
already before 1900. The northern and southern parts of the historical range were lost after 1952 and
1965, respectively. Up to 2004 only one site with a large and viable population was known. Afterwards,
six much smaller populations were discovered, three of which in the same region as the first population.
Data from short-term monitoring of the smaller sites suggest that a ‘viable population’ must occupy at
least 20-25 10x10 m squares to cope with short-term environmental fluctuations.

Step 2.1 - FRP assessment
The strong decline in the number of sites and the loss of large parts of the historical range asks for a
simultaneous assessment of FRVs such that the FRP allows for the restoration of (a part of) the range
and the FRR is large enough to include the required FRP.
Practically nothing is known about the dynamics, survival and viability of Hamatocaulis ‘populations’
(mostly clones) in relation to environmental fluctuations and succession, even in the case of adequate
management preventing the encroachment of shrubs and woodland. However, the available sparse
data show that 1) Hamatocaulis is able to double its occupancy within a decade by fragmentation and
clonal growth under suitable conditions (site MDL), 2) Hamatocaulis is still able to establish succesfully
by long-distance dispersal (site KB), 3) Relatively small populations (20-25 10x10 m squares) can
withstand short-term environmental fluctuations (sites OS, KW, DH) and 4) Restoration of
Hamatocaulis habitat is feasible in wetland situations with relatively high concentrations of available P
and Fe-bound P as long as N is limiting (site KB and see step 1.1).
In order to include spatial risk spreading such that extreme local events don’t result in the sudden
extinction of a population, I assume a safety factor of 5 which gives a minimum ‘viable population’ size
of 1-1,5 ha. This means that only the MDL-site (13-14 ha; Table 1) is clearly safe and at least some of
the other populations must be enlarged or connected to (new) adjacent populations. Moreover, to
restore a significant part of the historical range additional populations are necessary which seems
feasible only in the northern part of the country with a relatively low N-deposition and opportunities in
former ‘chains’ of historical locations (see Figure 7.2.2). This requires (at least) two populations at all
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existing sites plus two locations in the northern part of the country (provinces of Drente, Groningen,
Friesland), giving a total of 10 populations, each 1-1,5 ha4.

Conclusions
FRP = 10 populations, each occupying 1-1,5 ha = 100,000- 150,000 m2.

Step 2.2 - FRR assessment
The required 10 populations have been assigned to at least five locations, including the four existing
ones, resulting in at least 5 10x10 km squares. The derivation of the FRR requires that in assessing
the range relative to this FRR, the spatial configuration must be taken into account as well.

Conclusions
FRR = at least 5 locations to encompass 10 populations = 500 km2.
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8

Marine habitats

Susan Gubbay

8.1

Sandbanks which are slightly covered by sea water all
the time (1110) in the United Kingdom

Step 1.1 - Ecology of the habitat
Marine banks are defined as elevations of the seafloor of relatively large areas, surrounded by deeper
water (American Geological Institute 1974). The term is generally used to refer to sedimentary
accumulations and, in the case of sandbanks, they are features that consist mainly of sand size
sediments (grain sizes of between 0.06-2 mm).
Sandbanks are formed and maintained by different types of marine flows, where there is abundant
sand and where currents are strong enough to move sediment. Some may owe their morphology to
the topography of underlying hard substrate (Dyer & Huntley 1999; Velegrakis et al. 2001). A
descriptive classification scheme developed by Dyer & Huntley (1999) distinguishes between linear,
irregular and shore-attached banks in different geographical situations. This has been developed
further by Kenyon & Cooper (2005) into a classification based on patterns of sediment transport
(Figure 8.1.1).
Sandbanks occur in coastal and shelf seas as well as in deeper areas of the continental margin
although the Habitats Directive Annex 1 type is limited to shallow sandbanks, typically less than 20m
depth. The definition in the Interpretation Manual of European Union Habitats (European Commission
2013) is as follows:
Sandbanks are elevated, elongated, rounded or irregular topographic features,
permanently submerged and predominantly surrounded by deeper water. They consist
mainly of sandy sediments, but larger grain sizes, including boulders and cobbles, or
smaller grain sizes including mud may also be present on a sandbank. Banks where
sandy sediments occur in a layer over hard substrata are classed as sandbanks if the
associated biota are dependent on the sand rather than on the underlying hard
substrata.
“Slightly covered by sea water all the time” means that above a sandbank the water
depth is seldom more than 20 m below chart datum. Sandbanks can, however, extend
beneath 20 m below chart datum. It can, therefore, be appropriate to include in
designations such areas where they are part of the feature and host its biological
assemblages.
The diversity and types of community associated with this habitat are determined particularly by
sediment type together with a variety of other physical, chemical and hydrographic factors. These
include geographical location (influencing water temperature), the relative exposure of the coast (from
wave-exposed open coasts to tide-swept coasts or sheltered inlets and estuaries), the topographical
structure of the habitat, and differences in the depth, turbidity and salinity of the surrounding water
(JNCC 2017). Where sandbanks are extensions of shallow coastal sediments adjacent to the coastline
they may support similar soft sediment communities (Kaiser et al. 2004).
Communities found on sandbank crests are predominantly those typical of mobile sediment
environments and tend to have low diversity. Fauna such as polychaete (cat worms) and amphipod
(shrimp-like crustaceans) thrive in this environment as they are able to rapidly re-bury themselves.
Animals like hermit crabs, flatfish and starfish also live on top of the sandbank (JNCC 2017). In a
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study of sandbanks in the Irish Sea off the coastline of Wales (Kaiser et al. 2004), the distinct
sandbanks were typified by low species diversity and shared indicator species such as the weever fish
Echichthys vipera, greater and lesser sandeels, the goby Pomatoschistus minutus the shrimp
Philocheras trispinosus, the starfish Asterias rubens, and the hermit crab Pagurus bernhardus.

Figure 8.1.1

Classification of sand banks (modified from Dyer & Huntley 1999) with their relation

to the local and regional sand transport paths (from Kenyon & Cooper 2005)

Troughs or areas between banks generally contain more stable gravelly sediments and support diverse
infaunal and epifaunal communities. Here sediment movement is reduced and therefore the areas
support an abundance of attached bryozoans, hydroids and sea anemones. In the Southern North Sea,
there have been frequent observations of biogenic reefs created by the Ross worm Sabellaria
spinulosa in association with sandbanks (JNCC 2017).
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Where conditions are suitable, sandbanks also support plant communities. In the Mediterranean, these
include communities characterised by the marine Angiosperm Cymodocea nodosa together with
photophilic species of algae living on the leaves, and usually associated with Posidonia beds. In the
Baltic these include communities of Zostera species, Potamogeton species, Ruppia species and
Charophytes. In the North Sea Zostera species and free living species of the Corallinacea family are
found on these sandbanks, and around the Macaronesian islands these communities consist of
C. nodosa and Zostera noltei (European Commission 2013). However, on most sandbank no
macrophytes are found.
Shallow sandbanks are used as resting and foraging areas by seabirds feeding on small pelagic fish
and macrobenthos that are associated with the sandbanks or around the frontal systems which
develop in their vicinity (e.g. Skov et al. 1995; Camphuysen et al. 2011; Boedeker et al. 2006; Skov
et al. 2016). These features can also attract foraging seals (e.g. Thompson & Miller 1990; Jones et al.
2013). Sandbanks can play an important role in the protection of the coast by dissipating incoming
wave energy and consequently acting as natural coastal defenses. They can also supply or store
sediments.
Hydrographic charts are an important source of information on the location and distribution of
sublittoral sandbanks. These were used together with information in the scientific literature to compile
a European Sandbanks Data Base which identified 361 submerged sandbanks that potentially fit the
description under the Habitats Directive (Jones 2001). The majority (>50%) were in UK waters,
followed by France and Spain. In response to obligations under the Habitats Directive, Member States
have undertaken dedicated surveys to locate, map, sample, and monitor Annex 1 marine habitats,
including sandbanks. When combined with other sources of information, such as environmental impact
assessments for offshore industries, such as marine renewables and marine aggregate extraction, this
provides more detailed information about this habitat type. Two examples are given in Figure 8.1.2
and 8.1.3.

Figure 8.1.2
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Major Sandbank features in the Belgium EEZ (from Klein 2006)
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Figure 8.1.3

Submarine banks in the German North Sea (from Klein 2006)

Figure 8.1.4

The main bank features in the Outer Thames estuary (from Burningham & French

2008, with typology based on Dyer & Huntley 1999)

Step 1.2 - Spatial scale of functioning
The development, maintenance and erosion or loss of sandbanks takes place at a variety of spatial
scales. These processes may also be interconnected with other habitat features and therefore function
at an ecosystem scale. For example, sandbanks can be found in association with several other
Annex 1 marine habitats: Mudflats and sandflats not covered by seawater at low tide (1140),
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Posidonia beds (1120) and Reefs (1170). Sandbanks may also be a component part of Estuaries
(1130) and Large shallow inlets and bays (1160).
Tidal sandbanks are the largest of the offshore rhythmic sedimentary features. They can be many
kilometers in length, a spacing of up to 10km and a height of several tens of meters (Dyer & Huntley
1999). Broken Bank, one of the outermost of the Norfolk Banks in the southern North Sea, is an
example of a large sandbank. This bank lies 67 km offshore and has dimensions typical of the tidally
controlled open-shelf linear sandbanks of the outer Norfolk Banks area at about 30 km long, 1 km
wide and with relief around 30 m above the surrounding seafloor (Schratzberger & Larcombe 2014).
Groups of sandbanks can cover many square kilometers. Those found off the coast of Belgium
(Figure 2) and in the outer Thames estuary (Figure 8.1.4) are well known examples.

Conclusions
Shallow sublittoral sandbanks are formed and maintained by different types of marine flows, where there
is abundant sand, and where currents are strong enough to move sediment. They support a variety of
benthic communities and may exhibit successional stages depending on the developmental stage of the
physical habitat. They show considerable variation in size and volume. Because of the spatial scale of key
processes influencing shallow sandbanks, they can be categorized as macro-habitats. Further distinction is
also possible. Close to the coast, where shallow sublittoral sandbanks are part of a habitat complex, such
as an estuary, the quality of the sandbank feature can be dependent on its function as part of the broader
ecosystem. Under such circumstances, they may be best classified as a component of a macro-habitat
(1b), whereas large offshore sandbanks or groups of sandbanks are more likely to be a macro-habitat
(1a).
A reference-based method, using known area and/or distribution is considered the most appropriate for
setting FRVs. The geographical range of sandbank features and salinity gradient in the Baltic Sea means
there are differences in the associated communities but no obvious patterns in the distribution of
sandbank type with latitude. It is therefore recommended that assessment is carried out at a national
level.

Step 1.3 - Historical perspective: what happened to the habitat?
A historical perspective of changes in the shallow sandbank habitats around the United Kingdom needs
to take account of the fact that they can be very dynamic features, change substantially in response to
natural processes, and evolve over both short and long time scales. Any anthropogenic impacts
therefore need to be viewed within the context of natural variability.
Sediment supply as well as tide, wind and wave action, and the interactions between them, determine
the development of sandbanks. At one end of the spectrum a sandbank may be relict, formed under
different hydraulic conditions than those existing presently and therefore not being affected actively in
modern sedimentary process. The physical character of these sandbanks is unlikely to change
significantly, even over decades. Others may be active where there is dynamic interaction between
banks and the present hydrodynamic regime, like the shallow sandbanks in the southern North Sea
(Jones 2001).
Sandbanks can be mobile features, the rate depending on the type of bank and the stage of its
development (active or moribund). In the greater Thames estuary, historical changes of seabed
features over 400 years derived from analysis of published bathymetric charts reveal both spatial and
temporal variability. There is evidence of progressive long-term accretion and degradation as well as
stepped or cyclic variability. There have been shifts in bank and channel configuration, particularly in
the case of sandbanks at the estuary mouth (Burningham & French 2008). The high tidal currents in
many wide estuaries mean that banks are particularly dynamic in such situations. This is illustrated by
changes to bank morphology in the inner Thames where a 3km long sand bank has developed in
about 30 years (Cloet 1972 in Kenyon and Cooper, 2005).
Sandbanks can also go through a cycle from an active to moribund state, for example as sea level
rises and they are left stranded in weak currents (Kenyon & Cooper 2005). It is also the case that
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although the main feature may not change over human time there can be regular changes in the
topography of the crest and superimposed bedforms (Vanaverbeke et al. 2000).
Step 1.4 - Analysis of distribution and trends
Repeat surveys have been carried out on some sandbanks and any long-term changes in associated
species documented. On the Dogger Bank for example, where some of the earliest surveys were
carried out in the early 1950’s there was a considerable increase in the number of opportunistic shortliving, depositing feeding polychaetes between the 1950’s and the 1980’s. By contrast the individual
numbers of long-living bivalves such as Ensis ensis and Spisula subtruncata decreased. There was an
overall decline in biodiversity although the biomass had increased over most of the bank (up to 8
times higher in places) when compared to 1950-54, except in the north-eastern part where there was
a 30% reduction (Kröncke 1992). Subsequent survey work in 2000 showed that large-scale spatial
distribution of the macrofauna communities had hardly changed between 1986-2000 but an increase
in abundance and regional changes in distribution of various species with a southern distribution
(Kröncke et al. 2011).
Likely factors discussed in relation to the earlier changes were seabed disturbance by fishing gears,
increasing eutrophication and high concentrations of lead and cadmium. The more recent changes
appear most likely related to higher sea temperatures with the increase in abundance of ophiurid
A.brachiata on the Dogger Bank reported in 2000 a possible response to higher water temperatures
since the 1980s and higher sediment mobility.
There have also been studies to investigate predicted and actual changes in response to human
activities as large scale interventions such as sand extraction, can interfere with the complex
hydrodynamic and morphodynamic processes (Brière et al. 2010). Nash Bank and Helwick Bank in the
Bristol Channel have been subject to commercial dredging for aggregates and in both cases the
volume of sediment in the sandbank has decreased. At Nash Bank dredging is estimated to have been
responsible for around one third of the reduction over a 10-year period. In contrast, at Helwick Bank,
the volume of the bank has decreased over 8 years, but at a rate six times greater than the loss due
to dredging and therefore natural processes dominate here (Lewis et al. 2015).

Conclusions
Sandbanks can be highly dynamic features that change in character, move, erode or expand in response
to natural processes such as the action of storms, tides and wave action. They may also be relict features
where the main physical characteristics remain unchanged over decades. There are some historical
sources of information about the location, size and movement of sandbanks in UK waters, particularly in
situations where there are implications for navigation or where the features are relevant to fishing
activity. There has been more detailed mapping, sampling and monitoring of sandbank features and their
associated communities in recent decades but this is far from comprehensive. The main human activities
that have been identified as potentially having impacts on sandbanks are eutrophication, aggregate
extraction, dredging, the impact of bottom fishing gears and construction projects such as offshore
windfarms that may have a direct impact on the features themselves or alter the hydrodynamic conditions
that influence the status of sandbanks.
Changes in both the physical and biological characteristics of some sandbanks have been described and
variously attributed to natural processes, human activity, or a combination of both. Whilst there have
been localized effects there is no clear trend in the physical characteristics, but evidence that there have
been some changes in the associated benthic communities in particular localities. The natural range of this
habitat appears to be intact.

Step 2.1 - FRA assessment
The potential locations of shallow sublittoral sandbank habitat in UK waters have been identified using
depth and slope information in combination with sediment data (Figure 8.1.5)5. This includes
multibeam survey data of specific sandbank features, EUSeaMap data to identify areas composed
mainly of sandy sediment (Duncan 2016) and the OSPAR database of threatened and/or declining
5

http://jncc.defra.gov.uk/pdf/P20161206_UK_Sandbanks_v2_Method_1_1.pdf
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habitats to identify areas vegetated with Zostera marina and/or free living species of the Corallinaceae
family (Ellwood & Duncan 2015). The total surface area of this feature in UK waters is currently
estimated to be 17,090 km2. This is based on current best available evidence that includes modelled
data with lower confidence and may therefore be an under-estimate.6

Figure 8.1.5

The potential area of shallow sublittoral sandbanks in UK waters (from: Third Report

by the United Kingdom under Article 17. H1110 Sandbanks which are slightly covered by sea water all
the time)7

Conclusions
The development and maintenance of sandbanks is strongly dependent on sediment supply, and
hydrographic conditions. Admiralty Charts and other sources reveal that there has been movement and
change in the size/area covered by some sandbanks over both long (centuries) and short (decades) time
scales. There are examples of reductions in area as well as situations where there are gains or no
detectable change. Considering the dynamic character of the habitat and without any clear evidence for
strong declines in area, the FRA for this habitat can be taken as equivalent to current value. However, as
further data becomes available this figure should be updated.
FRA (UK) = CV (17,090 km2).

Step 2.2 - FRR assessment
The range of shallow sandbank habitat in UK waters is estimated to be 103,943 km2 (Figure 8.1.6).
This was calculated by identifying areas of sandy sediment in less than 60 m of water depth that are
connected to areas of sandy sediment in less than 20 m of water. Mapped data was created by
combining existing data of sandbanks already mapped with an analysis of bathymetric depth, slope
and aspect, and sediment data across UK waters. The figure, which was provided in the 2006-2012
Article 17 report for the Habitats Directive, is considered likely to be an over estimate at this time, as
it does not exclude flat and gently sloping sand.

6

7

UK Article 17 report for 2006- 2012.
http://cdr.eionet.europa.eu/Converters/run_conversion?file=gb/eu/art17/envukl4fa/GB_habitats_reports-13925152535.xml&conv=350&source=remote#1110
http://jncc.defra.gov.uk/pdf/Article17Consult_20131010/h1110_UK.pdf
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Figure 8.1.6

The potential range of shallow sublittoral sandbanks in UK waters (from: Third Report

by the United Kingdom under Article 17. H1110 Sandbanks which are slightly covered by sea water all
the time)3

Conclusions
Sandbank features occur throughout the shallow sublittoral in areas where there is an adequate sediment
supply and favourable hydrographic conditions. They can be highly dynamic, moving many kilometres
over relatively short periods of time but there is no evidence of any significant alteration in their range in
either the historic (50 years) or recent (10 years) past in UK waters. The FRV for this habitat can
therefore be taken as equivalent to current value.
FRR (UK) = CV (103,943 km2).
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8.2

Posidonia beds (1120) in the Mediterranean with
focus on Malta

Step 1.1 - Ecology of the habitat
Posidonia oceanica is a seagrass which forms extensive underwater meadows in water depths where
sufficient light penetrates to support photosynthesis and growth. It is large (leaves can be up to 1m
long during the height of summer) and slow growing, with wide and persistent rhizomes. Old leaves
are shed throughout the year, but especially in the autumn when the canopy appears shorter and
sparser (Díaz-Almela & Duarte 2008). Enhanced sedimentation, combined with vertical rhizome
growth produces a characteristic “matte”. This is a network of dead rhizomes with shell/organic debris
and sediments which accumulative over centuries and can be several meters in height (Hemminga &
Duarte 2000). Posidonia beds are important carbon sinks, stabilize sediment, protect coastline from
erosion, support biodiversity and enhance living resources (Barbier et al. 2011).
This habitat can develop in areas where the seabed is rocky or sandy with the Posidonia plants using
the substrate for anchorage and nutrient uptake. Muddy seabed is unsuitable because of difficulties
with attachment and turbidity which limits plant growth. In sheltered bays Posidonia meadows may
grow up to the surface whereas in more wave exposed conditions they usually start growing several
meters below the surface (3-10m) (Díaz-Almela & Duarte 2008).
Posidonia beds are one of the main climax stages of Mediterranean coastal ecosystems. They harbour
a highly diverse community, which varies according to depth, shoot density, adjacent communities,
physico-chemical conditions and even historical events linked to larval recruitment (Díaz-Almela &
Duarte 2008). Epiphytic community comprises micro and macro algae, sessile animals such as
hydroids, bryozoans, and microscopic foraminifera. Within the matte and amongst the rhizomes are
foraminifera, fan mussels, and algae adapted to low levels of light. Molluscs, sponges, echinoderms
(sea urchins, brittle starts, feather stars and sea cucumbers) are also present moving to feed in the
canopy at night. Posidonia beds act as nursery areas for many fish as well as supporting resident
species including gobies, wrasse, and chromis. The endangered sea horse Hippocampus hippocampus
is also present and the herbivorous green turtle Chelonia mydas feeds on the seagrass (Díaz-Almela &
Duarte 2008).
Posidonia oceanica is endemic to the Mediterranean Sea and Posidonia beds have been identified as a
priority habitat type for conservation in Annex 1 of the Habitats Directive.
A variety of parameters are used to monitor seagrass habitat quality. They include descriptors at an
individual level (shoot phenology and biomass), at a population level (bed density and coverage) or at
a community level (epiphytes on leaves). Posidionia oceanica is also used as a biotic index to evaluate
the ecological status of coastal waters under the MSFD (e.g. Fernández-Torquemada et al. 2008;
Montefalcone 2009).
This habitat type is present along the continental coastline and islands of all EU Mediterranean
countries. The current distribution is shown in Figure 8.2.1 and the total area estimated at
12,247 km2.8

8

A5.535 Posidonia beds in the Mediterranean infralittoral zone. European Red List of Habitats.
http://forum.eionet.europa.eu/european-red-list-habitats/library/marine-habitats/mediterranean-sea/a5.535-posidoniabeds-mediterranean-infralittoral-zone.
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Figure 8.2.1

Current distribution of Posidonia meadows (green areas) along the Mediterranean Sea

coastline (from Telesca et al. 2015)

Step 1.2 - Spatial scale of functioning
Posidonia beds are present in all the sub-basins of the Mediterranean Sea and there are slight
morphological and genetic differences between P. oceanica meadows from different regions. In
particular, there is a genetic cleavage between the Eastern and Western Mediterranean meadows
which suggests that these meadows were temporally isolated from each other during last glaciations
(Arnaud-Haond et al. 2007). Nevertheless, there are no clear geographical differences in meadow
structure and function between the two basins, and the morph type differences disappear after some
years of acclimatization when transplanted to another site (Meinesz et al. 1993).
Posidonia oceanica reproduces both sexually and asexually. Vegetative propagation by subterranean
rhizomes appears to be very important for the physical and stability and resilience of meadows
whereas sexual reproduction probably functions in long distance species dispersal and for genetic
diversity (Procaccini et al. 1996; Buia & Mazzella 1991).
The status and condition of this habitat is determined by the characteristic species Posidonia oceanica.
Girauld (1977) identified types of Posidonia bed based on shoot density and Pergent et al. (1995)
developed this into a scale of habitat condition across different depth zones (see Figure 8.2.2). These
studies were concerned with investigating the use of Posidonia as a potential descriptor of water
quality rather than of the habitat itself. A population-based method for setting FRVs using Posidonia
oceanica as the diagnostic species may therefore be an option, however a reference-based method
using area of habitat is considered a more practical approach at current levels of information about
this habitat throughout its distribution.
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Figure 8.2.2

Significance of the density of Posidonia beds as a function of depth (from Pergent

et al. 1995)

Conclusions
Posidonia beds develop under specific abiotic conditions. They are a climax community with species
composition, structure, site conditions and spatial connectivity being criteria for good quality. This can be
considered a mesohabitat and therefore best categorized as habitat type 2a.
The status and condition of this habitat is determined by the characteristic species Posidonia oceanica,
however whilst a population-based method for setting FRVs may be possible in the future a reference
based approach using area of habitat (combined with density data where available) is considered the
more practical option at the present time. There are no clear differences across the Mediterranean basins,
therefore it is recommended that assessment is carried out at a national level.

Step 1.3 - Historical perspective: what happened to the habitat?
Trends in Posidonia beds are revealed by analysis of a variety of types of data. Changes in the
quantity of this habitat typically relies on records of presence/absence, areal extent, and density of
plants. Trends in quality may be based on changes in parameters such as shoot density, and the
abundance and diversity of associated species.
The first attempts at mapping Posidonia oceanica beds date back to the end of the 19th century
although the first maps were not produced until the early 1970s in France and Italy. Efforts to
evaluate the status of this habitat started in 1962 with most of the knowledge to date based on
observations in the western Mediterranean.
There is evidence that Posidonia oceanica has been suffering widespread decline, at least in the northwest Mediterranean (Marbá et al. 1996; Pascualini et al. 1999; Boudouresque et al. 2000). A review of
the literature on Posidonia beds over the period 1842-2009 (Marbà et al. 2014) concluded that two
thirds of the 519 meadows assessed had experience declines in areal extent, cover and/or shoot
density (Figure 8.2.3). There were also changes in the depth limits of meadows over the last century
with most of the meadows evaluated regressing towards deeper waters. The percentage of cover and
shoot density in areas where meadow was not lost also exhibited changes during the last decides. In
half of the cases there was a reduction, 44% were in a steady state, and one meadow showed an
increase in cover. Overall there was a net decline of cover at on average -1.22% yr-1. The shoot
density in 43% of meadows examined had thinned.
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Figure 8.2.3

Distribution of all Posidonia oceanica meadows that have been reported to be

declining, in steady-state, and expanding determined by assessing meadow areal extent, cover and
shoot density (from Marbà et al. 2014)

Regression of meadows is a generalised phenomenon in the Mediterranean Sea, even though some
exceptions exist (e.g. Corsica, parts of the Sardinian coastline and the Valencia region in Spain). There
are also some uncertainties because of changes in mapping techniques (Bonacorsi et al. 2013). During
the twentieth century and especially in the 1950 s, P. oceanica meadows have considerably regressed,
mainly near large urban developments and ports such as Barcelona, Marseille, Toulon, Genoa, Trieste,
Alexandria and Gabès. Telesca et al. (2015) have collated data on current and known historical areas
and percentage regression over various time periods (Table 8.2.1 and Figure 8.2.4).
Comparison of current distribution maps with available historical ones allows assessment of the
changes undergone by meadows over time (Figure 8.2.4). In areas for which historical data were
available, the estimated regression of Posidonia meadows in the EU 28 was 34% over the last
50 years. There has also been a decline in the overall quality, estimated to be at least a slight decline
affecting more than 30% of the extent of the habitat over the same period (Gubbay et al. 2016).
Because of the requirements of seagrass for adequate light and sediment conditions, they are affected
by disturbances that modify water and sediment quality. The shallow coastal environment occupied by
seagrass beds is also particularly prone to physical disturbance, whether by waves or turbulence
associated with stormy weather.
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Table 8.2.1 Lengths of coastline with the known current and historical presence of Posidonia
oceanica, the percentage of regression and the time range of data (from Telesca et al. 2015; see this
publication for details and footnotes)

Figure 8.2.4

Coastline with regression of Posidonia oceanica meadows (from Telesca et al. 2015)

Anthropogenic pressure on the Mediterranean coastal zone increased rapidly during the second half of
the 20th century with widespread seagrass loss directly attributed to human activity. The main
pressures on this habitat have been mechanical damage (by dredging, fishing, and anchoring),
eutrophication, aquaculture, siltation, effects of coastal constructions, and food web alterations.
Indirect effects associated with human activity include negative effects of climate change particularly
through impacts of elevated seawater temperature on shoot survival (Marbà & Duarte 2010; see
Figure 8.2.5) but also erosion by rising sea level assuming growth cannot keep pace with changing sea
level, increased storms, increased ultraviolet irradiance, as well as from natural causes, such as
cyclones and floods. In all regions, the environmental effects of excess nutrients or sediments are the
most common and significant causes of seagrass decline, and result in small to very large areas of
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seagrass being lost (Orth et al. 2006). Invasive macroalgae such as Caulerpa taxifolia can grow on
Posidonia rhizomes and sand and their proliferation is believed could accelerate the decline of the
meadow.

Figure 8.2.5

Pressures identified as causes of Posidonia oceanica declines. The graph shows the

number of meadows impacted by each pressure (from Marbà et al. 2014)

Whereas local human impacts are often evident as causes for the decline of Posidonia beds, this is not
always the case: significant correlation between decadal growth and climate variation (Marbá & Duarte
1997) points to climate change effects and possibly indirect human impacts on the observed decline.
These observations suggest that seagrass decline and, possibly expansion, may be triggered by largescale climate change. If so, rapidly changing climatic patterns may lead to major changes in global
seagrass cover in the future (Duarte 2002).
The biological characteristics of Posidonia with rare sexual reproduction and slow horizontal growth of
rhizome edges, do not favour rapid recolonization of degraded beds or formation of new beds.
Transplantation has been attempted to restock and restore Posidonia beds, but whilst the survival rate
of cuttings can be very good, recolonization is always slow. More than 25 years after the first
transplanting was done, there are still no true meadows reconstituted from transplants (Boudouresque
et al. 2012).
In general, the area of this habitat is known to have decreased during the 20th century and considered
to have declined in both quality and quantity across the Mediterranean. However, there are some
areas and time periods where there has been some recovery, most likely associated with
improvements in water quality (Boudouresque et al. 2000), and occasional stability or small increases
(Telesca et al. 2015). One estimate based on coastal seafloor between 0-40 m is that this habitat
could have covered about 50 000 km2 in the Mediterranean in the past (Bethoux & Copin-Montégut
1986). The total known current area of Posidonia beds has been calculated as just over 1.2 million ha
(Table 8.2.2; Telesca et al. 2015).
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Table 8.2.2 Spatial extent of Posidonia oceanica meadows across the Mediterranean Sea (from
Telesca et al. 2015)

Step 1.4 - Analysis of distribution and trends (Malta)
In the Maltese Islands, Posidonia meadows occur as two main subtypes; the continuous meadows and
the reticulate or non-continuous meadows (Borg & Schembri, 2002) The earliest mapping of the
spatial extent of Posidonia beds around the Maltese islands was undertaken in 1994 using SCUBA
diving techniques (Borg & Schembri 1995). This reported particularly dense and healthy meadows in
the Malta-Comino and Comino-Gozo channels as well as patchy stands in shallow waters and dense
meadows down to 25-30m on soft sediment.
Both diving and geophysical survey techniques were used to prepare baseline maps in 2002 (Borg &
Schembri 1995; Geological Assistance & Services 2003). Both surveys revealed that the habitat covers
large areas of suitable shallow seabed around the Maltese islands. It is present along the northeastern to south-eastern coast of Malta with the densest meadows to the east of mainland Malta.
Posidonia beds are also common around Gozo, along its north-eastern coast, as well as in the
channels between Gozo and Comino, and between Comino and Malta (Geological Assistance &
Services 2003). The habitat has developed on rocky shelf, gravel, sand, and matte structures. The
beds are characterized by healthy shoots forming extensive bands over considerable areas of matte
(Borg et al. 2013). One of the deepest records for Posidonia in the Mediterranean is off the southwestern coast of Comino Island where a sparse meadow is present at a depth of around 43m (Borg
et al. 2006). The baseline survey undertaken in 2002 reported the estimated area of the major
Posidonia beds as in Table 8.2.3, with many other smaller patches also present (Geological Assistance
& Services 2003).

Table 8.2.3 Main areas of Posidonia beds around the Maltese islands (from Geological Assistance &
Services 2003). This excludes patches and scattered areas of Posidonia
Location

Area (km2)

Gozo island

3.9

Gozo-Comino Islands

2.1

Comino-Malta Islands

27

Malta

7.4

This data has since been pooled with further information from four locations where Posidonia beds
were studied in detailed confirming the general distribution around the Maltese islands (Borg et al.
2009) given in Figure 8.2.6.
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Figure 8.2.6

Small scale map showing the large-scale distribution of Posidonia oceanica around the

Maltese Islands (from Borg et al. 2009)

There is a lack of data on the historical extent of this habitat but it is known to have regressed or been
lost from some locations in recent decades. Reports of some declines were published in the Malta Red
Data book in 1989 (Schembri & Sultana 1989). In the 1990s Borg & Schembri (1995) noted that
frequent anchoring was probably the main factor causing significant damage to the extensive
meadows originally present in Mellieha Bay. They also reported the regression and replacement of
some Posidonia beds by pollution tolerant benthic communities in several bays and creeks (e.g.
Marsamxett and Grand Harbour), and loss of Posidonia beds associated with offshore fish farming
operations at Mistra Bay and Mellieha Bay, and by beach recharge at Pretty Bay, Birzebbuga. Around a
decade later, Borg et al. (2009) note that some fragmentation has almost certainly occurred in some
areas, particularly in the vicinity of the Valletta harbours and off Xghajara where the largest sewage
outfall is located. Elevated nutrient loading and more intense coastal use is also likely to have resulted
in more stressed beds off the southern coasts compared to off the northern coasts.
Besides, changes in Posidonia have been reported from a site in St. Paul’s Bay on the north-west coast
of Malta associated with fish farming. Plants directly below the cages were lost soon after operations
started. Those 10 m away from the perimeter of the cages retained their vitality but with reduced
shoot density and with heavy epiphytic growth on the leaves (Dimech et al. 2002). In the MaltaComino Channel part of a Posidonia bed has been lost from underneath and within a 30m wide band
around offshore fish cages that were operating between 1995-2000. This is likely to have been the
result of the combined effect of shading and enrichment of the sediment and water column by waste
from the farm. There were also lower shoot densities than reported for the same meadow prior to
initiation of the fishing arming activities, but also some indication of potential recovery following.
Comparative data on shoot density, shoot area and shoot biomass at 19 sites between 1999 and 2004
determined that the majority were in good condition (Debono & Borg 2006).
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Conclusions
Posidonia beds are known to have been much more widespread and abundant in the Mediterranean with
declines in extent and quality associated with human activity. These trends are well reported from the
second part of the 20th century onwards.
Posidonia beds are known to have been impacted by human activity. The main pressures identified are
mechanical damage, eutrophication, aquaculture, siltation, effects of coastal constructions, and food web
alterations. Indirect effects associated with human activity include negative effects of climate change and
this is considered likely to increase in the future. Removing threats is essential for recovery and whilst
transplantation may assist restoration of some Posidonia beds, this will be a slow process and success is
not guaranteed.
Historical data on the extent and abundance of this habitat around the Maltese islands is lacking. There
are also limited data from the recent past (50 years) apart from some information from the 1970s relating
to specific locations. Relevant records for assessment and trends are mostly from the 1990s onwards. A
comprehensive survey of this habitat around Malta was undertaken in 2002. Recent observations indicate
some regression and loss of habitat in the recent past although the scale cannot be quantified. The
Habitats Directive came into force in Malta in 2004.
Currently there are dense, healthy Posidonia meadows covering large areas of seabed off the Maltese
islands and extending to considerable depths, although there have been some losses. Where it is present
the habitat is mostly in favorable condition and covering large areas of suitable shallow seabed. It is
therefore likely that in this case FRV can be taken as equivalent to DV (‘directive value’).

Step 2.1 - FRA assessment (Malta)
In Malta several examples of decline in area and quality have been reported, but overall these impacts
are small. Dense, healthy Posidonia meadows cover large areas of seabed off the Maltese islands,
extending to considerable depths. Where it is present the habitat is mostly in favorable condition and
covering large areas of suitable shallow seabed. The FRV is taken as at least the value of the baseline
study in 2003 shortly after the Habitats Directive came into force, a figure which does not take
account of patchy and scattered areas of this habitat. Article 17 reporting for the period 2001-2006
gives the area of Posidonia beds in Malta as 168 km2. Reporting for the 2007-2012 gives a figure of
179 km2.

Conclusions
FRA = CV (179 km2).

Step 2.2 - FRR assessment (Malta)
All along the Mediterranean coast, except in the northern Adriatic, the seagrass Posidonia oceanica lies
between 0 and 35 m depth, with a mean sea floor occupation of 50% (Bethoux & Copin-Montegut
1986). Whilst the area of this habitat is considered to be decreasing at a Mediterranean scale it is
unclear if there has been any reduction in horizontal or depth range.
A 2002 baseline survey of this habitat around the Maltese islands revealed that it was widespread
across suitable areas (Geological Assistance & Services 2003). Posidonia beds were present along the
north-eastern to south-eastern coast of Malta with the densest meadows to the east of mainland
Malta. It is also widely present along the north-eastern coast and in two areas to the west of Gozo, in
the channels between Gozo and Comino, and between Comino and Malta. The only break in
occurrence on the eastern coasts are between the Valletta harbours and Xghajra. The habitat is much
less extensive on the western coasts, mainly between Mgarr ix-Xini on the southern coast of Gozo and
Fomm ir-RIh but with some meadows and patches in the smaller inlets (Borg et al. 2009). There is no
historical data on the range of Posidonia beds around the Maltese islands but its widespread current
distribution, including to considerable depth suggests there is unlikely to have been any significant
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reduction in range in recent years. The FRR is sufficient large to include the FRA, and therefore current
value is considered as the FRR9.

Conclusions
FRR = CV (1100 km2 based on the map included in the 2012-reporting).
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9

Terrestrial habitats

9.1

Arborescent matorral with Laurus nobilis (5230*) in
Italy

Emiliano Agrillo & Fabio Attorre
Step 1.1 - Ecology of the habitat
The habitat type 5230* refers to woodlands dominated by Laurus nobilis in the tree layer. It occurs in
gorges or ravines where the topography offers a sheltered environment for the species against
summer aridity and heat. Furthermore, the habitat is found in forests where the topography suits the
thermo-hygrophilous requirements of laurel (warmth loving but drought sensitive). The habitat does
not show a preference for substrate.
In Europe the Lauraceae family is represented by the the genus Laurus only. Traditionally, two species
are recognized in the literature: Laurus nobilis L., with glabrous twig leaves, and L. azorica (Seub.)
Franco with pubescent twig leaves (Arroyo-García et al., 2001). However, the idea of the existence of
only one species with considerable leaf plasticity is supported as well. Laurus nobilis is distributed
along the three Mediterranean peninsulas (Iberian, Italian and Balkan), in Turkey, Israel, along the
southern coast of the Black Sea and in the Atlantic coast of Portugal, Spain and France. Instead
L. azorica is found in the Macaronesian region and in Morocco.
The requirement for shaded environments and preference for warm and moist climates of Laurus
nobilis apparently haven’t been changed for the last 3 Myr. Laurus leaves can tolerate frost up to 10°C. Other physiological features such as low transpiration rate and a high capacity to recover from
water shortage prevent water stress. Vegetative reproduction plays a great role in L. nobilis
persistence, even in late successional stages where reproduction by seeds tends to become more
prominent. The high capability of resprouting of L. nobilis from the lignotuber favoured habitat
resilience to coppicing and fire events during the last centuries of human impact. Since pollen and
seeds are dispersed with a water content of more than 30% and remain viable for only a few days,
they are not well-adapted to long-distance disersal. Additionally, it is suggested that Laurus depends
on just a few (bird) species for seed dispersal, at least outside Macaronesia (with endemic pigeons
specialized on laurel species).
The vegetation with laurel can be very heterogeneous in floristic composition and structure.
Frequently, laurel occurs as scattered shrubs in different woodland or in the mantel. Rarely L. nobilis
can reach the tree layer or become dominant (as habitat type). Laurel often occurs as an element of
azonal hygrophilous riparian woods, but it is also found in evergreen forest with dominance of Quercus
ilex or in xerophytic rocky sites with Fraxinus ornus. Laurel participates also in sub-mediterranean
Q. pubescens s.l. forests . In ravines L. nobilis can occur with mesophitic species such as Fagus
sylvatica, Carpinus betulus or Quercus robur. This criterion allows it to be distinguished from 9340
“Quercus ilex and Q. rotundifolia forests”, where L. nobilis occurs as an associate species, or from
5310 “Laurus nobilis thickets”, where L. nobilis exhibits a shrub growth form. Nevertheless, others
tree species, from the surrounding communities, can occur in the canopy (e.g. Quercus ilex,
Q. pubescens, Q. petraea, Carpinus betulus or Ostrya carpinifolia). The understory is species-poor,
due to the dense canopy of the evergreen dominant species. The most frequent species are lianas
(e.g. Hedera helix, Smilax aspera, Rubia peregrine, Asparagus acutifolius) or evergreen shrubs (e.g.
Ruscus aculeatus, Viburnum tinus, Phillyrea latifolia). The herb species composition is exceptionally
poor, and often coming from nearest communities (e.g. Cyclamen repandum, C. hederifolium). In a
condition of high level of atmospheric humidity, such as in deep gorges, the presence of ferns could
confirm the good status of the habitat (e.g. Asplenium onopteris, Polystichum setiferum, Polypodium
cambricum). The variation of habitat species composition along its altitudinal range (0-800 m.a.s.l.)
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and geographical regions is due to the variation of the surrounding vegetation. Nevertheless, the most
frequent species associated with this habitat do not vary.
The most favourable structure for the habitat 5230* is a well-developed and dense canopy, which
permits the maintenance of a sheltered environment and the coexistence with few other evergreen
species in the understory, enriched by ferns occurring in gorges or ravines. Juveniles and seedlings of
these species, especially L. nobilis, have to be the most abundant in the rejuvenation layer. The
availability of decomposing dead wood in different decay stages increases habitat heterogeneity and
creates a variety of niches that sustain forest biodiversity.
Step 1.2 - Spatial scale of functioning
Within forest ecosystems, L. nobilis thickets are micro-forests with a punctual, or linear, scattered
distribution due to their particular abiotic requirements. Thus, habitat heterogeneity and dynamical
stages are determined mostly by surrounding ecosystems. Since the dominant tree is a latesuccessional feature, low dynamics characterizes the habitat.

Conclusions
The habitat type functions as meso-component level (category 2b) both in the CON and MED region.

Step 1.3 - Historical perspective: what happened to the habitat?
The markedly colder and drier climatic conditions of the Last Glacial Maximum must have caused the
extinction of laurel populations located north of the Mediterranean Basin. Only a few regions
functioned as main glacial refugia for the species from which it is currently spreading again: the
Macaronesian Islands, the Iberian Peninsula, North Africa, southern Italy, the Aegean region,
Transcaucasia and the Near East.
The particular ecological ‘micro-forest’ requirements of the habitat ensured its survival during the
historical forest decline between 1000 and 1850. This is particularly true for those communities
situated in remote sites, such as gorges and ravines. Stands of L. nobilis not protected by these
terrain features were subjected much more to anthropogenic pressures. The traditional land use of
forests such as wood pasture negatively affected the natural dynamics of the evergreen forest
including laurel stands. However, during the past decades, the increase of forest cover along the
Italian peninsula should favour the establishment of L. nobilis populations in new localities. Forestry
measures can negatively affect this habitat, especially if the continuous canopy cover is interrupted. In
central Italy the habitat cover area experienced a reduction of circa 10% due to forest management
activities.
Step 1.4 - Analysis of distribution and trends
The habitat 5230* in Italy is currently mainly distributed along the Tyrrhenian coast and islands, and
with scattered stands along the Adriatic coast. The current range has been estimated as 13,700 km2 in
biogeographical region MED and 300 km2 in CON (Figure 9.1.1).
The European Red List of Habitats reported for the G2.2 Mainland laurophyllous woodland an overall
increase of 30%, for 3 countries (Spain, France and Italy) over the last 50 years. The total area has
passed from of 139 to 180 km2 in this 50 year period. The biggest increase (+32%) has occurred in
Portugal, that hosts 72% of the surface of the habitat 10. The current and future trend is supposed to
be stable. Historical trends (from 1750) remain unknown.
For Italy, G2.2 is similar to habitat type 5230*. Historical data are fragmented and an overall estimate
is still missing for the distribution and trend of this habitat type. Based on expert opinion (see

10

https://forum.eionet.europa.eu/european-red-list-habitats/library/terrestrial-habitats/g.-forests/g2.2-mainlandlaurophyllous-woodland
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step 1.1, 1.2, 1.3 above) a negative trend in Italy due to forest exploitation and wood pasture for this
habitat type is reported but naturally recovering patches have been spreading in recent times.

Figure 9.1.1

Current distribution (in blue grids of 10x10 km squares) of the habitat type 5230* in

Italy as reported in 2013 (biogeographical regions: green ALP; white CON and red MED)

Conclusions
The area of habitat 5230* has declined in Italy by circa 10% in the last 50 years. This reduction is not due
to changes in ecological requirements but the result of human pressures, mainly forest exploitation and
wood-pasture. Although the absolute value of area loss is small with respect to the decrease of other
forest habitats, the relative values are influential in terms of area occupancy. During the last decades, the
recovery of forests in general has favoured the establishment of new patches of the habitat 5230* but its
extent cannot be estimated yet.

Step 2.1 - FRA assessment
The habitat 5230* is decreasing but apparently recolonizing its natural range, due to land use
changes. The area for Italy is 6.69 km2 and was reported in 2013 as inadequate in MED (6.54 km2)
and favourable in CON (0.15 km2). The potential area for the habitat, obtained by spatial modelling
(see Supplement) is 1,821 km2, only in MED. The distance to reference value is 1,814 km2.
Reported values are based on expert opinion and highly underestimate (potential) area, probably only
based on the contribution of the Natura2000 network (6.03 km2).

Conclusions
FRA >> 6.69 km2 (MED + CON).
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Step 2.2 - FRR assessment
The range reported in 2013 as 13,700 km2 in MED is considered Unfavourable - Inadequate (U1) and
300 km2 in CON as Favourable. As previously noted, based on the ecological characteristics and
variability of the habitat this value represents only 25% of the natural potential range.

Conclusions
FRR >> 14,000 km2 (MED + CON).
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Supplement: Modelling of the potential range
To estimate the potential of recovery of the natural range of habitat type 5230*, spatial modelling has
been carried out, through the following steps:
• Selection of habitat type plots (see Figure 9.1.2A). The vegetation plots with
characteristic/diagnostic species (i.e. by comparing the national and European habitat interpretation
manual) were selected in the available national georeferenced vegetation databases (e.g. BVNISPRA and VDP-SAPIENZA). A further selection was made taking into account the structure of the
habitat (relative cover of the diagnostic/characteristic species (e.g. equal or higher than 50% with
respect to other tree species cover).
• Spatial modelling. Spatial predictive modelling was performed by Maxent, to estimate the
geographic natural range of the habitat and the correlation with major environmental factors (e.g.
seasonality and annual mean temperature, seasonality and annual precipitation, terrain elevation,
slope and aspect).
• The preliminary result is a suitability map for the habitat 5230* across the Italian territory (i.e.
“wider potential range”). The lower suitability values were excluded by using a threshold value
provided by Maxent. Furthermore, territories occupied by patches of land that are not compatible
with the existence of a natural habitat (i.e. urban areas, intensive and extensive agricultural area
etc.) or patches not compatible with the habitat under examination (i.e. dunes, rivers etc.) were
excluded.
The final result is a “potential range” map of habitat 5230* (see Figure 9.1.2B) of 52,600 km2
(expressed as 10x10 km squares).

Figure 9.1.2

Modelling of the potential range of 5230* in Italy. A (left). Selected plots for habitat

5230* on the map of the biogeographical regions (ALP green, CON white, MED red). B (right).
Resulting potential range of habitat 5230* in black with current distribution outlined in blue
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9.2

Semi-natural dry grasslands and scrubland facies on
calcareous substrates (Festuco-Brometalia) (6210*)
in Italy

Emiliano Agrillo & Fabio Attorre
Step 1.1 - Ecology of the habitat
In Italy, the habitat type 6210* is represented by perennial grasslands dominated by hemicryptophytic grasses. These grasslands occur at low to medium altitudes. They are arid or semi-dry
grasslands, sometimes with a high richness in orchids. In the latter case they are considered as
priority habitat. The habitat is distributed mainly in the MED Region with 2/3 of of the total area; the
remaining area is equally distributed in the CON and ALP regions.
At present in Italy a formal list of typical species for this habitat is not available. Dominant species are
Bromus erectus and Brachypodium pinnatum. The species composition differs between the three
biogeographical regions and is highly differentiated within each region as well. In MED diagnostic
species are Brachypodium genuense, Dactylorhiza sambucina, Anthyllis vulneraria, Anacamptis
pyramidalis, Eryngium amethystinum, Festuca circumediterranea, Globularia meridionalis, Tragopogon
crocifolius, Sideritis italica, Hippocrepis comosa, Ophrys spp., Orchis spp. In CON, Achillea tenorii,
Allium spp., Asperula purpurea, Crepis lacera, Carex humilis, Centaurea ambigua, Erysimum
pseudorhaeticum, Helianthemum apenninum. In ALP, Brachypodium phoenicoides, Arabis hirsuta,
Bupleurum falcatum subsp. cernuum, Campanula glomerata, Centaurea nigra, Centaurea scabiosa,
Knautia purpurea, Koeleria pyramidata, Leontodon hispidus, Salvia pratensis, Scabiosa columbaria. In
the Apennines the habitat can be rich in endemic species, and sometimes also in chamaephytes (dwarf
shrubs). The habitat 6210* is important for butterflies, including Melanargia arge, Eriogaster catax,
Euplagia quadripunctaria, Euphydryas aurinia, and Zerynthia sp.
Step 1.2 - Spatial scale of functioning
The habitat type is partly a natural grassland (e.g. high in the mountains, where many endemics are
found), but mainly it consists of semi-natural grassland managed by mowing or grazing. Overgrazing
causes the invasion by ruderal and nitrophilous species resulting in degraded habitat. The habitat
shows a broad environmental range in the three biogeographical regions from arid to semi-mesophile
grasslands. Consequently, the species pool varies considerably with different sets of continental or
sub-mediterranean species. A great amount of papers have been produced to describe grassland
communities belonging to the habitat 6210* (shown in the “Prodrome of the Italian vegetation” and
addenda, where all the past revisions have converged, http://www.prodromo-vegetazione-italia.org/).

Conclusions
The habitat type functions at the meso-habitat level (category 2a).

Step 1.3 - Historical perspective: what happened to the habitat?
In Italy, these grasslands became more widespread during the glacial periods because of the more
continental climate, but now they are mainly of secondary origin being promoted by the past agropastoral use of the landscape, particularly in the Apennines. In the last decades, due to the
abandonment of traditional land use, they have suffered a significant reduction in area. Since this
habitat is strictly dependent on extensive grazing, usually with sheep, and/or annual mowing, the
abandonment started a succession to shrublands and woodlands. Moreover, grasslands on deep soils
have been used for more intensive farming, with fertilising and reseeding, which leads to the
disappearance of even more sites.
Abandonment and overgrazing are the main threats to this habitat. In particular during the second
half of the 19th century, land use in European rural areas changed considerably, and grasslands were
affected the most. The cessation of traditional management, due to both rural abandonment and
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agricultural intensification, resulted in the loss and fragmentation of habitats, which is considered one
of the main causes of the European decrease in biodiversity. The management practices that affect
biodiversity in grasslands are above all livestock grazing and mowing. The driving factors of these
practices are the intensity of the activities, their timing, their seasonality and local environmental
conditions. Another important but poorly-known factor is the kind and reuqired density of grazing
animals (e.g. sheep, goats, cattle, horses). In order to preserve and restore the habitat, the following
activities are suggested: annual mowing, clearing of smaller plantations on dry grasslands and
establishment or continuation of appropriate grazing regimes.

Figure 9.2.1

Current distribution (in blue grids of10x10 km squares) of the habitat type 6210* in

Italy as reported in 2013 (biogeographical regions: green ALP; white CON and red MED)

Step 1.4 - Analysis of distribution and trends
Habitat type 6210* in Italy is distributed all over the peninsula, in all three biogeographical regions,
but it is particularly spread in the Apennines. The actual total area reported in 2013 is 6406 km2
estimated based on partial data with some extrapolation and/or modelling (see Figure 9.2.1):
4015,25 km2 in MED Region, 1218,47 km2 in CON and 1173,21 km2 in ALP.
The Red List of European Habitats reports a short term negative trend of 40% in quantity of E1.2a
(Semi-dry perennial calcareous grassland) for EU2811. Data on recent changes (since 1980), from local
case studies (Northern and Central Apennine) reveal a 7 to 20% decrease; data on local historical
changes (1954) in the Northern Apennine indicate a 50% decrease. Habitat type 6210* as part of
E1.2a shares the decreasing trend in quantity and quality. Many Life projects have been implemented
in the last decades in order to restore the habitat across Europe12.
11

https://forum.eionet.europa.eu/european-red-list-habitats/library/terrestrial-habitats/e.-grasslands/e1.2a-semi-dryperennial-calcareous-grassland-1
12
see the European database of Life projects http://ec.europa.eu/environment/life/project/Projects/
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By definition (see step 1.1), in Italy the habitat 6210* mainly occurs on limestone, but it can also
colonize areas where other soils are intermixed with limestone. It represents one of the most
widespread habitats of Community Interest and the surface area in Italy corresponds to 43% of the
total European area for that habitat, even though it is in decline. In Italy the habitat shows a decline in
distribution and in structure and functions, due to changes in land use. A significant area has been
converted to woodlands by natural encroachment after agricultural abandonment in mountain areas.
About 15% of the habitat area was lost since the 1950s and more dramatic percentages are known
from local studies (see above).

Conclusions
In Italy the main threat to the grasslands of habitat 6210* is the abandonment of the traditional agropastoral activities, which in the last decades, in particular after the Second World War, resulted in a
decline of about 15% of the open landscape and a subsequent spread of the forests, especially in
mountain areas.

Step 2.1 - FRA assessment
The habitat 6210* is declining in area due to land use changes. In 2013 the area (6,406 km2), was
reported as inadequate with a decreasing trend in CON (1,218 km2) and ALP (1,173 km2), and a stable
area in MED (4,015 km2). The RefValue obtained by spatial modelling (see Supplement) is quite large,
with a total RV1 (the distance to reference value) of about 10,000 km2. Given the qualitative criteria
applied for estimation only an operator can be used for the FRA assessment.

Conclusions
Overall: FRA >> 6,406 km2.

Step 2.2 - FRR assessment
The current range is large enough to contain the required FRA and therefore it is considered as the
FRR. The range reported in 2013 is 226,300 km2 for the three biogeographical regions together
(124,500 MED, 60,900 CON, 40,900 ALP), with an evaluation of “short-term trend decreasing” in CON
and ALP and “stable” in MED. Total current values has an uncertainty between 147,800 and
226,300 km2 (see Supplement). Values derived from the model are: MED=77600 km2,
CON=42200 km2, ALP= 47900 km2. So in the ALP region the modelled distribution is comparable with
the reported value, while a great difference is reported for MED values. These differences can be due to
expert judgement upon which the reporting was based, in particular for the MED region.

Conclusions
Overall: FRR is current value.
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Supplement: Modelling of the potential range
To estimate the potential of recovery of the natural range of habitat type 6210*, spatial modelling has
been carried out, through the following steps:
• Selection of habitat type plots (see Figure 9.2.2A). The vegetation plots with
characteristic/diagnostic species (i.e. by comparing the national and European habitat interpretation
manual) were selected in the available national georeferenced vegetation databases (e.g. BVNISPRA and VDP-SAPIENZA). A further selection was made taking into account the structure of the
habitat (relative cover of the diagnostic/characteristic species (e.g. equal or higher than 50% with
respect to other tree species cover).
• Spatial modelling. Spatial predictive modelling was performed by Maxent, to estimate the geographic
natural range of the habitat and the correlation with major environmental factors (e.g. seasonality and
annual mean temperature, seasonality and annual precipitation, terrain elevation, slope and aspect).
• The preliminary result is a suitability map for the habitat 6210* across the Italian territory (i.e. “wider
potential range”). The lower suitability values were excluded by using a threshold value provided by
Maxent. Furthermore, territories occupied by patches of land that are not compatible with the
existence of a natural habitat (i.e. urban areas, intensive and extensive agricultural area etc.) or
patches not compatible with the habitat under examination (i.e. dunes, rivers etc.) were excluded.
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The final result is a “potential range” map of habitat 6210* (see Figure 9.2.2B) of 147,800 km2
(expressed as 10x10 km squares).

Figure 9.2.2

Modelling of the potential range of 6210* in Italy. A (left). Selected plots for habitat

5230* on the map of the biogeographical regions (ALP green, CON white, MED red). B (right).
Resulting potential range of habitat 6210* in black with current distribution outlined in blue
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9.3

Molinia meadows on calcareous, peaty or clayey-siltladen soils (Molinion caeruleae) (6410) in the
Netherlands

John Janssen & Rienk-Jan Bijlsma
Step 1.1 - Ecology of the habitat
Habitat type 6410 in the Netherlands consists of mesotrophic fen meadows (alliance Junco-Molinion,
mainly association Cirsio-Molinietum) characteristic of moist to wet and slightly acid to neutral sites
with a groundwater table at or sligtly above the soil surface during winter. These meadows are very
low productive due to a low nitrogen and phosphorous availability (Jansen 2000). Typical species
include the butterfly Boloria selene and several vascular plants species e.g. Carex hostiana,
C. pulicaris and Viola persicifolia.
Step 1.2 - Spatial scale of functioning
The habitat consists of semi-natural grassland with a relatively homogeneous vegetation structure.
Annual mowing (hay making) is needed for maintaining the structure and species composition and
preventing succession towards shrubland and forest. The habitat shows ecological variation in different
landscape types (Jansen 2000). It occurs in landscapes on sandy soils influenced by relatively baserich groundwater or by flooding with buffered surface water (on peaty soils). The habitat functions
optimally in gradients with other grassland types or dwarf shrubland, like Calthion hay meadows or
Alkaline fens (H7230) on the lower, wetter sides and Nardus grasslands (H6230) and heathlands on
the higher, drier side (H4030) or in more acidic, moist conditions (H4010). In such a landscape
configuration many of the characteristic species built up large populations over different types of
grasslands or habitats, while they can fluctuate between different habitats if some of the conditions
(like water table) change.

Conclusions
The habitat type functions at the meso-habitat level (category 2a).

Step 1.3 - Historical perspective: what happened to the habitat?
In the 19th century in the Netherlands the main plant community of the habitat (association CirsioMolinietum) covered several 1000’s of square km (Sissingh 1978). About 1920 some 100’s of km2
remained, but afterwards many of these sites have disappearde due to land reclamation, increased
fertiliser application and changes in water management. Based on the relative amount of relevés in a
country-wide grassland survey between 1940 and 1970 (De Vries et al. 1942, 1953; Kruijne et al.
1967) it is estimated that around WW II about 1690 ha of these grasslands remained (Weeda 2014).
The destruction of this habitat continued until about 1975 (Weeda et al. 2002). The area of the plant
community Cirsio-Molinietum at that moment was about 135 ha.
The total area of the habitat is larger, as the type is a somewhat broader defined, including some
Juncus acutiflorus communities. About these communities little historical information is available, but
it is likely that they covered much smaller areas than the Cirsio-Molinietum (Weeda 2014). At present
the total area of the habitat in the Netherlands is assessed to be 286 ha (Weeda 2014).
Nowadays, many H6410 sites are rather isolated and small, and the habitat is considered to occur
very fragmented (Figure 1). This is reflected in the fauna. Already in the middle of the 20th century the
species composition of the habitat had declined largely, especially in terms of entomofauna (Weeda
2014). This is illustrated by the extinction of four insect species in the Netherlands which live on
Succisa pratensis and were largely restricted to this habitat: Euphydryas aurinia, Hemaris tityus,
Andrena marginata en Nomada argentata. The first three were still rather widespread at the beginning
of the 20th century (Meerman 1987, Bos et al. 2006, Peeters et al. 2016). Another characteristic
species, the butterfly Boloria selene, is endangered in the Netherlands. For sustainable populations of
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characteristic fauna species large complexes of the habitat are needed. The characteristic plant
species Gymnadenia conopsea has (almost) disappeared from this habitat, while many others are
threatened (Carex pulicaris, Carex buxbaumii, Carex hostiana, Cirsium dissectum, Scutellaria minor,
Carum verticillatum, Viola persicifolia).

Figure 9.3.1

Distribution (1 km squares as black dots) and range (corresponding 10x10 km

squares in blue) of habitat type 6410 in the Netherlands (as reported in 2013)

Step 1.4 - Analysis of distribution and trends
The negative trend since 1920 (over 100 year) is more than 95% and since 1940 (75 year) more than
75%, so larger than 1% per year (Table 9.3.1). More recent trends are less relevant, as the habitat
was not functioning optimally anymore around 1950 (see above). The period before 1950 is choosen
as reference for a good functioning habitat, i.e. 1690 ha.

Table 9.3.1 Trends in area of habitat 6410 in the Netherlands

19th cent.
1920
1956
2010

Area H6410 (km2)
Cirsio-Molinietum Crepido-Juncetum
(oligotrophic part)
>>1000
?
>>100
?
1.35
1
1.35
1

Total
estimate
1500
200
2.4
2.4

The overall range has only slightly changed during the last century, and the habitat is still found in all
regions of its historical distribution except in western Noord-Brabant (Weeda 2014). On a more
detailed scale than 10x10 grids, more gaps in the range have occurred (Figure 9.3.1).
Because of the fragmented character of the habitat and the poor condition of many characteristic flora
and fauna species, there is a clear need of a larger area. Area increase should occur mainly in the
direct surrounding of existing sites, focussing on restoring large complexes of this kind of grasslands
that are suitable for the typical fauna.
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Conclusions
This semi-natural grassland type declined strongly in range and area with a corresponding loss in species
compisiton, especially envertebrates. The main causes are land reclamation, increased fertiliser
application and changes in water management.
In the recent past, between 1900 and 1950, range and area showed strong negative trends (>1% per
year).

Step 2.1 - FRA assessment
Little is known about functioning of the habitat in relation to its area. Therefore, we use historical data
for assessing the FRA and apply a reference-based approach. The strong decline in area relative to the
reference value 1690 ha requires a large part of the ‘lost area’ (1690 - 286 ha) to be restored, of
which 25-75% seems ecologically feasible.

Conclusions
FRA = 6.4-13 km2 (FRA >> CV) (Weeda 2014).

Step 2.2 - FRR assessment
Current range is 10,900 km2. The range needs to be increased to restore the historical ecological
variation, especially in the western part of the province Noord-Brabant, where the habitat has
disappeared. An increase of about 4 grid cells, including that region, is needed to meet the FRR. This
seems ecologically feasible.

Conclusions
FRR=11,300 km2 (FRR > CV) (Weeda 2014).
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9.4

Alkaline fens (7230) in the Netherlands

John Janssen
Step 1.1 - Ecology of the habitat
This fen habitat, dominated by small Cyperaceae and brown-mosses, occurs in base-rich seepage
areas, often in an altitudinal gradient in the landscape, but also in sandy depressions with seepage of
alkaline groundwater. For maintaining the structure and species composition and preventing
succession towards shrub and forest, yearly hay making is needed, as groundwater discharge in the
lowlands is usually relatively low (compared to montane regions).
The habitat is found in a range of different landscapes, which results in diversity in its species
composition and functioning. In the hilly regions of Limburg and Twente the habitat occurs in seepage
areas, in the eastern flank of the Veluwe glacial ridge and in broader river floodplains, the habitat is
found in depressions with discharge of water. In the floodplains such (usually sandy) sites remain after
the removal (or exploitation) of clay. In some eastern regions (Achterhoek, Twente) the habitat is
found in groundwater fed depressions in heathlands, while the habitat is historically known from a site
on Muschelkalk as well. One other site is the result of human activities: a site where calcareous water
discharges from a canal (similar conditions are known from a Flemish site).
The habitat has a relatively long list of characteristic vascular plants and (brown) mosses. Many of
these are threatened, and therefore on the national red lists. Some characteristic species are
restricted to certain regions: Carex dioica to the northeast of the Netherlands, Pinguicula vulgaris to
the east, Carex flava to the south.
Step 1.2 - Spatial scale of functioning
The habitat occurs on very specific, usually small spots, often in a gradient towards other fen habitats,
wet heath and/or grasslands. It may be dependent on large and deep groundwater bodies, or exist in
situations with smaller and more shallow groundwater systems. As long as the hydrological conditions
(regular discharge of unpolluted and – in most cases – base-rich groundwater) are not altered and a
suitable management is maintained, the habitat structure and function and site area remain rather
stable. For this reason, though the area of functioning is very small, the habitat is considered to
function at a meso-scale.

Conclusions
The habitat type functions at the meso-habitat level (category 2a).

Step 1.3 - Historical perspective: what happened to the habitat?
During the 20th century the habitat has disappeared from several regions in the Netherlands. In
South-Limburg, one of the regions with a historical concentration of sites, the number of sites declined
for about 90%. The habitat decline is illustrated by negative trends in (inland) distribution of most of
the typical vascular plant species (Figure 9.4.1), for instance Epipactis palustris, Dactylorhiza
incarnata, Parnassia palustris, Pinguicula vulgaris, Carex dioica, Eriophorum latifolium and Carex flava
(Hilgers 1972; Willems 1982; Van der Meijden & Holverda 2007; Weeda 2008). Their decline ranges
from 88 to 97% of the historical occurrences (Van der Meijden et al. 2000). At least one characteristic
species got extinct (Spiranthes aestivalis). Also some of the characteristic moss species have become
very rare.
In the remaining sites the area of the habitat usually is very small, ranging from several ares to about
3 ha maximum. Because of the flat character of the landscape in the Dutch lowlands (Jansen 2000), it
is likely that historical occurrences usually covered relatively small areas as well. Because of this
typical small size of the habitat, we use distribution of the habitat as a measure for decline in and
restoration of quantity, rather than area. Preferably we use data on a fine spatial scale, like
distribution in 1x1 km-grids.
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Figure 9.4.1

Distribution of Parnassia palustris before and after 1990 in 5x5 km-grids. Inland

occurrences in most cases indicate the presence of habitat 7230. The changes in inland species
distribution illustrates that the habitat has strongly declined. The – more stable – coastal occurrences
of the species indicate the presence of habitat type 2190 (dune slacks)

Step 1.4 - Analysis of distribution and trends
The reference year is defined as the period 1930-1950. Around 1930 started the huge “agricultural
improvements” in the Pleistocene sand landscapes of the Netherlands, though in some regions these
land use changes started only in the early 1960s. Using the distribution of typical plant species as an
indicator, the historical area in the period 1930-1950 is estimated to be at least 10 times the present
value. The decline in distribution grids is more than 90% over the last 80 years, more than 1% per
year. In the period 2003-2012 the habitat was reported from 21 grids of 10x10 km2. Most of these
relatively large grids relate only to one site. The total area was estimated to be only 0.11 km2.
Successful restoration of the habitat is possible, as was shown by several projects in cover sand areas
(Weeda et al. 2006) and along the rivers (Kerkhof 2016), as long as the hydrological conditions are
suitable (alkaline seepage). Several characteristic species returned in restored or enlarged sites, both
from the seed bank or from neighboring areas, even in cases where the hydrological systems are
relatively small (Jansen 2000).

Conclusions
A large increase of FRA and FRV is required to reach a situation in which the habitat forms a sustainable
network in which the characteristic plant species can live. Restoration of the habitat is feasible and well
possible, as was shown in several projects.

Step 2.1 - FRA assessment
Because of the fragmented character of the habitat and the poor condition of most of its characteristic
flora species, there is a clear need of a larger distribution and area for good functioning. As the decline
has been extremely large, and most of the characteristic species have become threatened, a relatively
large increase in area (and distribution) is required, to establish a network of sites in which the habitat
can function sustainably. Following the assessment of Weeda (2014), we set the FRA at a value of
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present distribution plus 75-100% of the declined distribution. Using distribution as a proxy of
favourable area, this means an increase of 15 to 21 sites. In terms of area it means an increase
towards 0.19-0.22 km2, but this should be realized over a network of sites.

Conclusions
FRA = 36-42 sites in 1x1 km-grids, or 0.19-0.22 km2 realized over an extensive network of sites.

Step 2.2 - FRR assessment
It is likely that an increase of range (in terms of 10x10 km2-grids) is required to realize the increase of
area and distribution. It is roughly estimates that a range increase of 30% is needed to reach the
favourable status. The increase should be spread more-or-less evenly over the whole range of the
habitat.

Conclusions
FRR = 2700 km2.
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9.5

Atlantic acidophilous beech forests with Ilex and
sometimes also Taxus in the shrublayer (Quercinion
robori-petraeae or Ilici-Fagenion) (9120) in the
Netherlands

Rienk-Jan Bijlsma & John Janssen
Step 1.1 - Ecology of the habitat
In the Netherlands habitat type 9120 is defined as being restricted to ‘old forest sites’ on dry, acidic
soils, but slightly more base-rich (often loamy sands or loams) than the related habitat 9190 on very
nutrient poor, sandy soils. ‘Old forest sites’ refer to native woodland dating from 1850 or older
including adjacent more than 100 year old stands (Bijlsma et al. 2010).
The habitat is broadly defined in terms of dominant tree species, which besides beech (Fagus
sylvatica) includes oak (Quercus robur, Q. petraea), birch (Betula pendula, B. pubescens) or sycamore
(Acer pseudoplatanus). Beech is the most shade-tolerant and competitive species, spreading
commonly in adjacent heathland and drift sand afforestations. The herb layer typically consists of
bracken (Pteridium), brambles (Rubus), honeysuckle (Lonicera periclymenum), blue berry (Vaccinium
myrtillus) and other acidophytic species. Holly (Ilex) is not considerd diagnostic because all forest
types in the region are invaded now by this species (often as garden escape) which benefits from
climate warming as well (Walther et al., 2005). Typical species are the lichen Lecanactis abietina,
confined to ancient beech woodland, the vascular plants Convallaria majalis, Maianthemum bifolium,
Oxalis acetosella and Polygonatum multiflorum, and the fauna species slow worm (Anguis fragilis),
nuthatch (Sitta europaea) and black woodpecker (Dryocopus martius).
Step 1.2 - Spatial scale of functioning
This forest type, like other temperate (semi-natural) ancient deciduous woodlands in western Europe,
can show gap scale dynamics (~25 yr cycle), stand scale dynamics (~200 yr cycle) as well as longterm succession (millenium scale) (see e.g. Hahn et al., 2007). It comprises developmental and
successional stages such as gaps, rejuvenating sites with light-demanding species, old-growth with
coarse woody debris and glades, edge habitats and gradients to grasslands and heathlands. This
heterogeneity and dynamics is important for characteristic species and can only occur and develop in
more or less continuous areas of woodland habitat from 10s to 100s of ha.

Conclusions
The habitat type functions at the macro-habitat level (category 1a).

Step 1.3 - Historical perspective: what happened to the habitat?
The rate of decline of forest cover in the Netherlands is quite probably similar as found for Denmark
and the UK (Kaplan et al. 2009): from a low 20% about 1200 AD to even lower than 10% in the 18th
century followed by slow recovery afterwards (to current 11%) due to heathland and drift sand
afforestations, mostly with Scots pine, Douglas fir and larch. In the early 19th century woodlands on
sandy and loamy soils, typical for 9120, occurred as islands, often near settlements, in vast areas of
heathland. Most of these forests were oak-coppice used for firewood and more importantly for leather
tanning (oak bark). Beech was intentionally suppressed in these coppices but remained present in
scattered remnants of high forests on the better soils. Holly almost disappeared from coppiced
woodlands in these open landscapes (during the so-called Little Ice Age) due to its low frost tolerance
(Pott 1990).
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Figure 9.5.1

Distribution (1 km squares as black dots) and range (corresponding 10x10 km

squares) of habitat type 9120 in the Netherlands (as reported in 2013). The potential range is more or
less confined to the physical-geographic region ‘higher sandy soils’ (pale brown)

Between 1900 and 1940 oak coppice was mostly abandoned as management practice because of the
availability of chemical alternatives for leather tanning and the replacement of firewood by fossil fuels.
Coppices were transformed into high forest or converted to more productive coniferous (plantation)
forest. At the sime time, large scale heathland afforestatons took place and continued to about 1960.
Until then almost all forest was more or less intensively used. In the early 1980s, after much debate,
nature-based principles for forest management were introduced. Since then natural (spontaneous)
forest development and dynamics, dead wood and natural rejuvenation became accepted as part of
more nature-based forest management. A network of 60 forest reserves was established in all
potential natural forest types across the country.
By definition (see step 1.1), habitat 9120 in the Netherlands is more or less rectricted to the physical
geographic region Higher sandy soils (~16350 km2, about 50% of the land area; Figure 1) and within
this region to well-drained soils in loamy sand or loam (~5400 km2). The actual area has been
estimated as 123 km2 with 6750 ha within the Natura 2000 network. About 90% of this area is found
in just one site, the Veluwe, in the centre of the country (Bijlsma 2014; and see Figure 9.5.1).
Step 1.4 - Analysis of distribution and trends
The historical perspective (step 1.3) implies a strong negative trend for area in the historical past
(Middle Ages) and a corresponding drop in structure & function. Although the natural range is probably
still rather intact, distribution and area within this range are highly fragmented with more or less
continuous occurrences (at 1 km square-level) only in the central Veluwe-area (Figure 9.5.1).
As a consequence of the Dutch definition of 9120 (restricted to native, deciduous woodland older than
1850 and adjacent stands older than 100 yr), strong trends in area and range can not be expected to
have occurred in the recent past. However, the habitat is recovering naturally due to aging of stands
adjacent to qualifying habitat and to expanding beech. Nowadays, beech succesfully colonizes even
drift sand afforestations. At the same time, holly spreads into almost any forest type (mostly from
gardens, cemetries etc.), facilitated by climate warming. Strong postive trends do occur with respect
to structure. After the abandonment of coppice as forestry measure (see above), beech is expanding
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rapidly by natural rejuvenation (initially from lane and road side plantings) at the expense of oak
which shows hardly any natural regeneration in closed woodland. As a result of these trends, most
(former coppice) stands become denser, darker and with a reduced contribution of oak and herb layer
cover. Coarse dead wood, both standing and lying, increases steadily (Schelhaas et al. 2014).
Associated species such as woodpeckers, nuthatch, dead wood fungi and bryophytes show positive
trends according to national red lists (and see Boele et al. 2016). The absence of particular
characteristic species (mainly invertebrates, fungi and bryophytes) is mainly caused by poor habitat
quality and dispersal constraints rather than by insufficient area.

Conclusions
In the historical past, the area of habitat type 9120 had already been diminished to a large extent due to
deforestation. After the Middle Ages, scattered woodland remnants have been used mostly as oak coppice
or degraded further to heathland. In the recent past, coppicing was abandoned and ancient woodland was
converted to high forest or replaced by productive coniferous forest. After about 1980 a more naturebased forst management became accepted at the benefit of native deciduous tree species.
A strong negative trend in area is associated with changes in land use going back to the Middle Ages. In
the recent past, the habitat shows natural recovering of some area and certainly of structure & function.
The natural range appears rather intact but the current distribution within this range is highly fragmented.
Apparently, the habitat is recovering naturally after a deep low.

Step 2.1 - FRA assessment
The previous conclusion requires a FRA assessment according to step 3.1 of the step-wise approach
(Natural recovering habitat) for which a reference-based method is inapproriate. Instead, an areabased method is applied. In order to allow the development and persistence of high quality habitat at
the scale of stand dynamics on a long-term basis (considering its functioning at the macro-habitat
level; see 1.2), more or less continous areas of habitat are needed of at least 125-200 ha, based on a
MSA of a 25-40 ha for native beach-oak forest (Koop & Van der Werf 1995) and a fivefold upscaling to
allow for large-scale disturbances. This requirement is only (though hardly) met in a few forest
complexes within the Veluwe Natura 2000-site (in the centre of the country) such as the
Speulderbos/Sprielderbos and Kroondomein (Bijlsma 2014). In order to account for geographical
(edaphic and climatological) variation of the habitat across the country, as well as risk spreading, at
least two other sites must have continuous areas of habitat about 125-200 ha. This is ecologically
feasible only in sites with a substantial area of qualifying ‘ancient woodland’ (see definition above) and
this only occurs in the ‘push moraine-landscapes’ (as distinct from ‘cover sand-landscapes’) within the
physical geographic region Higher sandy soils, in particular in the Natura 2000-sites ‘Landgoederen
Oldenzaal’ (near eastern border with Germany/Lower Saxony) and ‘Sint Jansberg’ (part of the large
ancient woodland Nederrijkswald continued in Germany/Westphalia as ‘Reichswald’), currently with
113 and 84 ha of 9120 habitat respectively (Janssen et al. 2014). Therefore, an additional area of
about 150 ha of habitat is needed. Because this extra area contributes only to the FRA when it is
developed in specific sites, we don’t assess the FRA as current value + extra area but use an operator.

Conclusions
FRA > CV (requiring about 150 ha extra in specific sites).

Step 2.2 - FRR assessment
Since remnants of qualifying old woodland still occur throughout the physical geographic region Higher
sandy soils, i.e. the potential range, the current range of 9120 is sufficiently large.

Conclusions
FRR=15,600 km2 (Bijlsma 2014).
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9.6

Quercus suber forests (9330) in Italy

Emiliano Agrillo & Fabio Attorre
Step 1.1 - Ecology of the habitat
On the Italian territory, habitat 9330 occurs mainly along the Tyrrhenian coast, on the major islands
and in a restricted part of the Adriatic coast (Apulia). The distribution is limited to the coastal belt and,
in some cases, reaches also the hills of subcoastal zones, on acidophilous sandy soils, with sufficient
moisture content to compensate for the summer drought typical of the thermo-Mediterranean climate.
The habitat is characterized by evergreen woods, in which Quercus suber (cork oak) is the dominant
species. Cork oak is an evergreen broadleaved tree, slow-growing and long-lived (200 years or more).
It usually grows up to 20 m in height, but can reach 25 m and a diameter of 1.5 m. It is a
monoecious, wind-pollinated species. The flowers appear from spring onwards throughout the
summer, and can give rise to both annual and biennial acorns. Acorns are 2-3 cm in length in a fairly
deep cup with elongated scales. The bark is thick and fissured and the underlying trunk has a rich red
colour. Cork oak needs an average temperature of around 15 °C to thrive and cannot tolerate
temperatures below -10 °C, which determines its northern and altitudinal range: most cork oak forests
are found below 800 m altitude. It prefers sandy and lightly structured soils. It has a number of
adaptations for growing in a warm and dry climate: it has an extensive and deep root system allowing
it to cope well with drought, and it can also close the stomata on its leaves to restrict water loss.
However, it can also grow in areas of high rainfall (for example in north-west Portugal with average
annual rainfall of 2400 mm). Cork oak is well adapted to cope with fire, an ever-present hazard in
Mediterranean regions, as its thick bark protects the tree which is capable to re-sprout from the stem
after fire damage - the only European tree species with this capability.
In the 9330 habitat, cork oak is often codominant with other evergreen oaks (e.g. Quercus ilex ilex);
locally, other deciduous species (Quercus pubescens s.l., Quercus cerris, Quercus frainetto, Fraxinus
ornus) contribute to the tree layer. The undergrowth is mainly composed of Mediterranean maquis
species. Rubia peregrina, Smilax aspera, Erica arborea, Arbutus unedo, Rubus ulmifolius are the most
frequent species of the shrub layer, and Ruscus aculeatus, Rosa sempervirens, Brachypodium
sylvaticum and Cyclamen repandum in the herb layer.
The structure of undisturbed woods can show a continuous tree layer. If disturbances are too
intensive, the habitat can degrade into a savanna-like community, with an open tree layer and an
increase of heliophile species and pyrophytes (e.g. Ampelodesmos mauritanicus, Cistus salviifolius).
Regarding its ecological functioning, the habitat 9330 is especially used by fauna restricted to the
termophilous vegetation belt along the Italian coast, such as xylophagous beetles (e.g. Carabus
famini, Cerambix velutinus, Cerambyx welensii, C. cerdo e C. miles) and Lepidoptera (e.g. Limenitis
reducta, Zerynthia polyxena, Lasiocampa quercus, Gastropacha quercifolia).
Step 1.2 - Spatial scale of functioning
These woody communities have always been subjected to exploitation and other human influences.
E.g. fire can induce the degradation of the cork oak wood into savannah-like stands, maquis or
garrigue communities in a relative short time (decades).
Quercus suber is more hygrophilous than other evergreen oaks. Since climate changes toward drier
conditions and cork exploitation declines, this favours succession to Quercus ilex dominated or codominated woods.

Conclusions
The habitat type functions at the meso-habitat level (category 2a).
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Step 1.3 - Historical perspective: what happened to the habitat?
The distribution of the habitat (Figure 9.6.1) is determined by the historical natural and human
influenced distribution of Qurecus suber. In the historical past, habitat type 9330 was more
widespread than nowadays. The current extent of cork-oak woodlands is the remnant part of the
ancient and native Mediterranean forests.

Figure 9.6.1

Current distribution (in blue grids of10x10 km squares) of habitat 9330 in Italy as

reported in 2013 (biogeographical regions: green ALP; white CON and red MED)

Palynological analyses show that Q. suber pollen reached maximum values during the early and
middle Holocene. A Late Glacial expansion of Q. suber can be seen in pollen diagrams from Morocco.
On the other hand, economic activities in the late Holocene could have maintained and even increased
the range of the species in particular areas such as the western Iberian Peninsula and Italian
territories. On Corsica Q. suber and Q. ilex often replace deciduous oak forests after the first evidence
of human activities. In north-west Tunisia, an anthropogenically induced succession can be
demonstrated towards Q. suber and Pinus pinaster and its fire-derived understorey with Phillyrea. The
antiquity of human influence ensures that there are no pristine cork oak forests in the Iberian
Peninsula and elsewhere. In the absence of human intervention, Q. suber would be a subordinate
component, sharing the arboreal stratum with other sclerophyllous and deciduous Quercus and Pinus
pinaster. Most dense monospecific forests of cork oak must be a result of human management.
The cork-oak communities have been exploited by humans, that managed them as savanna-like
woodlands (30-60 trees per hectar) and created open woodlands for the agro-silvo-pastoralism
activities including the harvesting of the cork bark and of acorns for feeding pigs. This kind of
exploitation, through clearance and regrowth, as well as the natural disturbance of fires, affected both
the structure and the species composition of these woodlands and favoured their expansion. The
abandonment of these activities likely turn the Quercus suber woodlands into Quercus ilex dominated
woods. In some sites (for example, Apulia) there has been a remarkable decline in cork oak woods
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since 1950, due to their conversion into farmlands. In summary, the absence of disturbance factors,
such as fire and human management (cork harvesting) could reduce the presence of Quercus suber
woodlands.
The European Red List of Habitats reported that in Europe the area of the habitat G2.1 Mediterranean
evergreen Quercus woodland is stable or increasing13. Nevertheless it also suggests that the subtype
of Quercus suber dominated woodlands should be taken into account for conservation, because it
appears to be declining in part of the range (Italy). In fact in Italy, even in the absence of quantitative
historical data, a decrease in the total distribution area of circa 5% has been observed by the
territorial experts. While in agricultural landscapes the area of Q. suber woodland is increasing, the
natural forests with cork oak are decreasing.
Step 1.4 - Analysis of distribution and trends
Historical data are fragmented and estimates of historical areas and trends are still missing. Negative
trends at the biogeographical level can be inferred from distribution data of Quercus suber as
mentioned in the previous sections. There is no signal for natural recovering of the habitat type. The
economic value (cork bark, acorns) of Quercus suber and the selective influence of some factors (such
as fire) favoured its spread. The gradual abandonment of agro-silvo pastoral practices and climatic
and other land-use changes are limiting the distribution of Quercus suber and reducing the extent of
the habitat type 9330.

Conclusions
The area of habitat 9330 was reduced in Italy by circa 5% in the last 50 years. This decline is not due to
changes in ecological requirements but to climatic and land-use changes, especially the gradual
abandonment of traditional agro-silvo pastoral practices. There is no signal for natural ongoing recovery.

Step 2.1 - FRA assessement
The habitat 9330 was reduced by ca 5% and is still in decline (see 1.4). In 2013 the surface area of
2,385 km2 was reported as inadequate with a decreasing trend in MED. The RefValue obtained by
spatial modelling (see Supplement) is somewhat larger but has the same order of magnitude, so RV1
(the distance to reference value) is small.

Conclusions
FRA > 2,385 km2.

Step 2.2 - FRR assessement
The FRR reported in 2013 is 41,800 km2, completely included in the MED region, with a decreasing
short-term trend. Given the qualitative criteria applied for estimation only an operator can be used for
the FRR assessement.

Conclusions
FRR > 41,800 km2.

13

https://forum.eionet.europa.eu/european-red-list-habitats/library/terrestrial-habitats/g.-forests/g2.1-mediterraneanevergreen-quercus-woodland
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Supplement: Modelling of the potential range
To estimate the potential of recovery of the natural range of habitat type 9330, spatial modelling has
been carried out, through the following steps:
• Selection of habitat type plots (see Figure 9.6.2A). The vegetation plots with
characteristic/diagnostic species (i.e. by comparing the national and European habitat interpretation
manual) were selected in the available national georeferenced vegetation databases (e.g. BVNISPRA and VDP-SAPIENZA). A further selection was made taking into account the structure of the
habitat (relative cover of the diagnostic/characteristic species (e.g. equal or higher than 50% with
respect to other tree species cover).
• Spatial modelling. Spatial predictive modelling was performed by Maxent, to estimate the
geographic natural range of the habitat and the correlation with major environmental factors (e.g.
seasonality and annual mean temperature, seasonality and annual precipitation, terrain elevation,
slope and aspect).
• The preliminary result is a suitability map for the habitat 9330 across the Italian territory (i.e. “wider
potential range”). The lower suitability values were excluded by using a threshold value provided by
Maxent. Furthermore, territories occupied by patches of land that are not compatible with the
existence of a natural habitat (i.e. urban areas, intensive and extensive agricultural area etc.) or
patches not compatible with the habitat under examination (i.e. dunes, rivers etc.) were excluded.
The final result is a “potential range” map of habitat 9330 (see Figure 9.6.2B) of 57,200 km2
(expressed as 10x10 km squares).

Figure 9.6.2

Modelling of the potential range of 9330 in Italy. A (left). Selected plots for habitat

9330 on the map of the biogeographical regions (ALP green, CON white, MED red). B (right). Resulting
potential range of habitat 9330 in black with current distribution outlined in blue
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9.7

Alpine Larix decidua and/or Pinus cembra forests
(9420) in Italy

Emiliano Agrillo & Fabio Attorre
Step 1.1 - Ecology of the habitat
In Italy habitat 9420 includes subalpine or sometimes alpine forests with prevalence of Larix decidua
and/or Pinus cembra, constituting pure or mixed formations, sometimes associated with Picea abies or
Pinus uncinata. In the upper montane belt (1400-1800 m) in some slopes a combination of Pinus
sylvestris, P. cembra, P. mugo, Picea abies and Larix decidua can be found. A subalpine Larix deciduaPinus cembra belt (m 1800-2000) is also present. Here Picea abies is absent or rare, while Abies alba
is well represented in the Rhododendron ferrugineum undergrowth, with or without Alnus viridis. In
the Lombard south-alpine sector (Alpi Orobie and Adamello group), Pinus cembra formations are often
found on grasslands of Festuca scabriculmis associated with a shrub layer with Juniperus nana. In
these situations, Picea excelsa is often present.
By definition these forests are highly heterogeneous in composition, including Larix decidua or Pinus
cembra dominated woods and mixed woods with different types of understory. A high anthropogenic
or natural disturbance tends to favour Larix decidua, while a low disturbance, especially in continental
conditions, is more favourable to Pinus cembra. Moreover, Pinus cembra in some districts of the Alps
is intentionally eliminated as poorly suited for pasture. Grazing activities in particular have a large
influence on distribution and composition of the habitat: extensive grazing maintains Larix decidua. In
order to favour Pinus cembra (where continental conditions allow it) it is best to avoid extensive
pasture.
Typical species are Larix decidua and Pinus cembra. Two subtypes can be distinguished: one on
silicate substrates, with Picea abies, spread from the western to the oriental Alps, mainly in the inner
chains, with a relatively poor flora: Vaccinium myrtillus, Rhododendron ferrugineum, Calamagrostis
villosa, Luzula albida. The other one includes subalpine formations on carbonate substrates, also
mixed with Picea abies, in the central and eastern Alps, but with a rich undergrowth: Erica herbacea,
Polygala chamaebuxus, Rhododendron hirsutum, Pinus mugo. Bryophytes and lichens, growing on
trees, but also on other substrates (rocks, dead wood, tree trunks), are of great importance for the
biodiversity of this habitat. The habitat type 9420 is relevant for a fauna restricted to alpine
conditions, such as the resident grouse species western capercaillie (Tetrao urogallus), black grouse
(Lyrurus tetrix) and rock ptarmigan (Lagopus mutus), as well as xylophagous beetles (e.g.
Stephanopachys substriatus).
Step 1.2 - Spatial scale of functioning
This forest habitat is characterized by dynamic changes in structure, composition and dominant tree
species. The occurrence of Pinus cembra indicates situations closer to natural conditions; grazing and
human activities, apart from natural phenomena such as snow and debris erosion, increase the
competitiveness of Larix decidua, which can form stable communities especially in the eastern Alps.
Larix decidua and Pinus cembra can colonize rocky slopes as well as debris and massive stabilized
boulders. The minimum area for functioning ranges from several to 10s of hectares, dependent on
specific locations that are part of an abiotic mosaic at a larger scale.

Conclusions
The habitat type functions at the meso-habitat level (category 2a).

Step 1.3 - Historical perspective: what happened to the habitat?
This forest habitat is characterized by dynamic changes in structure, composition and dominating
trees, where Larix grows in mixture with Picea, in isolated pure stands, or as solitary trees on
meadows at 1000–2000 m elevation. No quantitative data on historical range and area are known.
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Nevertheless, this complexity in structure could favour the overall conservation of the habitat type.
Whereas pure stands of Larix are favoured by intensive grazing, mixed or Pinus cembra dominated
woods are favoured by abandonment, this could mean that changes in traditional use (abandonment/
intensive grazing) do not affect significantly the area in the long term. Overall, even though no exact
data is available, the habitat used to be more widespread in the historical past and is slowly increasing
during the last decades.

Figure 9.7.1

Current distribution (in blue grids of 10x10 km squares) of the habitat type 9420 in

Italy as reported in 2013 (biogeographical regions: green ALP; white CON and red MED)

Step 1.4 - Analysis of distribution and trends
There is a positive trend in area due to natural recovering of this habitat type (see step 1.3). Since
none of the characteristic species or structures are in bad condition, there is no indication that the
habitat is not viable in the long term regarding its function & structure.

Conclusions
Changes in land use apparently lead to its natural recovering during the past decades after a historical
decline. The abandonment of pastures and meadows is favouring the recolonization of vast areas, mainly
by Larix decidua. The range is likely to be already stable over several decades.

Step 2.1 - FRA assessment
The current value is considered as FRA, because of the increase over the last decades and the absence
of indicators of non-viable functioning or structure. For this the only available quantitative estimate is
chosen, from the 2013-report, based on partial data (regional maps) with some extrapolation.
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Conclusions
FRA can be considered equal to the area reported in 2013: FRA = 3,108 km2.

Step 2.2 - FRR assessment
The current range (Figure 9.7.1) is large enough to contain the current FRA and therefore is
considered as the FRR. Enlargement of the range seems possible (see Supplement) but is not required
for a viable structure and function.

Conclusions
FRR= 44,100 km2.
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Supplement: Modelling of the potential range
To estimate the potential of recovery of the natural range of habitat type 9420, spatial modelling has
been carried out, through the following steps:
• Selection of habitat type plots (see Figure 9.7.2A). The vegetation plots with
characteristic/diagnostic species (i.e. by comparing the national and European habitat interpretation
manual) were selected in the available national georeferenced vegetation databases (e.g. BVNISPRA and VDP-SAPIENZA). A further selection was made taking into account the structure of the
habitat (relative cover of the diagnostic/characteristic species (e.g. equal or higher than 50% with
respect to other tree species cover).
• Spatial modelling. Spatial predictive modelling was performed by Maxent, to estimate the
geographic natural range of the habitat and the correlation with major environmental factors (e.g.
seasonality and annual mean temperature, seasonality and annual precipitation, terrain elevation,
slope and aspect).
• The preliminary result is a suitability map for the habitat 9420 across the Italian territory (i.e. “wider
potential range”). The lower suitability values were excluded by using a threshold value provided by
Maxent. Furthermore, territories occupied by patches of land that are not compatible with the
existence of a natural habitat (i.e. urban areas, intensive and extensive agricultural area etc.) or
patches not compatible with the habitat under examination (i.e. dunes, rivers etc.) were excluded.
The final result is a “potential range” map of habitat 9420 (see Figure 9.7.2B. 2b) of 48,000 km2
(expressed as 10x10 km squares). This potential natural range is circa 10% larger than the current
range according to the 2013 report (44,100 km2).

Figure 9.7.2

Modelling of the potential range of 9420 in Italy. A (left). Selected plots for habitat

9420 on the map of the biogeographical regions (ALP green, CON white, MED red). B (right). Resulting
potential range of habitat 9420 in black with current distribution outlined in blue
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